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Preparation of this document

This publication represents the proceedings originated from the Food and Agriculture
Organization of the United Nations/World Fisheries Trust Expert Workshop
Comparative Assessment of the Environmental Costs of Aquaculture and Other Food
Production Sectors: Methods for Meaningful Comparisons convened in Vancouver,
Canada, from 24 to 28 April 2006. Nineteen experts in the fields of environmental
economics, energy accounting, material and environmental flows analysis, aquaculture,
agriculture and international development contributed scientific discussions and papers
on various aspects of environmental costs of aquaculture and agriculture.
The workshop was jointly organized by the Aquaculture Management and
Conservation Service of the FAO Fisheries and Aquaculture Department and the World
Fisheries Trust; the Vancouver Aquarium provided the venue. The proceedings were
compiled and technically edited by Devin M. Bartley, Cécile Brugère, Pierre Gerber,
Doris Soto and Brian Harvey, with the assistance of the participants.
We acknowledge Mrs Pilar Gonzalez and Mrs Annarita Colagrossi for their
assistance in word processing and editing, Ms Tina Farmer, Ms Francoise Schatto for
their assistance in quality control and FAO house style, Mr Jose Luis Castilla Civit for
layout design and Doris Soto for page cover design.
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Abstract

The global food production sector is growing. In many areas farming systems are
intensifying. This rapid growth has in some cases caused environmental damage.
In acknowledgement of the potential for adverse environmental impacts from food
production, the first session of the FAO Committee on Fisheries’ Sub-Committee on
Aquaculture recommended “undertaking comparative analyses on the environmental
cost of aquatic food production in relation to other terrestrial food production sectors”.
These proceedings include review papers describing methods for such comparisons
as well as the deliberations of their authors, a group of international experts on
environmental economics, energy accounting, material and environmental flows
analysis, aquaculture, agriculture and international development discussed during the
FAO/WFT Expert Workshop on Comparative Assessment of the Environmental Costs
of Aquaculture and Other Food Production Sectors, held in Vancouver, Canada, from
24 to 28 April 2006.
Problems in making valid comparisons arise from the differences between the aquatic
and terrestrial environments and the tremendous diversity of farming systems used in
both. The values of environmental goods and services that may be impacted by farming
need to be determined and included in comparisons. The way farms are managed will have
a strong influence on environmental impacts and costs; a well-managed farm will have
much less environmental impact and cost than a badly managed one producing the same
commodity. Comparisons can be useful for addressing local development and zoning
concerns, global issues of sustainability and trade and consumer preferences for inexpensive
food produced in an environmentally sustainable manner. In order to be useful, however,
methods to assess environmental costs should be scientifically based, comparable across
different sectors, expandable to different scales, inclusive of externalities, practical to
implement and easily understood by managers and policy-makers.
Environmental impacts can lead to environmental costs that can be incorporated into
the analysis of the financial benefits or losses of the activity to which they are related.
Environmental economists classify such costs as follows:
• private costs (cost of the damage to the activity itself, e.g. damage to production
factors);
• external costs (primarily to the environment) including the cost of abatement and
residual damages after control measures are in place;
• user costs (where future uses are compromised); and
• rehabilitation costs.
Methods for comparing the environmental cost of aquatic and terrestrial food
production systems include cost-benefit analysis, material and energy flows analysis,
human appropriation of net primary productivity, life cycle analysis, ecological footprint
analysis, risk analysis and environmental impact assessment. Comparative analysis
requires normalization of the unit of assessment and the scope of the consequences of
the activity for the environment. Because there will be trade-offs between economic
gains and environmental costs, multicriteria decision analysis methods that prioritize
benefits and costs (e.g. life cycle analysis) are useful. However, the interpretation
and communicability of these methods to policy-makers is more difficult than for
methods that produce aggregated single measures or indices (e.g. ecological footprint).
No method is robust enough to capture the full suite of environmental impacts and
costs associated with food production. Many of the methods can, and should, be used
together where information from one links or feeds into another.
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A balanced picture of the environmental costs of all food-producing sectors will
lead to environmental policies that deal with the impacts of all sectors. Developing this
balanced view will require a multidisciplinary team of ecologists, economists and social
scientists working with the appropriate food production sectors. Their conclusions will
need to be communicated to:
• policy-makers to establish environmental regulations, environmental impact
mitigation measures and zoning of aquaculture/agriculture;
• farmers to plan production, understand and comply with environmental regulations
and implement good management practices; and
• consumers to make informed choices on food production and drive appropriate
policy and farming practices.
Participants discussed a variety of actions that FAO and others could undertake
to help analyse environmental costs and stressed the importance for including such
analyses in responsible aquaculture development.

Bartley, D.M.; Brugère, C.; Soto, D.; Gerber, P.; Harvey, B. (eds).
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Genesis of the workshop

The projected global demand for fish and fish products is expected to increase over the
next decade. Because many capture fisheries are at their limits of production and the
energy requirements to run the world’s fisheries are increasing in spite of technological
improvements in fishing, satisfying this demand will rely on increased production from
aquaculture. Aquaculture is now one of the fastest-growing food-producing sectors, but
it is being criticized for creating adverse environmental impacts. In order to maintain
the growth of aquaculture and protect the environment, accurate environmental
accounting of food production will be necessary to help policy-makers make informed
decisions that will ensure aquaculture develops in a responsible manner.
The international community recognizes the need to address the environmental
impacts of development. The Convention on Biological Diversity (CBD) and the FAO
Code of Conduct for Responsible Fisheries (CCRF) are key international instruments
that have called for development to address environmental concerns and strive to
protect natural biological diversity. In acknowledging the adverse environmental
impacts from the food production sector, the First Session of the FAO Committee on
Fisheries’ Sub-Committee on Aquaculture held in Beijing, China, from 18 to 22 April
2002, recommended future work be devoted to “undertaking comparative analyses on
the environmental cost of aquatic food production in relation to other terrestrial food
production sectors”. The Sub-Committee specifically asked the FAO Fisheries and
Aquaculture Department to undertake such a study and analysis.
The workshop reported here (Annex 1) is a first step to address that request. Its
purpose was to provide FAO with information that could be used to advise Members
on how to make development decisions that take into account the environmental costs
of food production. These decisions will help determine where public and private
sector investments will help optimize national food production in terms of economic
viability, environmental sustainability and social acceptability. FAO’s ultimate aim
would be to minimize adverse costs and impacts of food production systems through
facilitating informed decisions at the national level.
To that end, a group of experts in aquaculture development, ecology, environmental
economics, environmental impact analysis, energy analysis and livestock farming
(Annex 2) were brought together to advise FAO on appropriate and accurate accounting
approaches for comparing environmental costs of aquaculture and other terrestrial
food production sectors; to evaluate the strengths and weaknesses of these accounting
systems; and to advise FAO on options for moving forward in this important area.
While the workshop recognized that social aspects of environmental impacts are
extremely important and should be considered in analyses and in decision-making, this
area was not addressed in sufficient detail to provide meaningful statements. Similarly,
traditional economic impact analysis was not discussed in detail, despite clearly having
application in cost-benefit analysis.
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Food production: intensification
and environmental impacts
Aquaculture may be the fastest growing food-producing sector but others are increasing
as well. Consumption of animal products in the developing world rose from 15 kg per
capita in 1982 to 28 kg per capita in 2002 and is expected to reach 37 kg by 2030 (Gerber
et al., 2007; Soto, Salazar and Alfaro, 2007; FAO, 2004); this is nearly twice as high as
predicted consumption of food from aquatic sources. Food production has in general
outpaced human population growth over the last few decades but the distribution of
this increased production is still inequitable (FAO, 2002).
A key driver of the increase in food production is intensification of farming systems,
often characterized by increased inputs, effluents and energy demands (Prein, 2007).
However, more traditional farming systems that use large amounts of land may also
pose serious risks to the environment, native biodiversity and local communities.
Evaluation of these risks has been attempted, but assessment has not generally included
comprehensive analysis of costs to the environment, and there have been very few
studies done comparing different food production sectors.
Yet all development has impacts. Progress has been made in mitigating some of
them, but there is a long way to go. Production of feed has been identified as one of
the most significant environmental and economic costs in both the aquaculture and
livestock sectors. While farmed aquatic animals are generally more efficient converters
of feed energy than are ruminants, many farmed aquatic animals are fed diets with
fishmeal and fish oil. This has led to criticism of the aquaculture sector for using fish
to feed fish and for causing environmental problems. Reducing the fishmeal and fish
oil component in aquaculture feeds is a high priority for intensive systems; in salmon
feeds, for example, some current formulations rely much less on wild fishmeal than
did diets of a decade ago with a reduction from 60 to 35 percent (Tacon, 2005). The
energy needs of fish farming may thus be reduced along with the dependence on fish
products in the feed. However the global growth of aquaculture and the increasing use
of formulated feeds present a challenge as there is a net increase in total demand for
fishmeal and fish oil.
The important role of the environment in providing ecosystem services is becoming
better understood, sometimes with surprising results. For example, while mangroves
provide valuable feeding and nursery areas for many coastal fisheries, their value in
protecting coastal communities from storm damage may in fact be greater (Barbier,
2007).
Because development agencies may need to consider a range of development or
resource management scenarios, the analytical process upon which these scenarios are
based should include comparison of the costs of all potential options. Comparative
environmental cost assessment is therefore not only an important and potentially
fertile area for study, it is also an area where research results will be extremely useful to
decision-makers, the industry and the public. Nevertheless, misconceptions concerning
food production and its impacts persist. These misconceptions, as well as the general
lack of knowledge concerning food production and the environment, can only be
eliminated through policies that are informed by science-based studies.
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Workshop findings
The present workshop represented a scoping exercise which identified broad issues
that need to be addressed in environmental cost analysis. Further action will be needed
to move the analyses forward in order to promote food production systems that are
economically viable, environmentally sustainable and socially acceptable.
THE NEED FOR A LEVEL PLAYING FIELD
The main conclusion of the workshop was that it is necessary to include environmental
costs in any analysis of the sustainability of any food-producing sector. This message is
certainly not new. The concept of “sustainable development” was explicitly identified
20 years ago in the Brundtland Report (UNGA, 1987); however, sustainability has been
difficult to achieve or simply ignored. Fortunately, the tools available to address the
issue are better now; unfortunately, policy- and decision-makers may still avoid using
them if the result is politically unpalatable. There is thus a need to present a balanced
picture of the environmental costs of all food-producing sectors and to formulate
environmental policies that deal with the impacts of all sectors. Such a balanced view
will require a multidisciplinary team of ecologists, economists, social scientists and
policy-makers working with the appropriate food production sectors. The ultimate
goal should be to balance all development sectors, e.g. tourism, municipal development
and capture fisheries.
So long as this balanced picture of environmental costs is absent, policy does not
reflect farming realities, the prices of food products cannot reflect the real costs of
their production, especially for ecosystems and communities, and both the public
and government receive very mixed messages. Inconsistencies become common. For
example, the recent explosion of aquaculture has led in some cases to overregulation,
while other sectors with a longer history of production have negative impacts that have
traditionally been accepted (Brooks, 2007; Gowing and Ocampo-Thomason, 2007;
Soto, Salazar and Alfaro, 2007).
IS THERE OVERREGULATION OF AQUACULTURE?
The workshop identified two main reasons why aquaculture may be subject to more
regulation than other sectors, at least in some parts of the world. First, aquaculture
is relatively new, and growing rapidly. That growth impinges on established uses
of land and water: hotels, farms, housing developments, industry etc. may already
be established near water bodies where aquaculture is proposed or already being
developed. These previously established activities have already been accepted by
society; adding aquaculture to the picture invites additional scrutiny and criticism.
People have become accustomed to and may even prefer seeing lighted city streets
or rolling pastures, but cages in the sea may not be so palatable. Such preferences can
easily affect government policy.
Second, farming and other terrestrial development often use private land with welldefined boundaries and access rights. The aquaculture ventures that are most often
criticized or heavily regulated are marine and coastal operations located on common
property where boundaries and access rights are less well defined and impacts more
difficult to contain.
There may also be misconceptions regarding the science on which regulations are
based. For example, use of certain pesticides is highly restricted in the United Kingdom
of Great Britain and Northern Ireland, but these pesticides have been shown to have
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minimal effects in that country (Gowing and Ocampo-Thomason, 2007). Nutrient
inputs are also regulated in waters of the Pacific Ocean around Chile and also around
the Canada/United States of America border. However, some studies have shown the
specific nutrients being regulated to have little adverse impact in these environments
(Brooks, 2007; Soto, Salazar and Alfaro, 2007). Thus, the industry may feel that
regulation does not always address the real causes of environmental perturbations.
Despite these controversies, there is no question that environmental effects have
been identified and all food-producing sectors need to mitigate them. Industry needs
to be aware that the costs of avoiding or pre-treating hazards are often much lower
than the penalties for non-compliance or the costs of cleanup or rehabilitation (e.g.
mangrove replanting; Brooks, 2007; Soto, Salazar and Alfaro, 2007).
EFFECTS OF ECONOMIC AND TECHNOLOGICAL GROWTH AND PUBLIC
PERCEPTION
The workshop discussed whether economic growth is a prerequisite to managing
environmental issues and mitigating adverse impacts (Brugère, Soto and Bartley, 2007).
The relationship between economic growth (national income) and environmental
degradation or some of its components (e.g. pesticide use) can be expressed mathematically
and suggest that pollution associated with production activities decrease after a certain
level of income has been reached. The relationship is complicated, however, and is
affected by technological progress, relative energy prices and the presence of adequate
and well-functioning institutions (Brugère, Soto and Bartley, 2007).
Another aspect complicating analyses of environmental costs is that food production
systems keep changing; intensification and the use of genetically modified plants and
animals are good examples. Change in the industry means that government and public
perception and acceptance of farmed products are changing too. The rise in popularity
of organic products, the controversy over the health and environmental effects of
farmed salmon in some developed countries, the reluctance to use genetically modified
fish in aquaculture, and the increased value being placed on native biodiversity are all
examples of attitudes that are anything but static. In developed countries, cost may
not be the most important factor: although consumers often express a preference for
inexpensive food products, the rise in demand for organic products indicates that some
people are willing to pay more for a product they perceive to be more environmentally
or socially friendly. Therefore, there should be periodic reassessment of models and
analyses that compare trade-offs between environmental impacts, consumer preferences
and production efficiencies.
THE NEED FOR COMMUNICATION
The pace of technological and social change implies that good policies on the
environmental costs of food production can only come about where there is good
communication. Misconceptions concerning the impact of certain effluents, the
overregulation of a sector because it is the most recent, the failure to appreciate the
cost-savings of early prevention of adverse impacts, the failure to place adequate value
on biodiversity and ecosystem services, and the changing nature of food production
are all issues that demand the sharing of information. That information will need to be
packaged for three key groups: policy-makers, farmers (including aquaculturists) and
consumers. A key component of that information will be provided by the methods for
economic and environmental analysis discussed in the following section.
COMPARISON OF THE EXISTING METHODS FOR ASSESSING ENVIRONMENTAL
COSTS OF FOOD PRODUCTION
The workshop identified numerous problems that arise when one attempts to compare
environmental costs of different food production sectors. These problems stem from:

Workshop findings

• the many differences between terrestrial and aquatic environments;
• differences in patterns of ownership, e.g. terrestrial areas are often privately
owned while aquatic areas are often common property;
• the huge diversity of farmed products;
• the need to choose a functional unit for comparison, e.g. kg of protein, energy,
contribution to daily nutrient or energy requirements;
• the difficulty of translating impacts into monetary units;
• the diversity in farming systems within a given sector, e.g. feed-lot to free range
livestock, and small-scale extensive to super-intensive aquaculture;
• the influence of management practices on environmental impacts and costs of
production; and
• differences in terminology between sectors and disciplines, e.g. “sustainability”
and “cost” have different meanings for ecologists and economists, while “water
productivity” would be defined differently by fisheries biologists and water
management engineers.
Nevertheless, valid comparisons can be useful to address local development and
zoning concerns, global issues of sustainability and trade, and consumer preferences
for inexpensive food produced in an environmentally sustainable manner. The
workshop developed a general framework for assessing the environmental costs of
food production (Annex 3). Although few comparisons have been reported, they
can be done when the systems are well defined and data are available (Brooks, 2007;
Brummet, 2007; Gowing and Ocampo-Thomason, 2007). Biophysical methods have
a history of use and corresponding data on energy equivalents of certain activities
that can be linked to methods such as Life Cycle Analysis (LCA) (Mungkung, 2007;
Tyedmers and Pelletier, 2007) and material and energy flow analyses (Prein, 2007;
Haberl and Weisz, 2007) to allow comparisons of different impacts or costs.
A wide range of methods has been developed in order to assess environmental
costs of development (Table 1). Each has its own strengths and weaknesses. Because
environmental valuation is often omitted in analyses of any of the food sectors, many
of the “external costs” referred to earlier are presently not well accounted for in these
methods (Barbier, 2007). In order to be useful to FAO and decision-makers, methods
to assess environmental costs must not only include these externalities but should also
be scientifically-based, comparable across different sectors, expandable to different
scales, practical to implement and able to produce results that are easily understood and
interpreted. Satisfying all these criteria will be difficult; trade-offs and combinations of
methods will need to be made.
The workshop concluded that none of the existing methods captures all of
environmental impacts and costs of food production. With the possible exception
of Environmental Impact Assessment (EIA) and Cost-Benefit Analysis (CBA), few
decisions can be made using a single method. However, many of the methods can and
should be used together, and various combinations may be fruitful. For example, LCA
and Material Flows Accounting (MFA) can first identify key sources of pollution,
then environmental valuation and CBA can be applied to the specific environment or
commodity to determine which development path to take.
Existing legislation often specifically mandates the use of EIA. Although EIA is
better than nothing (and in many cases there really is no assessment at all) it may be
inappropriate or incomplete in some circumstances. Risk assessment (RA, see Brooks,
2007) is another method that may also provide incomplete analyses. These two methods
used alone usually do not include environmental valuation criteria, and it would be
preferable to complement them with other methods that include multiple criteria and
environmental valuation. There are some issues common to all methods: the need for
accurate information, the problem of assigning values to un-marketed goods such as
environmental goods and ecosystem services, and the problem of biased analysis.
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CBA, RA

Should underpin all
other methods for
hazard identification
and understanding;
widely used in toxicity
analysis

A first step towards
more complete
assessments using EIA,
RA, energy analysis

Could be incorporated
into MFA and used
complementarily with
CBA

Can be used with MAF,
EA, EF

Risk Assessment
or Analysis (RA)

Material Flows
Accounting
(MFA), Mass
balance, and
Input/Output
models (IO)

Energy analysis
(EA)

Human
Appropriation
of Net Primary
Productivity
(HANPP)

Linkages to other
methods

Environmental
Impact
Assessment
(EIA)

Method

An indicator of
environmental
effects based
on changes in
ecological flows
of trophic energy
caused by land use

Examines fossil fuel
energy used in food
production

Examines input
and output of key
materials; accounts
for biological flows
associated with
economic activities;
applicable to systems
at many scales

Tool for
understanding
environmental
processes

Project-based,
descriptive, sitespecific

Key attributes

Comparison of methods for environmental cost analysis

TABLE 1

Aggregates information into a
single statistic for comparison,
e.g. land use change; can
examine economic causes for
change; ecologically focused
indicator; comparable at
different scales, regions and
across time

Produces a single measure,
which is a proxy for the other
components of the sector, for
comparison; good history of
analysis and data; comparable
at all levels.

Quantifies levels of inputs
and outputs; can produce
comparable information
over time and space; used to
improve ecological efficiency;
well-known tool with standard
protocols.

Contributes to better
understanding of
environmental flows and
impacts: attempts to be
quantitative but can also be
qualitative; identifies hazards
and impacts.

identifies hazards and impacts;
allows redesign of project to
reduce impacts.

based on multiple criteria
and can be used in sensitivity
analysis;

Public planning and transparent
process;

Strengths

Not well developed for
aquatic environments;
does not describe impacts
and does not address
specific local ecological
changes; limited expertise
for HANPP analysis; in
some cases analysis of
secondary or tertiary
productivity would be
more informative

Presents an incomplete
picture of the sector;
relevance is questioned
because energy (fuel)
has a market value
that will change; does
not account for the
environmental effects of
fuel consumption.

Does not reflect
environmental effects;
snapshot picture of flows
at a specific point in time
and place.

limited comparative use
(some risks apply to some
sectors, others not)

Relies on qualitative
judgements and
estimates due to
knowledge gaps;

Does not quantify tradeoffs or effects: does
not provide a single
performance indicator
for comparisons;
problems with how to
interpret data

Weaknesses

High

High

High

Variable at present;
quantitative
measures need
to be developed
(environmental
indicators)

Variable (very high
to low); lots of
uncertainty due to
lack of data; often
time-constrained
due to development
deadlines

Scientific rigour

Medium

High

High

High for
procedural
aspects

High (e.g.
Europe) but
may vary across
sectors, regions
and in national
legislation

Standardization
of methods

Easy to
communicate;
difficult to
interpret

Good; few
decisions are
made on EA alone

Very good

Good; formalized
in legislation as
decision-making
tool

Ease of
application and
communicability
Good; often
figures
prominently in
decision-making
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LCA could be used as
an input (aggregation
of multiple units used
in LCA); could also be
used to present MFA
results

MFA, EA, for more
elaborate EIA

EIA, RA, EA, EFA, LCA,
MFA

Life Cycle
Analysis (LCA)

Cost benefit
analysis,
including
environmental
costs (CBA)

Linkages to other
methods

Ecological
Footprint (EF)

Method

Uses valuation
techniques, for nonmarketable goods,
e.g. contingent
valuation,
willingness to pay,
hedonic pricing are
techniques used in
CBA to compare net
result of activities of
different sectors

Examines a range
of impacts of food
production systems;
product- oriented
environmental
impact assessment,
with an earth-toearth (or cradle to
grave) perspective,
multiple criteria
analysis; quantifies
potential
contribution to
global impacts

Method to
aggregate impacts
into a single statistic
to address ecoefficiency of human
activities; converts
all impacts to a
measure of area
needed to support a
given activity

Key attributes

C/B ratio and Net Present Value
provide aggregate measures
of the relative performance of
various production systems

long history and familiarity
with concept; decision-makers
need and want to know this
information;

Can compare production
systems; can be very inclusive
of many types of information,
including non-marketable
goods;

can build on previous work/
data; can compare between
products/processes/ alternatives
and different scenarios; basic
method to develop ecolabelling criteria to support
purchasing decisions for
consumers (ISO 14020 series);
can provide policy-relevant
insights

Allows hazards to be identified
and prioritized;

Provides a single indicator for
comparison; can be applied to
many levels and scales (e.g. a
footprint for an individual to
one for a national economy);
provides accumulative/
aggregated effects

Strengths

Environmental values
hard to determine;
ecological function
changes hard to predict;
often environment is not
included; normally long
term sustainability issues
not addressed; discount
rates are arbitrary and
may be political; loses
information during
aggregation

Large data requirements;
some studies use different
functional units; results
address global impacts at
expense of local impacts;
some indicators may
not be appropriate for
specific cases; results are
not directly applicable
unless conducted for
the specific comparison;
some standard impact
categories may not be
relevant to food product
systems, thus need to
develop new ones

Applications to food
production systems are
not obvious; method
does not deal well with
water; does not provide
specific information
about impacts or
effects; does not address
specific effects in
specific environments;
aggregated statistic
treats all environments as
homogenous and equal

Does not include all
flows.

Weaknesses

High

High

Low

Scientific rigour

Standardized in
theory, but often
not in practice

Very high, e.g.
ISO 14040-14043;
streamlining LCA
will reduce data
requirements
and facilitate
comparisons;
specific impact
categories
associated with
food production
not well
standardized;

Low

Standardization
of methods

Results easily
communicated
and understood;
including
valuation of
environmental
goods and
services and nonmarketable goods
makes application
difficult

Can “streamline
LCA” for specific
comparisons;
communication
on multiple
criteria may be
difficult;

Easy to
communicate, but
statistic is often
misused or can be
mis-interpreted;
application is
constrained by
knowledge gaps
on environmental
differences
among habitats

Ease of
application and
communicability

Workshop findings
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The workshop noted that application or interpretation of the results of any of these
methods could be affected by development context. A developer who is responsible
for cost analysis certainly has a stake in the results of the analysis. However, bias is
spread between all parties (including academics industry and conservation groups)
– which is why methods and their environmental, social, and economic results need to
be reviewed by a multidisciplinary team.
IDENTIFYING THE MOST IMPORTANT IMPACTS
The methods provide a basic framework for analysis and impact assessment. An initial
step in the framework is the identification of the hazards or adverse impacts for the
sectors where valuation of environmental damage is to be compared. Those hazards
or impacts need to be described in terms of probability and consequences. It is clearly
important to choose impacts that will provide the most useful comparative analysis.
Impacts can be classified using the following criteria (Brooks, 2007):
• amount of adequate data to address the issue;
• probability of the hazard or impact occurring;
• consequences if it does occur; and
• level of confidence in the analysis, i.e. level of uncertainty.
Using these criteria, a suite of potential hazards can be narrowed down for
comparative analysis. This is similar to standard procedures in risk analysis.
KIND AND MAGNITUDE OF ENVIRONMENTAL COST
Environmental impacts produce consequences or effects that can be translated into
costs when they result in a loss of welfare (Table 2). This allows for their incorporation
into the analysis of the financial benefits or losses of the activity they are related to.
Environmental economists classify such costs as follows (Knowler, 2007):
• private costs (cost of the damage to the activity itself, e.g. damage to production);
• external costs (primarily to the environment, including abatement costs, costs of
adapting to external costs, residual damages after control measures are in place);
• user costs (damaging for future uses); and
• rehabilitation costs.
TABLE 2.

Terminology
Term

Definition

Example

Impact

The force of the impression of
one thing on another

Amount of Nitrogen discharged from a
farming system

Consequence or effect

Something produced by a cause
or necessarily following from a
set of conditions

Decrease in fish diversity caused
by increased Nitrogen levels in the
watershed

Environmental cost1

Loss or penalty incurred
especially in gaining
something. Environmental costs
are those losses resulting from
environmental damage

Decrease in Total Economic Value
(Brugère, 2007) of the local water body
as a result of change in fish abundance
(change would include decrease value
of any fishery, i.e. direct value, and
any decrease in the indirect value, e.g.
aesthetics, ecosystem service, or culturally
important species)

Sustainability

Sustainable development is development that meets the needs of the present
without compromising the ability of future generations to meet their own
needs.2 Definition has been modified to stress that economic and social
factors are now key elements of the concept

Source: from Merriam-Webster Online3 except where noted

1

2
3

Theoretically, this should be “societal costs”, i.e. costs to the society (or people) as only people can
value things or experience a loss in welfare and well being through environmental degradation; it can be
understood as the costs resulting from environmental damage
UNGA, 1987
http://www.m-w.com

Workshop findings

In comparative environmental cost analysis it is important to define the scale and
scope of the system analyzed, including outstanding issues and the overall purpose
of the analysis. Results of analyses need to be placed in the proper perspective, i.e.
the results need to stated in terms of real changes to the environment, so that the
consequences of different comparisons can be estimated (Knowler, 2007). Simply
reporting the presence of X kg of Y nutrient in Z environment is meaningless unless the
environmental consequences of the inputs are specified (Brooks, 2007). Analyses need
also to include information on the consequences to the environment and a valuation of
the resulting loss of ecosystem products and services – a complicated task that is rarely
undertaken.
CHOOSING UNITS FOR COMPARISON
Comparative analysis requires normalization of the unit of assessment (Brummet,
2007; Mungkung and Gheewala, 2007) as well as the scope of the consequences to be
contemplated. For example, LCA usually examines global consequences and therefore
may be unsuited to determining impacts on a specific ecosystem. Analyses have often
reported production as simple kilograms of product, but a kilogram of shrimp has
very different nutritional and monetary values from a kilogram of chicken and corn.
Some candidate units that these data could be converted to include edible output, crude
protein or digestible energy equivalents (Brummet, 2007; Mungkung and Gheewala,
2007).
However, farming is above all a business that produces food to generate money.
Farming systems that produce a high value product may be able to produce less while
meeting economic objectives (thereby using less inputs); they may also be able to meet
production objectives using intensive systems with minimal effluents, thereby having
less environmental impact than extensive systems grown over a large area to produce
a large amount of low value product. When comparing such sectors, conversion of
product and costs into monetary units may be advisable. It is also important to keep
in mind the overall objectives of the farming system, especially when comparisons of
environmental costs are being made. For example, farming can increase food security,
but the money it also generates can buy more food as well.
TRADE-OFFS AND FAIR COMPARISONS
Many things cannot be usefully (or fairly) compared because of the differences in
the commodity or the environment in which it is produced. Thus comparing the
environmental costs of producing beef from a feedlot in Chile with production of
tilapia in Thailand would be pointless for national policy-makers, but might be relevant
for consumers who wish to know which production system has a greater influence on
climate change.
In comparing aquaculture and livestock, the feed used by both sectors has a strong
influence on their environmental costs. For example, the environmental costs of
salmon farming become high when the costs of catching fish and processing them into
fishmeal and fish oil are included, because wild populations of fish are reduced and
energy expended in catching and processing them. Similarly, the water and fertilizer
requirements for beef production are high when the costs of producing feed are
included because the water is lost to other uses or ecosystem services, and production
of fertilizer expends energy.
Comparisons should facilitate the kinds of real choices policy-makers and the
consumer need to make. Decisions at the national and local levels will justifiably be
based on societal needs, priorities and preferences (CBD, 1994). There will usually be
trade-offs between economic gains and environmental costs and therefore a need for
multicriteria decision analysis methods that prioritize benefits and costs (Mungkung
and Gheewala, 2007). In such analyses, methods that include a suite of characters (e.g.
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LCA, MFA) rather than aggregated single measures or indices (e.g. ecological footprint
and CBA) will generate more accurate comparisons.
INFORMATION AND COMMUNICATION NEEDS
Comparative analyses will require extensive information on farm production and
effluent, material flows, prices, biodiversity affected by farming, ecosystem products
and services and economics. Some of this basic information is available free of charge
over the internet or by request, for example the FAO databases on livestock, fisheries
and aquaculture production, land use, and food balance sheets. FishBase4 contains
information on most of the world’s fishes. Other information is available for a fee, e.g.
Ecoinvent5 or satellite data. Information on local biodiversity or production on private
farms is often non-existent or difficult to access; for example, information on illegal
farming practices such as the use of banned drugs is crucial to impact analysis, but by
its very nature is difficult to obtain. There is usually a wealth of useful information
in government files or in older literature that is often forgotten or not published in
popular or scientific media; some comparisons could be made through specific desk
studies using this grey literature.
A distinction must be made between simple lack of data and the uncertainties that are
either contained within the data that do exist or inherent in the task of making predictions
about far-flung biological effects. An example of the former would be information gaps
on the carrying capacity of coastal ecosystems, or levels of effluent from various types of
farms. An example of the latter is in the basic values of environmental goods and services.
This is partly due to differences of opinion on how to assign values to intangibles such
as endangered species and ecosystem services; nevertheless, data are accumulating
to indicate that these services are very valuable (Barbier, 2007). Information from
biophysical analysis does exist and there are additional sources of information that
can be used in evaluating impacts and costs. More fundamental uncertainty would
surround the long-term ecosystem consequences of environmental impacts, the area of
uncertainty judged by the workshop to be the most serious.
It should be recognized that a “complete” set of all the relevant scientific information
will never be available and that comparative analyses may need to be done with the best
at hand. We already have general knowledge of production systems, their probable
outputs and possible effects (Brummet, 2007) and should not let the incompleteness of
such information stand in the way of analyses of food production sectors.
After analyses have been completed, results will need to be communicated to a
variety of groups. These include:
• policy-makers (to establish environmental regulations, environmental impact
mitigation measures, and for zoning of aquaculture/agriculture);
• farmers (to help plan production, understand and comply with environmental
regulations, and implement good management practices); and
• consumers (to help make informed choices on food production and drive
appropriate policy and farming practices).
Each of the above groups has different backgrounds, mindsets and agendas, so the
language and vehicles used to communicate research results will be different for each.

4
5

http://www.fishbase.org
http://www.ecoinvent.ch
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A potential role for FAO
It is only recently that FAO in general, the Fisheries and Aquaculture Department
and the Animal Production and Health Division6 in particular, has begun to analyse
the environmental costs of food production. While environmental impacts continue to
be studied and separate work has been started on aquaculture economics, the actual
valuation of environmental goods and services, and the merging of these fields to
present a comprehensive picture of an industry or to allow comparisons among sectors,
has not been undertaken. It is abundantly clear from the above summary of workshop
findings that work in this multidisciplinary and multisectoral field would help make
food production more sustainable; it is also clear that it will not be easy.
FAO is well positioned to provide advice on many aspects of this emerging field.
Participants of the workshop recommended that FAO assist in advising members
about the known impacts of all food production systems and facilitate access to
methods, information, analyses and policy that would help minimize adverse impacts.
Some specific examples of potential FAO actions include:
• Facilitate the development of analytical methods. While methods exist for
environmental impact assessment and environmental economics, these disciplines
have not been merged to allow environmental cost comparisons between sectors.
The methods listed in Table 1 can be used together with specific data sets to
make such comparisons. FAO can help promote the use of these combinations
of methods and help decision-makers incorporate outputs of the analyses into
national policies.
• Improve awareness and use of the methods of environmental valuation on the
part of researchers outside the field of environmental economics.
• Establish a framework for data collection and build standardized databases
while promoting access to those that exist. FAO could be a repository of
relevant information that is standardized to facilitate assessment and comparison
of environmental costs. As a first step, the workshop recommended that FAO
collect relevant and existing bibliographic information and data sources and make
the information widely available.
• Provide guidance on incorporating environmental cost analysis into the
ecolabelling of fishery and aquaculture products. FAO has ongoing work on
labelling of fishery and aquaculture products, including guidelines on marine
fishery products (FAO, 2005). This work should be extended to include
environmental costs.
• Demonstrate recommended methods by using existing data from higher profile
activities. FAO Fisheries and Aquaculture, Agriculture and other interested
Departments could develop case studies and compile a multidisciplinary team to
carry them out. This would also include evaluation of methods and comparison
of results using different methods. Such studies will require economic and human
resources but will have the added benefit of improving capacity and expertise
within FAO.
• Develop technical guidelines on environmental cost analysis and comparisons
in support of the CCRF. Such guidelines could focus on the aquaculture sector

6

Steinfeld, H., Gerber, P., Wassenaar, T., Castel, V., Rosales, M. and De Haan, C. 2006. Livestock’s long
shadow – Environmental issues and options. FAO, Rome.

14

Comparative assessment of the environmental costs of aquaculture and other food production sector

•

•

•
•

with its diversity of species and farming systems, but could also extend to
comparisons with other food production sectors including capture fisheries.
Improve policy to include environmental costs of food production. Current
policy often does not take into account the full costs of food production. FAO
could help expand the policy discussion to include environmental valuation,
social impact and environmental impact assessment. Policy or legislation could
be modified to extend required analysis beyond simple environmental impact
assessments by linking EIA with other economic methods.
Provide leadership by encouraging governments and industry to think and
act holistically. Beyond the farm and local watershed there is a lack of awareness
and knowledge of impacts and associated costs that accumulate on a regional or
international level.
Improve communication and awareness of the value of environmental cost
analysis. The value of ecosystem goods and services and other externalities are
often not considered in evaluation of food production sector.
Continue to stress the value of good management practices in terrestrial
and aquatic farming systems. Impacts of individual farms will depend on
farm management practices. Proper farm management will be one of the single
most effective measures to reduce environmental impacts and costs. Incorrect
application of therapeutics, overfeeding, careless waste-disposal and improper
containment of animals or fish will increase adverse impacts regardless of the
system being used.
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Annex 3
Proposed framework for case
studies that examine the
environmental cost of food
production
Valid comparisons between food production sectors or within a sector can only be made
when their scope and objective are well defined. There could, for example, be different
approaches to the analyses depending on whether the comparison is at the local or
macro level of development. Here we examine the elaboration of a framework for
analysis and decision-making using a case study that compares tropical marine shrimp
farming with rice production. This type of analysis is required when zoning questions
are involved, i.e. when it is necessary to choose between activities that compete for the
same space (shrimp pond vs rice field). At the local level, case studies like this one could
thus help regulators choose between different zoning options – in this case deciding
how much area is dedicated to shrimp farming or to rice production.
A three-part framework for analysing local level case studies is proposed. The
framework includes: definition of system boundaries for comparison; assessment of
environmental impacts; and evaluation of economic and environmental costs.
Definition of system boundaries for comparison
A broad approach should be taken to ensure that upstream and downstream flows,
as well as inputs to and outputs from the system are included in the analysis. The
production of feed and seed used by the system is particularly relevant to the definition
of boundaries, and impacts related to their production or collection should be traced
back to the source and the associated environmental costs included in the analysis. For
example, wild shrimp larvae collected from remote areas should be considered in the
analysis; if larvae were produced in a hatchery from domesticated broodstock, there
would be different environmental impacts and costs.
Assessment of environmental impacts and effects
The techniques appropriate for assessing the environmental impacts of the production
activity are RA + LCA + EIA. It should be noted that EIA is limited to the assessment
of impact but does not quantify the ecological consequences of this impact. For
example, EIA will quantify the amount of a pollution discharge (impact), but not the
resulting loss in biodiversity (effect or consequence). Since the end result is a modified
environment which is not as good as it used to be before the impact, compensation
or reduction in pollution effects are likely to be demanded; both measures depend on
evaluation (see below).
Evaluation of economic and environmental costs
Once the impacts and effects of a given production system are determined, environmental
cost analysis would evaluate the actual costs of those environmental effects for
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economies and for individuals. CBA would be applicable here but its results will
depend on the system boundaries defined, and on the perspective from which benefits
and costs are accounted for (the “accounting stance). For example, the private and
public accounting perspectives differ with regard to the extent to which the pricing of
products reflects market factors or social and environmental costs.
Relevant categories of costs to be considered here have been defined by Knowler
(2007) and include:
• external costs, primarily to the environment, such as abatement costs, costs of
adapting to external costs, and residual damages after control measures are in
place;
• user costs such as local social costs corrected to account for overall losses of
welfare incurred from environmental degradation; and
• rehabilitation costs based on the life of a shrimp pond or rice paddy and their
rehabilitation them to pre-farming conditions.
The framework outlined above can be used to decide between rice or shrimp
production in a specific location. It could also be used in similar situations where
production systems compete for the same space/land or where specific impacts are to
be avoided.
Rice and shrimp are difficult commodities to compare, and the scenario described
above looks at comparisons from the perspective of land use. Comparisons could
also be made for other commodities using different criteria, such as substitutability of
products in the market place. For example wild-caught salmon retailing at CAN$30/kg
could be compared to farmed salmon at CAN$20/kg to examine how price influences
consumers; farmed catfish and poultry would be another comparison of similarly
priced items. The environmental impacts may be different depending on the amount of
product purchased by consumers.
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ABSTRACT
With its growing global output, aquaculture is ever more challenged to develop in an
environmentally-sustainable manner to maintain and increase the role it plays in food
production. Some environmental measures and agreements such as Convention on
Biodiversity and the Code of Conduct for Responsible Fisheries have been adopted
by the international community as a first step in this direction but questions remain
regarding the evaluation of the environmental costs of aquaculture development in
comparison to other food production sectors. The diversity of fish farming activities
tends to hamper the application of comparative assessment methods, and, although
useful, environmental economics tools may not have been used to their full potential
in the valuation of environmental resources upon which aquaculture systems are based.
Furthermore, addressing non-technical factors such as diverging views of economists and
environmentalists regarding pollution and levels of acceptable environmental damage,
market failures and conflicts over natural resources, dis-functioning institutions, the
power of consumer demand and uncertainty about the future, also constitute challenges
for policy-makers. Approaches combining environmental and economic perspectives
such as adapted Environmental Kuznets Curves (EKC), the Ecosystem Approach to
1
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Aquaculture (EAA) and Policy-Relevant Monitoring Systems (PRMS) are highlighted
as possible to assess the development and impact of aquaculture in the context of other
productive, natural resource-dependent activities and to guide policy-making.

INTRODUCTION
Aquaculture production has increased steadily in recent years; it is the fastest growing
food production sector and has become a valuable component of national development
and poverty reduction plans in many areas. At a time when capture fisheries are
leveling off, aquaculture production continues to increase (Figure 1). The increase in
production is greatest in developing countries where about 93 percent of aquaculture
production originates (Figure 2), but many developed countries also have national
strategies to increase production of key species.
Increasing intensification of aquaculture systems has led to increased intervention
into ecosystems with attendant increased inputs of energy and feed (Muir et al., 1999),
and an increased risk of adverse environmental impacts. It has therefore become clear
that, in order to maintain and increase the role aquaculture plays in food production,
accurate environmental accounting will be necessary to help policy makers make
informed decisions and to ensure aquaculture develops in a sustainable manner.
This paper has two objectives. The first is to highlight some of the environmental
measures/agreements taken by the global community to ensure the sustainable and
environmentally-friendly development of aquaculture. The second is to show that
this may however not be sufficient because of a number of other factors influencing
the development and sustainability of aquaculture. As such, the paper provides a
background to the other papers contributed to the workshop.
The paper presents an environmental perspective on aquaculture development,
followed by a short synopsis of the methodological challenges associated with
comparative analyses of food production sectors. What environmental economics
can bring to the debate is presented in a third section, followed by a description of
the non-technical factors influencing policy making and the overall development of
aquaculture. A last section attempts to bring environmental and economic approaches
together in the assessment and monitoring of food production sectors.

FIGURE 1

Global capture fisheries and aquaculture production
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FIGURE 2

Aquaculture production by economic status
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ENVIRONMENTAL PERSPECTIVES ON AQUACULTURE DEVELOPMENT
The international community has recognized the need to address environmental
impacts from development. The Convention on Biological Diversity (CBD, 1994) and
the FAO Code of Conduct for Responsible Fisheries (FAO, 1995) are key international
instruments that have called for development to address environmental concerns and
strive to protect natural biological diversity (Table 1). In acknowledgement of the
problems of adverse environmental impacts from the food production sector, the
First Session of the Sub-Committee on Aquaculture of the Committee on Fisheries,
Beijing, People’s Republic of China, 18–22 April 2002, recommended future work be
devoted to, “undertaking comparative analyses on the environmental cost of aquatic
food production in relation to other terrestrial food production sectors”. This request
is a sign of the concerns that remain regarding sustainable aquaculture development,
and an indication of the urgency to work towards the provision of a science-based and
authoritative statement on the issue.
TABLE 1

International instruments for tackling environmental impacts of development
FAO Code of Conduct
for Responsible
Fisheries (1995)

Convention on
Biological Diversity
(1994)

2

Article 6.1 General Principles -The right to fish2 carries with it the obligation to do
so in a responsible manner so as to ensure effective conservation and management
of the living aquatic resources.
Article 6.19 -... States should ensure that resources are used responsibly and
adverse impacts on the environment and on local communities are minimized.
Article 9.1.2 - States should promote responsible development and management
of aquaculture, including an advance evaluation of the effects of aquaculture
development on genetic diversity and ecosystem integrity, based on best available
scientific information.
Article 9.1.3 - States should produce and regularly update aquaculture
development strategies and plans, to ensure that aquaculture development is
ecologically sustainable and to allow the rational use of resources shared by
aquaculture and other sectors.
Article 9.1.5 - States should establish effective procedures to undertake
environmental assessment and monitoring with the aim of minimizing adverse
ecological changes and related economic and social consequences resulting from
water abstraction, land use, discharge of effluents, use of drugs and chemicals,
and other aquaculture activities.
Article 14.1(a) - Introduce appropriate procedures requiring environmental impact
assessment of its proposed projects that are likely to have significant adverse
effects on biological diversity with a view to avoiding or minimizing such effects
and, where appropriate, allow for public participation in such procedures
Article 14.1(b) - Introduce appropriate arrangements to ensure that the
environmental consequences of its programmes and policies that are likely to have
significant adverse impacts on biological diversity are duly taken into account;

“Fish” is used in its broadest sense in the Code: as a verb it includes also fish farming; as a noun it
includes other aquatic organisms, such as invertebrates and plants.
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METHODOLOGICAL CHALLENGES OF COMPARATIVE ANALYSES RELATED TO
FOOD PRODUCTION SECTORS
All development will by definition have impacts. For impact analyses to be truly useful
to development agencies who may be looking at a range of development or resource
management scenarios, they must be comparative, and include the comparative costs
of development options. In other words, the ability of aquaculture to provide food,
income, and maintain an acceptable environment must be compared to other food
producing sectors. Comparisons must also be of similar items or of development in
similar areas. For example, useful comparisons may include analysis of production
of high value protein for export and could then look at beef versus salmon farming.
Conversely, decision makers who wish to know the environmental costs of developing
arid sections of land may wish to compare fish production with irrigated crop
production.
In relation to aquaculture, there is an incredible diversity of farming systems, even
if one only examines one species of farmed fish. The farming systems may be classified
as commercial/industrial and rural depending on the scale of the enterprise, and as
intensive, semi-intensive or extensive depending on the level of inputs (Troell et al.,
2004). Therefore to generalize on the environmental costs of, for example, European
seabass or seabream, one would need to look at land-based-recirculated systems,
extensive coastal ponds and raceways, and offshore cage culture – all with different
environmental impacts and costs. Similar differences in culture systems can be found
in most farmed species. Terrestrial animals can be farmed in diverse systems as in
“free-range” systems, or in intensive feed-lots. A general approach and methodology
is needed to compare the environmental costs of potential farming systems (aquatic or
terrestrial) that may be proposed for a given area.
A wide range of methods, each with specific strengths and weaknesses, have been
developed in order to assess environmental costs of development. Although not
common, comparative analyses have been done. Troell et al., 2004 have ranked industrial
energy inputs per protein energy output for some aquaculture, capture fisheries and
agriculture systems and reported that intensive salmon and shrimp farming is similar to
feedlot beef production. These authors pointed out that their data (i.e. rankings) should
be discussed in relation with other environmental considerations and externalities.
Pimentel et al., 1997 looked at the amount of water required to produce agriculture
commodities and reported that vegetable crops required amounts of water of a similar
order of magnitude, but that the production of beef required two orders of magnitude
more water. However, in production areas where water is abundant or energy is either
abundant or sustainably used, these broad comparisons and rankings lose much of their
significance.
In order to be useful to FAO and in turn useful to decision makers, the challenge
is to develop methods of assessment of environmental costs that are scientificallybased, comparable across different sectors, expandable to different scales, practical to
implement, and easily understood.
These methodological challenges do however not only arise from the diversity
of production systems and the range of environments in which they take place.
They are in a large part also due to the fact that aquaculture and food production
in general are economically and socially important activities, at country and farm
levels, satisfying both people’s wellbeing and GDP purposes. Production takes place
in a context of competition for scarce natural resources. Resource competition and
welfare maximization is an economic discourse. This discourse is complicated by the
monetary and non-monetary values individuals place on natural resources and by
preferences and demand for produced goods. The first difficulty is thus related to the
adequate valuation of these values and their reflection in the true cost they bear on the
environment (or natural resource stock) in the final product price. A second difficulty
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relates to the formulation of policies dealing adequately with trade-offs and which are
economically and environmentally coherent, in particular when economic realities and
levels of development vary widely from country to country.
ENVIRONMENTAL ECONOMIC PERSPECTIVES ON AQUACULTURE DEVELOPMENT
Environmental economics provides tools for establishing a “total economic value” of a
product; this includes the market value of goods, as well as their non-market value, i.e.
the option and existence value of natural resources and habitats that may be exploited in
support of production processes3 (Pearce and Turner, 1990). Environmental economic
methods are generally not applied to aquaculture production (the “farm”) per se, but
to the natural environment and resources upon which it depends. Quantification of
these costs is based on indirect valuation methods since environmental services do
not usually have a market. The applicability and relevance of methods of assessment
is summarized in Table 2, with examples provided of two environments supporting
intensive aquaculture use systems (coastal areas for shrimp farming and sea lochs for
salmon farming).
Based on the methodological limitations highlighted above, effect on production
and replacement cost methodologies may be better adapted to valuing the natural
resource base used for intensive shrimp aquaculture (in a developing country context).
TABLE 2

Application of environmental valuation methods to ecosystems supporting aquaculture
production
Method of valuation

Limitations of the method of valuation*

Effect on production
Where environmental damage is
responsible for a change in output
and associated income, the measure
of this change can reflect the value
of environmental impact.

Ex-post assessment, i.e. once environmental damage is
observable and has an effect on production (e.g. reduction
of output or increased costs of production). May be more
immediately observable in confined production systems (e.g.
shrimp ponds) than open-water systems (e.g. salmon cages in
a sea loch).

Replacement cost
Cost to restore an altered
environment to its original state (or
in some cases, partial replacement
or compensation to an agreed
standard).

Willingness to pay for restoration may be lower in poorer
countries. Restoration may only be partially effective in the
long term (e.g. tropical coastal mangrove areas replanted
or land conversion for agriculture in the presence of acidsulphate soils).

Opportunity costs
(of natural resource used)
Foregone income resulting from the
decision of “preserving” rather than
developing.

Opportunity costs may be underestimated, especially when
alternative uses are limited and competition for the resource
and space is limited (e.g. mangroves, or remote and lowdensity population areas such as southern Chile in the case of
salmon farming).

Travel cost
Inferred value from the time and
money people spend traveling to a
place.

Perceived amenity value likely to be lower in poorer countries
or in remote areas of low population densities.

Hedonic pricing
Identifies how much in property
prices is due to environmental
attributes, and how much
people are willing to pay for an
improvement in quality of their
surrounding environment.

Dependence on well-developed and well-functioning property
markets (limited in developing countries). Hedonic pricing does
not capture option and existence values of sites.

Contingent valuation
Assesses how people would value
environmental changes based
on their willingness to pay for
environmental benefit or willingness
to accept compensation for loss of
environmental quality.

Willingness to pay for conservation likely to be lower in
developing countries where tangible benefits from resource
exploitation may be considered as immediately more
important than environmental services (option or existence
values), e.g. as in developing countries using coastal mangrove
fringes to develop shrimp ponds.

*Limitations of each method in their application to aquaculture systems are further discussed in Muir et al. (1999),
from which this table was developed.
3

Total economic value = actual use value (market value) + option value (also called bequest value, nonmarket) + existence value (also called intrinsic value, non-market).
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On the other hand, effect on production, hedonic pricing and contingent valuation
may be better adapted to valuing the environment in which salmon farming takes place.
While market prices provide estimates for actual use value of products, they reflect
only partially, if at all, the cost to society of the environmental degradation caused to
produce goods. To correct for this, an estimate of the environmental service lost in the
production process should be added to market prices. Environmental service values
of aquaculture supporting environments, inferred from option and existence values of
these environments, have however, with a few exceptions (Gammage, 1997; Barbier
and Sathirathai, 2004 – see also this volume) been seldom calculated. This shortcoming
may be attributed to the limitations faced by each type of valuation method in their
application to specific contexts (Table 2), and to the fact that adequate accounting of
environmental degradation in production processes and meaningful comparison across
a number of food production activities remain challenges.
Table 2 also suggests that the context of application will have a critical bearing on
the choice of the valuation tools, their effectiveness and accuracy, and on the outputs
they generate. The dichotomy between developing versus developed country context
is likely to be one of the most prominent factors influencing environmental values
obtained. However, the calculation of environmental values is only relevant if taken
one step further, i.e. in the policy realm where decisions made and measures taken
to reflect the need to protect, to the necessary extent, the natural resource upon
which economic activities are based. A number of other factors can influence the way
decisions and policies are made and implemented, and the ways in which production
systems impact on the environment. These are outlined in the next section.
ECONOMIC FACTORS AND CHALLENGES TO POLICY MAKING FOR
SUSTAINABLE AQUACULTURE DEVELOPMENT
Several factors, based on basic economic concepts and assumptions, influence the
degree food production systems, or any other economic activity, can impact on the
environment, and how the negative effects of such impacts may be mitigated. While
the influence of technical factors is evident, those outlined hereafter are economic and
institutional in essence, and set the context in which policy-making has to take place.
They are reminders of the challenging environment in which policies and measures
aimed at translating findings from the comparative studies discussed in this book will
have to operate in.
Antagonism of economists and environmentalists’ views with regard to
pollution and environmental damage
Environmentalists and economists tend to regard pollution and degradation of
ecosystem services differently: the physical presence of pollution, for example, does
not necessarily mean that “economic” pollution, or externality, exists. First because
externalities occur only when the degradation of the environment (through biological/
health/aesthetics loss, chemical change, noise, etc.) is combined with a loss of human
welfare, and that loss remains uncompensated for (Pearce and Turner, 1990). Second
because “even if economic pollution exists, it is unlikely to be the case that it should
be eliminated” (ibid, p. 62). For economists, the rationale behind this statement is that,
under specific market conditions of “perfect competition”4, an optimal externality is
not necessarily zero as there exists an optimal level of activity and associated with it,
an optimal level of pollution. Food production will always generate waste. However,
minimizing its effects on the environment may be possible through pollution abatement
4

Perfect competition is characterised by markets with a large number of buyers and sellers with no
influence on market prices, no barriers to entry or exit, full knowledge (no information biais) and
homogenous products.
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equipment and when the waste produced remains within the assimilative capacity of
the environment. When this is no longer the case, it can nonetheless be argued that a
“right” amount of damage or pollutant may be left in the environment when the social
cost of eliminating damage from an incremental unit of pollution equals the social
benefits of doing so (Zilberman, Templeton and Khanna, 1999).
Market failures and conflicts over natural resources
The previous section has highlighted that economists’ argument in support of
an optimal level of pollution and environmental degradation is underlined by an
assumption of perfect competition. This state assumes well-functioning markets and
well-defined property rights, whereby polluters and sufferers, i.e. those affected by the
pollution, will tend to come together to bargain for compensating one another. Striking
a deal (or bargain) will lead the system to tend towards a social optimum, regardless of
who holds the property rights (the Coase Theorem, after Coase, 1960) so long as each
group has equal power. However, in the real world, perfect competition is fictional,
bargaining powers are uneven and bargaining often prevented by the existence of high
transaction costs. The consequences in terms of pollution linked to productive activities
are that optima will not be reached, with uncompensated degradation occurring to
the advantage of the one with the strongest bargaining power. The likelihood of fair
bargaining is further complicated in the context of common property resources, where
the polluters, resource users, beneficiaries and sufferers may be the same people. Other
complications can arise when some information is known to some people but not to
others prevails, or when developers are powerful and influent and sufferers are not.
These reasons underlie why an equilibrium is not spontaneously reached and why
environmental damage keeps occurring. Governments and institutions should be
correcting for these imbalances, but as the next paragraph highlights, they are often
not in a position to do so.
Disfunctioning institutions
The critical role of institutions, including states and governments, should be to create
stable structures for human interactions while minimizing costs and uncertainty in
transactions (North, 1990; 1993). Historical evolution, combined with the growing
impact of global markets, lack of human capital and suitable communication
infrastructures can be held responsible for the prevalent inadequacy, if not failure,
of institutions predominantly in developing countries where transaction costs are
usually higher (North, 2000). While polluters are often assumed to be private
firms, they are also governments, through poor legislation and rules. By setting
up inadequate incentives, ‘bad’ policies and institutions can be as damaging to the
environment as inappropriate technology (Zilberman, Templeton and Khanna, 1999).
One manifestation of disfunctioning institutions is the difficulty to access formal
forms of credit by poorer households whose ability to smooth consumption out, as a
consequence, becomes reduced and its dependency on natural resources exacerbated.
Without changes in conditions to access credit, investment in environmentally-friendly
production systems is unlikely to occur, and even more so if regulatory frameworks in
place are not adequately tackling environmental and social equity issues. This implies
that a complementary area of study in the evaluation of environmental costs would be
to look at the functioning of institutions and their efficiency in terms of promotion of
sustainability.
The power of consumer demand
In addition to the above factors, consumers’ perception of environmental attributes
of aquaculture and other agricultural food commodities condition the final value
of products and their markets. On one hand, consumer demand for “green” or
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ethically-produced food commodities can force producers to implement pollution and
environmental damage minimization measures, and as such, “over-rule” the role of the
state. The share of corporate enterprise spending to minimize environmental damage in
the total production costs of a commodity, after internalization, could be an indicator
of the ecological sustainability of an enterprise. However, on the other hand, while
consumers may be the ultimate bearers of the environmental costs through a higher
‘green’ premium they are willing to pay, some issues remain on how this premium
may be redistributed and benefit the primary users of the natural resource it aims to
represent and protect (Young, Brugère and Muir, 1999).
Uncertainty about the future
Uncertainty relates to our current lack of knowledge on environmental damage and
wider negative effects of food production impacts (see for example Brooks, this
volume). However, uncertainty also relates to the unknown benefits individuals may
withdraw (called the “consumer surplus”) from maintained or enhanced environmental
conditions in the future. This means that, from a demand perspective, we, as individuals
may not be sure of how much we will be able to pay for environmental conservation or
a product price premium in the long term. From a supply perspective, this means that
we also do not know how the environment will react to a given level of exploitation,
pollution or intervention, and if it will still be there for us to enjoy in years to come
(Pearce and Turner, 1990). Hence the difficulty to determine the limits of exploitation
for economic purposes, stand on our incomplete knowledge of environmental
processes.
BRIDGING PERSPECTIVES BETWEEN ECONOMIC AND ENVIRONMENTAL
APPROACHES FOR POLICY MAKING
Broadening perspectives and suggesting alternative approaches may be useful in
bridging economics and biology-based methods to monitor the development of
sustainable food production systems, as well as guide policy making. The definition of
monitoring and policy-relevant indicators of sustainability of food production systems
also requires integrated approaches encompassing both economic and ecological
aspects. Although a review of the advantages and disadvantages of the approaches
proposed hereafter is beyond the scope of this paper, it is felt that they deserve further
investigation in their application to specific food production systems. As such they
should be treated as “food for thought” for further discussion and as possible research
avenues towards the design of effective ways to compare the environmental costs of all
food production systems.
Environmental Kuznets Curves
Environmental Kuznets Curves (EKC) are curves linking environmental degradation
with income (Webber and Allen, 2004). They indicate that pollution rises with income
until a turning point is reached after which pollution levels will decrease (Figure 3:
“conventional EKC”). Many factors, for example technology and the consequences
of disfunctioning institutions as indicated above, can influence the shape of the curves
(Essati, Singer and Kammen, 2001). Figure 3 illustrates alternative scenarios. “Revised
EKC” (downward shift of the curve) shows the positive influence of technological
change in reducing pollution. Conversely, “new toxics” curve suggests that as new
and more damaging pollutants replace traditional ones, and their use is not curtailed
by suitable policies and regulations, pollution is not reduced. Finally, the “race to
the bottom” scenario, giving more emphasis to the situation of developing countries,
stipulates that while pollution from developed countries will have been reduced by
outsourcing dirty production to developing ones, the latter will find it more difficult
to curtail their own emissions and pollution as they develop.
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The empirical application and use of
FIGURE 3
EKCs for policy formulation in relation to
The simple Environmental Kuznets Curve (EKC)
sustainable development are still much debated
Income turning
(e.g. review of case studies focusing on water
point
quality and deforestation in Webber and Allen,
Decreasing
Increasing
pollution
pollution
2004). However, with adequate data, modified
Pollution
New Toxics
EKCs could be built to plot pollutant release
or other environmental damage from a specific
Race to the
food production system against income from
Bottom
the activity. Provided that the analysis can
Conventional EKC
also incorporate feedback from the state of
the environment on the economic activity
Revised EKC
(Stern, 1996), the change of the shape of the
Income per Capita
curve over time could provide an indicator of
the necessity of an environmental or economic
Source: Stern (2004), Webber and Allen (2004), Dasgupta et al.
growth-focused policy and the point in time
(2002).
when such policy measures may be necessary.
This would be the case when production and
environmental degradation are tightly linked and when incomes decline because the
carrying capacity of the environment has been reached, unless specific investments in
environmental restoration are made.
The Ecosystem Approach to Aquaculture5
Environmental cost analysis will be a key feature of an “Ecosystem Approach to
Aquaculture” (EAA). The EAA is a strategy for the integrated management of land,
water and living resources that promotes conservation and sustainable use in an equitable
way (UNEP/CBD, 2000). It should aim at sustainable use of aquatic environments by
treating aquaculture as a part of the entire ecological and socio-economic systems,
rather than as a distinct unit. By doing this humans and their activities are also specific
components of the ecosystem. Although the principles upon which the EAA is based
are not new, the broad interpretation of the ecosystem approach brings out four points
new to traditional ecological analysis, but that will be necessary for development or
conservation programmes: i) it represents an institutionalization of the concept – it is
now part of binding international legislation in the Convention on Biological Diversity;
ii) it stresses that decisions will be based on societal preferences; iii) it acknowledges
the complexity of the real world and the problems with resource management in an age
of globalization, technology, limited resources, an increasing human population; iv) it
reflects the fact that developers, ecologists and resource managers will never have all
the information necessary to understand and predict how an ecosystem will respond
to development. In order to be operational this approach should have three main
components: a) human well being, b) ecological well being, and c) good governance,
that is, the ability to achieve both a and b.
Policy relevant monitoring systems (PRMS)
If countries are striving to put in place economic development strategies that do not
jeopardize their natural resource base, they need systems of monitoring that will allow
them to react in time to ensure that productive activities do not cause irreversible
environmental damage (Hazell et al., 2001). To be policy-relevant, monitoring systems
should go beyond a periodic assessment of the status of natural resources in order
to generate quantitative estimates of benefits and gains, leading, where necessary, to
5

This approach was pioneered in the context of capture fisheries (FAO, 2003). The principles upon which
it is based could however be applied to any other productive activity.
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the implementation of corrective policy measures. By combining the attributes of an
analytical framework (a pay-off matrix) fed on data from “alarm” and “diagnostic”
indicators and those of a participatory, institutional framework to identify stakeholders
(those who will be using, managing and monitoring the resources and food production
systems) and distributional impacts, PRMS can allow policy makers to identify policy
trade-offs and rank environmental externalities and associated corrective measures
based on dialogue and consensus among stakeholders.
CONCLUSIONS
Constant efforts are being made to address the negative impacts food production systems
have on the environment. Through increased awareness both at individual, institutional
and global levels, perspectives of economic and environmental strategies have started
to converge. Yet, many challenges remain, a number of which are methodological in
nature. They deal with the scientific comparison of production processes and their
related optimal uses of resources, and whether impacts are viewed on a local or global
basis, as explored in this volume’s papers. Despite progress made towards addressing
them from various angles, a number of problems are likely to remain because of the
fundamental nature of the concept of sustainability, of different valuation systems
and of the diversity of societies and environments. Linkages among various scales e.g.
increasing production intensity or increasing the number of “farms”, or local versus
global impact analysis, is likely to remain problematic because the sustainability of a
system is not the sum of the sustainability of its components (Ellis, 2000). Integration
of the true cost of food production in final prices and basing development decisions
on an accurate assessment of the cost of various food production systems are issues
that need to be addressed directly. Taking into environmental factors to do so is a
prerequisite, but should nonetheless not be at the expense of other less “visible” factors
such as institutions and markets. This message is not new, but still remains a long way
from implementation in many areas.
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ABSTRACT
Growing populations and incomes, along with changing food preferences, are rapidly
increasing demand for livestock products, while globalization is boosting trade in
livestock inputs and products. While growing, the livestock production is undergoing
a complex process of technical and geographical change, which is shifting the balance
of environmental problems that the sector causes. The livestock sector emerges as one
of the top two or three most significant contributors to the most serious environmental
problems, at every scale from local to global: it is by far the single largest anthropogenic
user of land, it is estimated to be responsible for 18 per cent of greenhouse gas emissions
measured in CO2 equivalent (a higher share than transport) and it is a key player in
increasing water use, accounting for over 8 per cent of global human water use, mostly
for the irrigation of feed crops. It is also probably the largest agricultural source of water
pollution. Furthermore, as a consequence of the above, the livestock sector may well be
the leading player in the reduction of biodiversity.

INTRODUCTION
Fuelled by a growing population, rising income and urbanisation, demand for animal
products is burgeoning in the developing world: per capita consumption of meat rose
from 15 kg in 1982 to 28 kg in 2002, and is expected to reach 37 kg by 2030 (FAO, 2003).
In 1995, for the first time, meat volume produced in the developing countries exceeded
that of developed countries and since then the gap in milk output between developing
1
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countries and developed countries has
been narrowing (Figure 1).
The livestock sector is responding
to
this demand-led surge in livestock
200
Developing
products through some drastic
Countries
150
transformations that have substantial
Developed
Countries
influence on the sector’s environmental
100
impacts. Similar trends are observed in
50
other food production sectors, taking
place at similar pace (e.g. aquaculture)
0
or slower (e.g. cropping).
This paper aims at reviewing main
Year
changes in the livestock sector and
their implications on the sector’s role in
Source: FAO (2006)
global environment issues, such as land
use, climate change, water depletion
and biodiversity erosion. It also briefly discusses the relevance and approaches for
comparing environmental costs of aquaculture and livestock production sectors.
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CHANGES IN THE LIVESTOCK SECTOR
In this section, we review both trends causing changes in the sector, such as change
in demand, market internationalization and policy context, and resulting structural
and technical changes in the sector. Focus is on processes that have environmental
implications.
Changes in demands
Consumption of meat and milk worldwide has been rapidly growing since the early
1980s. Developing countries have accounted for a large share of this increase, and
growth in poultry and pork consumption in developing countries has been particularly
striking. Since the early 1980s, total meat and milk consumption grew at six and four
percent per year, respectively, throughout the developing world.2
In developing countries, 70 percent of the additions to meat consumption are from
pork and poultry; in developed countries, the comparable figure is 81 percent. Poultry
consumption in developing countries is projected to grow at 3.4 percent per annum to
2030, followed by beef at 2.2 percent and ovine at 2.1 percent. In the world as a whole,
poultry consumption is projected to grow at 2.5 percent per annum to 2030, with other
meats growing at 1.7 percent or less. The growth rates have been particularly high in
China, India and Brazil, and the sheer size and vigour of those countries will mean
that they will continue to increase their dominance of world markets for livestock
products.
The pace of dietary change, both qualitative and quantitative, accelerates as
countries become richer and populations become increasingly urbanized. Urbanization
is accompanied by changes in habitual food consumption patterns and dramatic
lifestyle changes, which include a marked reduction in levels of physical activity. In
developing countries which are urbanizing, quantitative changes in dietary intake
have been accompanied by qualitative changes in the diet. Changes include shifts from
cereal-based diets to energy dense diets with high animal protein and fat content, as
well as increased consumption of sugars and sugar-based products.
Among the various drivers of change in animal production, the literature identifies
purchasing power as the most influential (Delgado et al.,1999; Zhou et al., 2003).

2

Compound annual growth rates were estimated between 1983 and 1997.
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Livestock product consumption rises with purchasing power. However, the effect
of increased income on diets is the greatest among lower- and middle-income
populations (Delgado et al., 2002). Urbanization is recognized to be the second main
factor influencing per capita consumption of animal products (Rae, 1998; Delgado et
al., 1999). Explanation for this trend may lie in the wider food choices and dietary
influences found in urban centres, as well as a preference for convenience and taste over
maximum caloric content (Delgado et al., 1999). If purchasing power and urbanization
are the most important factors contributing to patterns of per capita consumption,
other factors are significant and can have great influence locally, such as culture and
government intervention.
More recently, other factors have influenced consumption patterns. First is the
emergence of the “concerned consumer” (Harrington, 1994) in Organisation for
Economic Co-operation and Development (OECD) countries. The consumption
patterns of these consumers are influenced not only by market and taste factors but by
concerns about health, environmental, ethical, animal welfare and development issues.
These consumers tend to reduce or even stop their consumption of particular animal
products or to opt for certified products, such a free range or organic (Krystallis and
Arvanitoyannis, 2006).
Trade and retailing
Increasing international trade as well as the rise of large retailers and integrated food
chains are other drivers of change in the livestock sector. More precisely, they influence
the relative competitiveness of producers and production systems in supplying the
rising demand for animal derived foods.
Livestock production traded across international borders has increased from 4
percent in the early 1980s to approximately 10 percent at the present time. Developing
countries are among the top 20 exporters and importers in value terms (FAOSTAT).
Main exported products are live animals and the meat of cattle, sheep, goats, pigs,
horses, chickens and ducks, fresh and condensed cow milk, as well as pig and cattle
feed; while imports in large quantities include the meat of cattle, sheep, chickens
and ducks, fresh and dried cow milk, ghee, animal feeds and live cattle, goats, sheep,
buffaloes and chickens. Four structural developments in livestock markets can be
discerned (FAO, 2005):
• International market chains: supplying livestock products from one country to
retailers and consumers in another country. These chains are either controlled by
large retailers, such as supermarkets, or by importing firms dealing with particular
commodities.
• Chains created by foreign direct investment: vertically integrated market chains
supplying a domestic, mainly urban market. Typically they are controlled by large
retailers such as international or national supermarkets and fast food companies.
The rapid expansion in supermarket penetration in developing countries is a
fairly recent phenomenon. It has become significant only over the last five to ten
years, and has proceeded at different rates in the various regions of the developing
world.
• Domestic markets affected by globalization: effects of globalization on consumer
demand and behaviour have led to responses in domestic market chains other than
vertically integrated chains. For example, dairy processors, fast food chains and
restaurants have developed and increased the diversity of products on the market,
but are not part of vertically integrated chains.
• Increasing local markets: geographical concentration and intracountry
specialization (cf. below) on the one hand, and urbanization on the other, lead to
increasing livestock product (and feed resource) transfers at national level.
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Impact of climate change on the livestock sector
Recent changes in climate, especially warmer regional temperatures, have already had
significant impacts on biodiversity and ecosystems, especially in dryland environments
such as the African Sahel. Ecosystem degradation is exacerbating problems of poverty
and food insecurity in the developing world, particularly in the poorest countries.
Global climate change is taking place against the background of a natural environment
that is already stressed by resource degradation resulting from various factors including
the use of some agricultural technologies and inputs.
Climate change is likely to have a significant impact on the global environment. In
general, the faster the climate changes, the greater will be the risk of damage. The mean
sea level is expected to rise 9–88 cm by the year 2100, causing flooding of low-lying
areas and other damage. Climatic zones could shift towards the poles and vertically,
disrupting forests, deserts, rangelands, and other ecosystems. As a result, many
ecosystems will decline or become fragmented, and individual species could become
extinct (IPCC, 2001).
Global agriculture will face many challenges over the coming decades, and
conditions may be worsened by climate change. A warming of more than 2.5°C could
reduce global food supplies and contribute to higher food prices (IPCC, 2001). Some
agricultural regions will be threatened by climate change, while others may benefit.
The impact on crop yields and productivity will vary considerably. The livestock
sector will also be affected. Livestock products will become costlier if agricultural
disruption leads to higher grain prices. In general, it seems that intensively managed
livestock systems will more easily adapt to climate change than crop systems. This
may not be the case for pastoral systems, however, where livestock depend more fully
on the productivity and quality of the rangelands, which is predicted to decline and
become more erratic (IPCC, 2001). In addition, extensive systems are more susceptible
to changes in the severity and distribution of livestock diseases and parasites. Negative
impacts of climate change on extensive systems in the drylands are therefore predicted
to be substantial.
Industrialization of production3
Intensification
Over the last 24 years (1980 to 2004), off-take of pig meat, chicken and milk per unit
of stock has increased by 61 percent, 32 percent and 21 percent respectively (FAO,
2006). Traditionally, livestock production was based on locally available feed resources,
including local fodder, crop residues, and unconsumed portions of household food.
Feed had no value as food. Traditionally, natural pastures were the venue of livestock
production. In recent times, however, pasture land tends to be situated in areas which
are unfit or marginal for cropping. As livestock production grows and intensifies,
it depends less and less on locally available feed resources but increasingly on feed
concentrates that are traded domestically and internationally. In 2004, a total of 690
million tonnes of cereals were fed to livestock (34 percent of the global cereal harvest)
and another 18 million tonnes of oilseeds (mainly soy). In addition, 295 million tonnes
of protein-rich processing by-products were used as feed (mainly bran, oilcakes and
fish meal).
Declining grain prices, a trend that has prevailed since the 1950s, has been one of
the factors driving the increased use of grains as feed. Despite growing feed demand
over that period, the feed/food demand ratio remained stable and supply has not lagged
behind. Conversely, the total supply of cereals increased by 46 percent over the last 24
years (1980 to 2004). In real terms (constant US$) international prices for grains have
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halved since 1961 (FAO, 2006). Expanding supply at declining prices has been brought
about predominantly by intensification of existing cropped area and to a lesser extent
by area expansion (globally, the areas of cereal harvested shrank by 5.2 percent over
the same period).
Intensification draws on other technical improvements, such as genetics, health and
farm management. Advances in technology go with an increasing reliance of producers
on external service providers and with the specialization of production units. The
tendency is to shift from backyard and mixed systems to commercial, single product
operations.
Scaling up
Economies of scale (cost reductions realized through increasing the size of operations)
at various stages of the production process trigger the creation of large production
units. As a result, the number of producers rapidly diminishes even though the
sector as a whole may expand. In many rapidly growing economies, the average size
of operations is increasing and the numbers of livestock producers are in decline. In
Brazil, between 1985 and 1996, pig farms with more than 200 animal places doubled
as a proportion of the total number of farms (Sant’Ana de Camargo Barros et al.,
2003). In Thailand the proportion of large farms (more than 100 pig places) grew
from 17 to 46 percent between 1993 and 1998 (Poapongsakorn et al., 2003). Similarly,
in Southern Luzon region of the Philippines, one of the main pig producing regions,
pigs held in backyards remained fairly stable in number from 1980 to 2000, while
the pig numbers in commercial farms grew almost fourfold (Costales, Gerber and
Steinfeld, 2006).
Geographical concentration
As countries industrialise, livestock production follows a pattern of relocation.
Traditionally, livestock production is based on locally available feed resources.
The distribution of ruminant livestock can be explained by the availability of such
resources, while the distribution of pigs and poultry follows closely that of humans,
because of their role as waste converters.
As soon as urbanization and economic growth translate rising incomes into “bulk”
demand for animal food products, large scale operators emerge that are initially
located close to towns and cities. Livestock products are highly perishable, and their
conservation without chilling and processing poses serious problems. Therefore, until
effective transport infrastructures are developed, livestock are produced close to where
the demand is.
Policy environment
Livestock public policies can be seen as forces that add to the drivers described above,
and influence changes in the sector with the aim of achieving an identified set of societal
objectives. Policies are designed and adjusted, taking into account the state of markets,
available technologies and natural resources (the drivers previously described), and the
current status of the sector. Experience in both developed and developing countries
confirms that a laissez-faire approach, simply standing back and allowing market
forces to play out, is not a viable option. In the absence of effective policies, many
of the hidden costs of increased livestock production – cleaning up the environment,
expanding safety nets and economic opportunities for poor traditional livestock
owners, and fending off threats to veterinary and human public health, are eventually
charged to governments and the public.
From this standpoint, public policies are both drivers of and responses to changes
in the livestock sector. At any point in time, policies that are in existence and enforced
are drivers of change, while policies in preparations are part of the public response to
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changes. The main regulatory and policy frameworks that have influenced the sector
include:
• market regulation, regulation of Foreign Direct Investment, regulation on
property rights (including intellectual property), and regulations on credit that
shape the “investment climate” in a country;
• institutional and regulatory frameworks regarding the ownership and access to
land and water resources;
• labour policy, including regulations affecting the cost of labour, the employment
of migrant labourers and working conditions;
• mobility, security and migration policies, which particularly affect mobile forms
of livestock production such as pastoralism;
• incentive frameworks, which shape relative competitiveness and production levels
and practices; farm subsidies in OECD countries (US$257 billion in 2003) have,
for example, substantially contributed to increased production levels;
• sanitary standards and trade policies, as previously discussed have direct impacts
on competitiveness and access to national and international markets; and
• environmental policies have affected farm practices and, to a limited extend,
increased the relative competitiveness of production in countries where
environmental regulations are less stringent or not enforced.
ENVIRONMENTAL ISSUES ASSOCIATED WITH LIVESTOCK PRODUCTION4
The changes detailed in the previous section are not neutral with regards to the
sector’s environmental impacts. Increasing herd size generally causes overall increasing
damages. Technology changes can, in contrast, either improve or worsen environmental
performances expressed in impact per unit of product. The combination of these two
factors determines the trend of environmental impacts. This section reviews the sector’s
role in today’s major global environment issues.
Land use
Today, the livestock sector is a major land user, spanning more than 3.9 billion
hectares, representing about 30 percent of the world’s surface land area. The intensity
with which the sector uses land is however extremely variable. Of the 3.9 billion
hectares, 0.5 are crops, generally intensively managed; 1.4 are pasture with relatively
high productivity and; the remaining 2.0 billion hectares are extensive pastures with
relatively low productivity. The sector is the first agricultural land user, accounting
for about 78 percent of agricultural land and as much as 33 percent of the cropland.
If the bulk of lands used by livestock are pastures, feedcrops are now estimated to
account for 0.5 billion hectares, or about 34 percent of all crop land. Driven by a
growing demand for livestock products, these figures will continue to increase. As
the livestock sector develops, however, not only its land requirements grow, but the
sector undergoes a geographical transition involving changes in land use intensity and
geographical distribution patterns.
The first aspect of this transition is land use intensification. It relates to feed supply,
the main purpose for which the sector uses land (either directly as pasture or indirectly
as feedcrops). Feedcrops and cultivated pastures intensify in areas with developed
transport infrastructure, strong institutions and high agro-ecological suitability. Figure
2 shows the marked difference in growth rates between the global areas dedicated to
pasture and feed production, compared to the meat and milk outputs of the sector. This
increasing productivity is the consequence of strong intensification of the sector on a
4

This section draws on a recent assessment prepared by the Livestock, Environment and Development
(LEAD) Initiative, entitled “Livestock’s Long Shadow - Environmental Issues and Options” (Steinfeld
et al. 2006).
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FIGURE 2

Global trends in land area used for livestock production and total production of meat
and milk
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global scale. The shift from ruminant species to monogastric species fed on improved
diets plays a critical role in this process.
The growth in demand for livestock products will probably still play a dominant
role over the next decades and lead to a net increase in the area dedicated to livestock,
despite the intensification trend. Extensive pastures and feedcrop production will
expand into natural habitats with low opportunity cost. It is however likely that the
bulk of pasture and feedcrop spread has already occurred, and that the intensification
process will soon overcome the trend for area expansion, leading to an eventual net
decrease in the area under pasture and feedcrops.
There are regional variations to these global trends. In the European Union, and
more generally in OECD countries, the growth of meat and milk production happened
at the same time as a reduction in the area dedicated to pasture and feedcrops. Part
of the reduction in local feedcrop area was however compensated by feed imports,
in particular from South America. Indeed the comparable trends in South America
show a strong growth of feedcrop areas. Feedcrops grew especially rapidly in the
1970s and late 1990s, when first developed countries and then developing countries
engaged in livestock industrialization and started importing protein feed. This is for
example currently under way in East and Southeast Asia, where production has grown
dramatically faster than the area under feedcrops and pasture (which has remained
stable). This difference in growth rates has been achieved by importing feed resources,
and also through a rapid intensification of the livestock industry involving breed
improvement, improved animal husbandry and a shift to poultry.
The second feature of livestock’s geographical transition lies in the changing spatial
distribution of production. Production and consumption mostly do not coincide
anymore, as most consumption is now located in urban centres, far from the feed
resources. The livestock sector has adapted to this new configuration by splitting
up the commodity chain and locating each specialized production or processing
segment where production costs are minimized. With the development of transport
infrastructure, shipment of animal products is getting relatively cheap in comparison
with other production costs. The trend towards more processed foods further
contributes to reducing transport costs. Livestock production therefore moves closer
to feed resources, or to places where the policy context (tax regime, labour standards,
environmental standards), as well as access to services or disease conditions, minimize
production costs. In essence, livestock is thus moving from a “default land user”
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strategy (i.e. as the only way to harness biomass from marginal lands, residues and
interstitial areas) to an “active land user” strategy (i.e. competing with other sectors for
the establishment of feedcrops, intensive pasture and production units).
This process leads to efficiency gains in the use of resources. However it usually
develops within a context of environmental and social externalities which are mostly
unaddressed, and inadequate pricing of resources on the basis of private rather than
social costs. As a consequence, changes in livestock geography are associated with
substantial environmental impacts. For example, the private costs of transport are
distortedly low and do not reflect social costs. The increasing agricultural intensification
is associated with profound land degradation problems. The continuous expansion of
agriculture into natural ecosystems causes climate change and biodiversity loss. The
disconnection of livestock production from its feed base creates inadequate conditions
for good waste management practices, which often cause soil and water pollution as
well as green house gas emissions.
On current trends, the ecological footprint of the livestock sector will increase because
of land use expansion and land degradation. Confronting the global environmental
challenges of land use will require assessing and managing the inherent trade-offs
between meeting the current demand for animal-derived foods, and maintaining
the capacity of ecosystems to provide goods and services in the future. Ultimately,
reaching a sustainable balance will require adequate pricing of natural resources, the
internalization of externalities and the preservation of key ecosystems.
Climate change
Animal agriculture emits green house gases at various levels of the food chain:
feedcrops and pasture (mainly N2O and NH3); animal (mainly CH4 from enteric
fermentation); manure (CH4, NH3, and N2O, to a lesser extent); and transport and
other fossil fuel consumption (mainly CO2 and N2O). In ruminant based systems,
enteric fermentation and emissions from manure represent the bulk of emissions,
whereas manure management and feed production represent the bulk of emissions
associated with monogastrics.
Overall, livestock activities contribute an estimated 18 percent to total anthropogenic
greenhouse gas emissions from the five major sectors for greenhouse gas reporting:
Energy, Industry, Waste, Land Use, Land Use Change and Forestry (LULUCF) and
Agriculture. Taking agriculture alone, livestock constitute nearly 80 percent of all
emissions from the agricultural sector. We summarize below the impact for the three
major greenhouse gases.
Carbon dioxide
When deforestation for pasture and feedcrop land, and pasture degradation are
taken into account, livestock-related emissions of carbon dioxide are an important
component of the global total (some 9 percent). However, as can be seen from the
many assumptions made in preceding sections, these totals have a considerable degree
of uncertainty. LULUCF sector emissions in particular are extremely difficult to
quantify and the values reported to the (United Nations Framework Convention on
Climate Change) UNFCCC for this sector are known to be of low reliability. This
sector is therefore often omitted in emissions reporting, although its share is thought
to be important.
Although small by comparison to LULUCF, the livestock food chain is becoming
more fossil fuel intensive, which will increase carbon dioxide emissions from livestock
production. As ruminant production (based on traditional local feed resources) shifts
to intensive monogastrics (based on food transported over long distances), there is a
corresponding shift away from solar energy harnessed by photosynthesis, to fossil
fuels.
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TABLE 1

Current yearly total and animal food production induced emissions of carbon dioxide,
expressed in billion tonnes CO2. Livestock emissions are attributed to the main production
system. Values between brackets are or include emission from the Land Use, Land Use Change
and Forestry category
Source

Mainly related to
extensive systems

Mainly related to intensive systems

Livestock activities
- N fertilizer production

0.04

- on farm fossil fuel, feed

~0.06

- on farm fossil fuel, livest.
- deforestation

~0.03
(~1.7)

- cultivated soils, tillage

(~0.02)

- cultivated soils, liming
- desertification of pasture

(~0.7)
(~0.01)

(~0.1)

- processing

0.01 – 0.05

- transport

~0.001

Total livestock activities

~0.16 (~2.5)

Total anthropogenic emissions

24 (~31)

Livestock activities within total

~0.7 percent (~8 percent)

Table 1 summarizes livestock’s overall impact on carbon dioxide emissions, by
source, and by type of production system.
Methane
For methane emissions, the leading role of livestock has long been a well-established
fact. Together, enteric fermentation and manure represent some 80 percent of
agricultural methane emissions and about 35 to 40 percent of the total anthropogenic
methane emissions. With the decline of ruminant livestock in relative terms, and the
overall trend towards higher productivity in ruminant production, it is unlikely that the
importance of enteric fermentation will grow much more. However, methane emissions
from animal manure, although much lower in absolute terms, are considerable and
growing rapidly.
Nitrous oxide
Livestock activities contribute in a major way to the emission of nitrous oxide, the
most potent of the three major greenhouse gases. They contribute almost two thirds of
all anthropogenic N2O emissions, and 75–80 percent of agricultural emissions. Current
trends suggest that this level will substantially increase over the coming decades.
Technical options are available to mitigate gaseous emissions of the sector. CO2
emissions can be limited by reducing deforestation (e.g. promoting agricultural
intensification) and the sector can contribute to carbon sequestration through a range
of practices including: restoring organic carbon to cultivated soils, reversing soil
organic carbon losses from degraded pastures and sequestration through agro-forestry.
Improved efficiency and diets as well as better manure management can substantially
reduce methane emissions, while careful nutrient management (i.e. fertilization, feeding
and waste recycling) can mitigate N2O emissions and NH3 volatilization. Among the
technical options available, those that contribute to the mitigation of several gases at a
time (anaerobic digestion of manure), as well as those that provide other environmental
benefits in parallel (e.g. pasture management) deserve special attention.
Water resource depletion
The water used by the sector exceeds 8 percent of the global human water use. The
major part of this is water used for feed production, representing 7 percent of the
global water use. Although it may be of local importance, for example in Botswana
or in India, the water used for product processing and animal drinking and servicing
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remains insignificant at global level (below .1 percent of the global water use and less
than 12.5 percent of the water use by the livestock sector).
Evaluating the role of the livestock sector on water depletion is a much more complex
process. The volume of water depleted is only assessable for water evapotranspired by
feedcrops during feed production. This represents a significant share of 15 percent of
the water depleted every year.
The contribution of the livestock sector to water depletion is not easily quantified
with our current knowledge but there is strong evidence that the sector is a major
driver. The volume of water evapotranspired by feedcrops represents a significant share
(at 15 percent) of the water depleted every year. In the sediments and nutrients are
considered to be the main water-polluting agents. The livestock sector is responsible
for an estimated 55 percent of erosion and for 32 percent and 33 percent respectively
of the N and P load into freshwater resources. The livestock sector makes a strong
contribution to water pollution by pesticides (37 percent of the pesticides applied
in the United States of America), antibiotics (50 percent of the volume of antibiotics
consumed in the United States of America) and heavy metals (37 percent of the Zn
applied on agricultural lands in England and Wales.
Livestock land use and management appear to be the main mechanism through
which livestock contribute to the water depletion process. Feed and forage production,
manure application on crops, and land occupation by extensive systems are among the
main drivers for unsustainable nutrient, pesticide and sediment loads in water resources
worldwide. The pollution process is often diffuse and gradual and the resulting impacts
on ecosystems are often not noticeable until they become severe. Therefore, the
pollution process is often extremely hard to control, especially when it is taking place
in areas of widespread poverty.
The pollution resulting from industrial livestock production (consisting mainly of
high nutrients loads, increased BOD and biological contamination) is more acute and
more noticeable than from other livestock production systems, especially when it takes
place near urban areas. As it impacts human well-being very directly, and is easier to
control, mitigating the impact of industrial livestock production usually receives the
strongest emphasis among policy-makers.
Livestock production has diverse and complex regional impacts on water use and
depletion. These impacts can be assessed through the concept of “virtual water” – defined
as the volume of water required to produce a given commodity or service (Allan, 2001).
For example, one litre of milk requires an average 990 litres to produce (Chapagain and
Hoekstra, 2004). “Virtual water” is of course not the same as the actual water content
of the commodity: only a very small proportion of the virtual water used is actually
embodied in the product (e.g. 1 out of 990 litres in the milk example). Virtual water used
in various segments of the production chain can be attributed to specific regions. In the
case of intensive livestock production, virtual water for feed production may be used in
a different region or country from water used directly in animal production.
Differences in virtual water used for different segments of livestock production may
be related to differences in actual water availability. This partly helps to explain recent
trends in the livestock sector (Naylor and Steinfeld, Science, 2005; Costales et al.,
Livestock report FAO, 2006) where there has been an increased spatial segmentation
at various scales of the animal food chain, especially the separation of animal and feed
production. The latter is already clearly discernable at national as well as sub-national
level when the map of main global feed production areas is compared to the distribution
of monogastric animal populations. At the same time international trade of the final
animal products has increased strongly. Both changes lead to increased transport and
strongly enhanced global connectivity.
These changes can be considered in the light of the uneven global distribution of
water resources. In developing regions, renewable water resources vary from 18 percent
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of precipitation and incoming flows in the most arid areas (Near East/North Africa)
where precipitation is a mere 180 mm/year, to about 50 percent in humid East Asia,
which has a high precipitation of about 1 250 mm/year. Renewable water resources are
most abundant in Latin America. National level estimates conceal very wide variations
at sub-national level – where environmental impacts actually occur. China, for instance,
faces severe water shortages in the north while the south still has abundant water
resources. Even a water-abundant country like Brazil faces shortages in some areas.
Regional specialization and increased trade can be beneficial to water availability in
one place, while in another it may be detrimental.
Spatial transfer of commodities (instead of water) theoretically provides a partial
solution to water scarcity by releasing pressure on scarcely available water resources at
the receiver end. The importance of such flows was first evaluated for the case of the
Middle East, i.e. the most water-challenged region in the world, with little freshwater
and negligible soil water Allen (2003). The livestock sector clearly alleviates this water
shortage, via the high virtual water content of the increasing flows of imports of animal
products (Chapagain and Hoekstra, 2004; Molden and de Fraiture, 2004). Another
strategy for saving local water by using “virtual water” from elsewhere is to import
feed for domestic animal production, as in the case of Egypt which imports increasing
quantities of maize for feed (Wichelns, 2003). In the future, virtual flows like these are
likely to significantly increase the impact of the livestock sector on water resources,
considering that a great deal of the rapidly increasing demand for animal products is
met by intensive production of monogastrics, relying heavily on the use of water-costly
feed.
But the global flows of virtual water also have an environmental downside. They
may even lead to harmful environmental dumping if the environmental externalities
are not internalized by the distant producer: in water-scarce regions like the Middle
East the availability of virtual water from other regions has probably slowed the pace
of reforms that could improve local water efficiency.
Multiple and effective options for mitigation exist in the livestock sector that would
allow to reverse current water depletion trends. Mitigation options usually rely on
three main principles: reduced water use (e.g. improved irrigation efficiency and animal
cooling systems), reduced depletion process (e.g. increased water productivity and
mitigated pollution from waste management and feedcrop fertilization) and improved
replenishment of the water resources through better land management.
Biodiversity erosion
The Millennium Ecosystem Assessment Report (2005) identifies the most important
direct drivers of biodiversity loss and ecosystem service changes as:
• habitat change (such as land use changes, physical modification of rivers or
water withdrawal from rivers, loss of coral reefs, and damage to sea floors due to
trawling);
• climate change;
• invasive alien species;
• overexploitation; and
• pollution.
The livestock sector contributes to all these mechanisms and in particular to habitat
change, climate change and pollution. The overall cumulative loss from extensive
systems to date is much higher than that induced by the more intensive systems.
This legacy is partly explained by the incomparably higher land requirements of
extensive systems, and partly by the fact that intensive systems appeared only a few
decades ago. It is however estimated that for a number of processes, losses induced
by intensive system in the future are increasing rapidly and may well surpass those
of the more extensive ones. Some processes are related only to extensive systems (e.g.
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desertification), others only to intensive systems (e.g. overfishing). The most dramatic
losses in the past have been caused by extensive grazing, in the forms of forest
fragmentation/deforestation and alien plant invasions, and by intensive systems, in
the form of habitat pollution.
Conversion of forest to pasture continuous to be an important process of biodiversity
loss in Latin America, but this situation is rather atypical. At the global level, the land
requirements of the livestock sector may soon reach a maximum and then decrease.
More marginal land will revert back into (semi) natural habitat, and from there, under
some circumstances, it may lead to biodiversity recovery.
International conservation organizations have collected vast amounts of data on the
global status of biodiversity over the past decades. Data from organizations like the
World Wildlife Fund (WWF), Conservation International and the World Conservation
Union (IUCN) contain information on the nature of current threats to biodiversity.
These data collections, even though they do not cover the entire range of livestock
related processes, provide clear evidence that the livestock sector’s role in biodiversity
erosion is very substantial.
An analysis for this report of the 825 terrestrial ecoregions identified by WWF
shows that 306 of them reported livestock as one of the current threats - even though
pollution from livestock is not considered, and important segments of the animal
product food chain are ignored. The ecoregions threatened by livestock are found
across all biomes and all eight biogeographical realms.
The effect of livestock on biodiversity hotspots may indicate where livestock
production is having the greatest impact on biodiversity. Conservation International
has identified 35 global hotspots which are characterized both by exceptional levels of
plant endemism and by serious levels of habitat loss.5 Twenty three of the 35 biodiversity
hotspots are reported to be affected by livestock production. The reported causes
are related to habitat change and associated with the mechanisms of climate change,
overexploitation and invasive alien species. Major reported threats are: conversion of
natural land to pastures (including deforestation), planting of soybean for animal feed,
introduction of exotic fodder plants, use of fire for pasture management, overgrazing,
persecution of livestock predators and feral livestock. The role of the livestock sector
in aquatic impacts (pollution and overfishing) is not singled out.
An analysis for this report of the IUCN Red List of Threatened Species, the
world’s most authoritative source of information on extinction risk, indicates that the
10 percent of the world’s species which face some degree of threat are suffering habitat
loss from livestock production. Livestock production appears to have more impacts on
terrestrial than on freshwater and marine species, as the important effects of habitat loss
and habitat degradation are most significant on land.
A number of technical options could lessen the impacts of intensive livestock
production. Concerning feed cropping and intensive pasture management, integrated
agriculture provides a technology response by reducing pesticide and fertilizer losses.
Conservation agriculture could restore important soil habitats and reduce degradation.
Combining such local improvements with restoration or conservation of an ecological
infrastructure at the landscape level and the adoption of good agricultural practices
(sanitary measures, proper handling of seed lots avoiding contaminants, etc.) may
offer a good way of reconciling the conservation of ecosystem functioning and the
expansion of agricultural production. Improvements in extensive livestock production
systems can also make a contribution to biodiversity conservation. Successfully tested
5

The hotspot approach aims to identify the places where the most threatened biodiversity needs to receive
the most urgent action. To qualify as a hotspot, a region must meet two strict criteria: it must contain at
least 1 500 species of vascular plants (> 0.5 percent of the world’s total) as endemics, and it must have lost
at least 70 percent of its original habitat.
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options exist to restore some of the habitat lost by expansion of badly managed grazing
land. In some contexts (e.g. Europe) extensive grazing may provide a tool to maintain a
threatened but ecologically valuable level of landscape heterogeneity. Such options are
commonly grouped under the denominator “silvopastoral systems”.
Differences between species, products and production systems
There are huge differences in environmental impact between the different forms of
livestock production, and even the species.
Cattle provide a multitude of products and services, including beef, milk, and traction.
In mixed farming systems, cattle are usually well integrated in nutrient flows and can
have a positive environmental impact. In developing countries, cattle and buffaloes still
provide animal draught for field operations, and in some areas, animal traction is on the
increase (parts of sub-Saharan Africa) so that animals substitute for potential fossil fuel
use. Livestock also use crop-residues some of which would otherwise be burned, thus
making net contributions to environmental objectives. However, cattle in extensive
livestock production in developing countries are often only of marginal productivity.
As a result, the vast majority of feed is spent on the animal’s maintenance, leading to
resource inefficiencies and high levels of environmental damage per unit of output.
The dairy sector is much better connected to land than is the case for other forms
of market-oriented production. Most milk operations tend to be close to areas of feed
supply because of their daily demand for fibrous feed, and so they are predominantly
well integrated with nutrient flows, although excessive use of nitrogen fertilizer
on dairy farms is one of the main causes of high nitrate levels in surface water in
OECD countries. There is a risk of soil and water contamination by large-scale dairy
operations, as witnessed by “dairy colonies” in South Asia, and by industrial-type
operations in North America and increasingly also in China. Dairy production is also
labour-intensive and less subject to economies of scale. Therefore, dairy is the livestock
commodity where small-scale or family-based operations can resist market pressures
for longer than is the case for poultry or pork.
Beef is produced in a wide range of intensities and scales. At both ends of the intensity
spectrum there is considerable environmental damage. On the extensive side, cattle are
instrumental in degradation of vast grassland areas and are a contributing factor to
deforestation (pasture conversion), and the resulting carbon emissions, biodiversity
losses and negative impacts on water flows and quality. On the intensive side, feedlots
are often vastly beyond the capacity of surrounding land to absorb nutrients. While in
the feedlot stage the conversion of concentrate feed into beef is far less efficient than
into poultry or pork, and therefore beef has significantly higher resource requirements
per unit than pork or poultry. However, taking the total life cycle into account,
including the grazing phase, concentrate feed per kilogram of growth is lower for beef
than for non-ruminant systems (CAST, 1999).
The production of sheep and goats is usually extensive. Except for small pockets
with feed lots in West Asia and North America, intensive production based on
feed concentrate barely exists. The capacity of small ruminants, in particular goats
- to grow and reproduce under conditions otherwise unsuitable for any form of
agricultural production - makes them useful and very often essential to poor farmers
pushed into these environments for lack of alternative livelihoods. Because of their
adaptive grazing, sheep and goats have extended their reach further into arid, steep and
otherwise marginal territory than cattle. The browsing of goats affects land cover and
the potential for forest re-growth. Under overstocked conditions, they are particularly
damaging to the environment, through degradation of vegetative cover and soil.
However, the low economic value of sheep and goat production means that it does not
usually lead directly to mechanized large scale deforestation, as is the case for cattle
ranching in Brazil.

49

50

Comparative assessment of the environmental costs of aquaculture and other food production sector

Extensive pig production, based on use of household waste and agro-industrial byproducts, performs a number of useful environmental functions by turning biomass
of no commercial value – and that otherwise would be waste – into high-value animal
protein. However, extensive systems are incapable of meeting the surging urban demand
in many developing countries, not only in terms of volume but also in sanitary and
other quality standards. The ensuing shift towards larger-scale grain-based industrial
systems has been associated with geographic concentration, to such extents that land/
livestock balances have become very unfavourable, leading to nutrient overload of
soils and water pollution. China is a prime example of these trends. Furthermore, most
industrial pig production in the tropics and sub-tropics uses waste-flushing systems
involving large amounts of water. This becomes the main polluting agent, exacerbating
negative environmental impact.
Poultry production has been the species most subject to structural change. In OECD
countries production is almost entirely industrial, while in developing countries it is
already predominantly industrial. Although industrial poultry production is entirely
based on feed grains and other high value feed material, it is the most efficient form of
production of food of animal origin (with the exception of some forms of aquaculture),
and has the lowest land requirements per unit of output. Poultry manure is of high
nutrient content, relatively easy to manage and widely used as fertilizer and sometimes
feed. Other than for feedcrop production, the environmental damage, though perhaps
locally important, is of a much lower scale than for the other species.
In conclusion, livestock-environment interactions are often diffuse and indirect; and
damage occurs at both the high and low end of the intensity spectrum, but is probably
highest for beef and lowest for poultry.
COMPARISON WITH OTHER FOOD PRODUCTION SYSTEMS
The world population of 6.0 billion of 2000 is projected to grow to 8.1 billion
in 2030 and to 8.9 billion in 2050 (UN, 2005). Despite the drastic fall in the
growth rate, the absolute annual increment continues to be large. Practically,
all increase will come from developing countries, and in particular from subSaharan Africa (by 2050, 18 million of the 26 million added annually to the world
population will be in sub-Saharan Africa). In parallel, per capita food consumption
is expected to grow from 2 789 kcal/person/day in 2000 to 3 040 in 2030 and
3 130 in 2050. The gains predominantly take place in developing countries where per
capita consumption is projected to increase from 2 654 kcal/person/day in 2000 to 2 960 in
2030 and 3 070 in 2050; generally driven by economic growth.
The agricultural sector will have to supply such growing demand in a context of
limited natural resources (e.g. land, water, fossil fuel) and often saturated or declining
ecosystem services (e.g. natural water depuration, food production from natural
ecosystems such as oceans). In addition, there will be increasingly pressure from
the civil society to reduce the environmental impacts from agriculture and improve
environmental quality.
Against this background, the comparative assessment of environmental costs across
food production sectors appears to be of prime importance. The assessment can be
conducted at various levels, to support different types of decision making. According
to the level of aggregation and the final user of the results, the analyst shall select
specific techniques to evaluate and compare environmental impacts.
As demonstrated by other papers in this report, the analysis at sector level (e.g.
livestock and fisheries) can be conducted either globally or nationally to support
decisions in the area of public investment and national policies for sector development.
Potential users of results are the “global community” (e.g. Global Environment
Facility, United Nations, donors, international Non-Governmental Organizations)
and national policy makers. Suitable techniques are those that can support a high level

Environmental impacts of a changing livestock production

of aggregation, such as Material Flow Analysis (MFA), Energy Analysis (EA), Human
Appropriation of Net Primary Production (HANPP) or Cost Benefit Analysis (CBA).
Implementing such analysis would require substantial data collection efforts to capture
the variability of production systems and of their environmental impacts.
Analysis at product level (e.g. frozen chicken wings versus smoked salmon) can
support consumers’ purchasing decisions. The LCA or Ecological Footprint can
provide aggregated indicators that are easily understood by the consumer. The issue
with such level of analysis is that results are specific to the selected product, varying
with origin, production system, processing technique and distribution mode. They
therefore may suffer from being rather anecdotic.
Conducting the analysis at sub-sector level (e.g. landless poultry production versus
salmon aquaculture) may represent an adequate compromise in terms of data collection
and representativity of results, both for the consumer and for policy making. Results
from such compared analysis could also provide useful information and incentive
to the private sector to identify key areas for the improvement of environmental
performance.
The LEAD Initiative experience
Since 1997, the Livestock, Environment and Development (LEAD) Initiative, a
multidonor project based at FAO/AGA has assessed these impacts and tested policy
options to reduce the sector’s environmental impact. LEAD prepared a first global
assessment of environmental impacts associated with livestock production in 1998 (De
Haan et al., 1998; Steinfeld et al., 1998). The assessment was made using a livestock
production classification (grazing; mixed; industrial) adapted from Sere and Steinfeld
(1996) as entry point for the analysis. Impacts on the environment were grouped under
land, water, air and biodiversity.
The perspective is inverted in the new assessment of livestock and environment
interactions prepared by LEAD and that served as a basis for the previous section. The
analysis is structured along the main global environment issues: land scarcity, depletion
of water resources, climate change and biodiversity erosion. For each issue, the relative
contribution of livestock is investigated.
The shift from a livestock system centred approach to a global environment centred
approach has a number of advantages. In particular, the latter allows analysing the
livestock sector in its context, i.e. as one of the human activities impacting the global
environment. The main strength and weaknesses of the two approaches are included
in Table 2.
On the basis of these two assessments, LEAD could draw a global picture of
environmental impacts associated with livestock production, raise awareness, indicate
technical and policy options and identify priority issues and geographical areas for
action. The assessments however fell short of expressing the efficiency of the livestock
food chain, in terms of natural resource use and emissions per unit of delivered product.
These elements are critical to the responsible policy maker and consumer who want to
compare the environmental impacts of animal derived foods to other foodstuffs.
Responding to such questions may require using complementary methodologies.
Life Cycle Assessment (LCA) may prove useful in this regard. The literature provides
only few examples of LCA methodology applied to the livestock sector. These include
a national livestock sector analysis in Sweden , the comparison of intensive, extensive
and organic grassland farming in Germany (Haas, Wetterich and Köpke, 2001), the
evaluation of livestock manure management practices (Sandars et al., 2002) and the
assessment of Galician milk production (Hospido, Moreira and Feijoo, 2003). These
examples tend to show that for well defined products and corresponding food chain, the
LCA yield valuable results. However, Cederberg (2002) concludes from her research
at national level that considering the complexity of livestock production, the variety of
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TABLE 2

Strength and weaknesses of the two approaches used by LEAD to evaluate environmental
impacts associated with livestock production
Approach

Approach
based on a
Farming Systems
perspective

Approach based
on a Global
Environment
Issues perspective

Strengths

− results are well understood by the
“livestock community”
− direct link between assessment and
technical options for improved livestock
management, i.e. help to answer
questions such as what are the key
environmental management issues for
each farming system?
− the assessment provides the basis for
prioritizing action with regard to the
global environment, i.e. to answer
questions such as where to start to
reduce the contribution of livestock to
climate change?

Weaknesses

− comparison with other food
production sectors is nearly
impossible
− no overall assessment of the role of
livestock in global environment issues
− only production is considered: no
“food chain approach”
− global perspective, lack of connection
with practical livestock management

− can support a food chain approach

− do not support integrated assessment
of all environmental impacts
associated with specific products: the
analysis is segmented along global
environment issues

− set the bases for comparison with other
food production sectors and integrated
assessment such as Live Cycle Analysis

− does not evaluate environmental
efficiency with regard to resource use
or emissions

− results are well understood by the
“environment community”

production systems and its interaction with all the environment compartments, LCA
can not represent as a sole basis for their comprehensive assessment.
There are indeed a number of peculiarities to the livestock sector that tend to cause
complexity in assessing its environmental impacts: i) tight connection to the land:
extended land use and wide range of land use types, from extensive pastoralism to
intensive feedcrop production and industrial land use; ii) large impact on water cycles, in
terms of use (feed production), pollution (animal and feed production), and replenishment
(pasture management) and iii) wide range of traded products, at various levels of the food
chain: fertilizers, feed, live animals, primary products, processed products.
Comparing livestock and aquaculture production; the central role of feed
production
We have shown in section 3 that most of the environmental impacts associated with
intensive livestock production are associated with feed production, processing and
transport. This is particularly true with monogastric production. Animals are however
not the sole users of crops, crop wastes and by-products. The food crop, aquaculture
and energy sectors are competing users, thus indirectly competing with livestock for
land and water resources.
FAO projections suggest that the share of cereals used as feed will remain roughly
stable until 2030, driving cereal production growth from 1.9 to 2.8 billion tonnes
between 1997/99 and 2030. An increasing share of this feed use will be taken by the
aquaculture industry, which is expected to grow at four to six percent per year to 2015,
and two to four percent per year over the following 15 years (FAO, 1997). Indeed,
with feed conversion ratios6 better than those for livestock. Aquaculture will become
a significant competitor to monogastric species in regions such as South East Asia and
Sub-Saharan Africa.
The use of soybean meal as feed grew even more sharply, soaring from ca. 20 million
tonnes in the 1970s to over 120 million tonnes in the early 2000s. Part of that increase
came from the strong demand for fishmeal from the fast expanding aquaculture sector,
which, with a rather inflexible supply of fishmeal, forced the livestock sector to
search for other protein substitutes in livestock feed. Aquaculture is more dependent
6

Fish are cold-blooded, use less energy to perform vital functions and do not require the heavy bone
structure and energy to move on land. Fish catabolism and reproduction is also more efficient.
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on fishmeal (and fish oil) than terrestrial animals, and the share of fishmeal used by
aquaculture grew from 8 percent in 1988 to about 35 percent in 2000 (Delgado et
al., 2003) and 45 percent in 2005 (World Bank, 2006) despite efforts to reduce the
proportion of such products in the fish feed ration. Another factor is the prohibition
of using animal offal in animal feed to reduce the risk of mad-cow disease, which put
more pressure on the production of vegetable protein for animal feed.
How livestock and aquaculture will compete for feed resources is uncertain.
Products from fish fed on similar feed as livestock (e.g. tilapia) may be increasingly
substituted for livestock products. Because of their substantially better feed conversion
ratio than livestock (typically 1.6 to 1.8 for tilapia), aquaculture may play the role
poultry played in the past, depressing feed demand for cereals. Although possible,
a significant shift to fish products would however require both the organization of
supply chains and changes in consumers’ preference and would thus probably only
occur over a long period. The development of comparative environmental analysis
would help in designing public policies to ensure that this competition for resources
improves the efficiency of their use.
CONCLUSION
The rapid growth of the livestock sector and the technical and structural transformations
that go with it shape the environmental impacts of the sector. This paper has shown
the substantial impact the sector has on major environmental issues such as land
degradation, climate change, water depletion and biodiversity erosion. Most impacts
relate to feed production, either in the form of crops or pastures; waste management and
enteric fermentation further contributing to water depletion and GHG emissions.
In a context of rapidly growing food demand, we identify a need for the comparative
assessment of food production chains and their respective environmental impacts;
with sub-sectoral level being identified as a potentially relevant degree of aggregation.
Comparative assessments are specially relevant in the case of highly substitutable
products or where new food chains are rapidly developing and require public policies
to guide food production on a sustainable path.
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ABSTRACT
With human population and per capita incomes increasing it seems inevitable that the
demand for food will grow in the future. Meeting this increasing demand requires
decisions about which food production systems to encourage over the alternatives. In
this paper, I review the use of economic analysis in making comparative assessments of
the social benefits and costs of food production systems, concentrating on aquaculture
and comparable intensive terrestrial systems. After setting out the basic approach used
in cost-benefit analysis, I examine specific issues arising in applying this method to the
comparative analysis of food production systems. These include the relative importance
of private versus external costs, depletion of natural capital, and different perspectives
in capturing the full social costs of production. Subsequently, I present several case
studies to illustrate the approach. This is followed with a discussion of the strengths
and limitations of the economic analysis approach, particularly in light of competing
approaches for such assessments. Finally, the paper concludes with a summary of the
findings and identification of key gaps in our knowledge that should be the subject of
future research.

INTRODUCTION
With human population and per capita incomes increasing it seems inevitable that the
demand for food will grow in the future (Rosegrant et al., 2001). Meeting this increasing
demand requires decisions about which food production systems to encourage over
the alternatives. The recent rise in aquaculture production is a case in point. Globally,
cultured shrimp production has risen from a negligible amount in the mid-1970s to
almost 30 percent of total shrimp production (including capture shrimp fisheries) in
the last few years (FAO, 2000), while global aquaculture production doubled between
1

djk@sfu.ca

56

Comparative assessment of the environmental costs of aquaculture and other food production sector

1986 and 1996 (Naylor et al., 2003). Should such production be encouraged over
intensive terrestrial food production systems? How best to answer such a question and
what are the key issues? Certainly, one must be cognizant of the full range of impacts
arising from food production systems.
Shang and Tisdell (1997) provide a list of possible impacts from aquaculture
development (Table 1). These include both positive and negative effects across a wide
range of activities. Clearly, environmental damages are a key concern, one that has been
expressed by a large number of researchers and advocacy groups (Naylor et al., 2003,
EJF, 2004). However, environmental costs are also cited as an important factor in the
production of food in terrestrial systems, both intensive and extensive (Conway and
Pretty, 1991). Several attempts have been made over the last several decades to place the
environmental costs of food production on a common footing with either production
costs or the retail value of food items (Pretty et al., 2005; Smith, 1992; Adger and
Whitby, 1991). For example, Pretty et al. (2005) state the environmental costs of food
production as a percentage of the weekly food basket in the United Kingdom in 2000,
finding that this amounts to about 1.69 percent (Table 2). Their analysis suggests that
methane and other gaseous emissions to the atmosphere and effects of micro-organisms
on human health account for just over half of the total environmental impact of the
food basket.
Economic analysis provides one set of tools for assessing the environmental costs
of production decisions and cost-benefit analysis (CBA) is usually the appropriate
methodology. It involves identifying the full range of benefits and costs of an action,
monetizing these using appropriate market or “shadow” prices and then determining
the ‘net impact’ of the action. Implicit in CBA is the objective of maximizing net
economic benefits from a human welfare perspective given a finite set of options.
However, CBA requires detailed information on the impacts to be measured and
is concerned strictly with the economic efficiency issues involved, and not with
other issues which may concern decision makers. A good CBA will at least address
uncertainty and distributional considerations, but is incapable of dealing with multiple
objectives.
In this paper, I review the use of economic analysis in making comparative
assessments of the social benefits and costs of food production systems, concentrating
on aquaculture and comparable intensive terrestrial systems. After setting out the basic
approach used for such an analysis, I examine specific issues arising in applying this
method to the comparative analysis of environmental costs in food production systems.
These include the economist’s notion of external costs, depletion of natural capital, and
different perspectives in capturing the full social costs of production. Subsequently, I
present several case studies to illustrate the approach. Finally, the paper concludes with
a few parting thoughts and identification of key gaps in our knowledge that should be
the subject of future research.
Basic considerations in cost-benefit analysis
Perhaps the first question we must be concerned with in undertaking cost-benefit
analysis is whether we are undertaking a financial or economic analysis, or both. The
distinction between these two perspectives is important. With a financial analysis we
take the viewpoint of a private firm or individual and measure the benefits and costs
they would consider. In most cases, these would consist of the following:
• revenues as determined by market prices;
• production costs such as wages paid to labour, as well as on-site costs, again using
market prices; and,
• taxes and other payments, either paid to or received from governments.
Thus, a financial analysis is concerned with actual monetary flows, either as
revenues or costs, and is useful in answering specific questions concerned with these
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flows of revenues and costs. For example, is a food production system likely to be
financially attractive to private firms or individuals? What is the financial impact of
the food production system on government budgets? Finally, how does the food
production system affect the country’s foreign exchange balance? A financial analysis
typically does not concern itself with environmental impacts, especially where these
affect someone else. Occasionally, a financial perspective may be useful if the goal is to
assess whether producers would be prepared to adopt particular mitigating measures
which may affect the profitability of their private operations. In contrast, an economic
analysis is concerned with whether expansion of a particular food production
system represents an efficient use of a nation’s resources. This involves assessing the
opportunity costs of the activity in question. Questions we might be concerned with
include what we must forego in economic terms, as a result of the activity. Are these
lost opportunities of greater or lesser value to the nation than the activity in question?
Is the food production system likely to be sustainable in an economic sense? How we
define sustainability will critically determine the answer here.
The emphasis is on the ‘net’ effect of an activity, regardless of who may be involved.
Not surprisingly, this means that if a food production system affects third parties - that
is, parties other than the interested parties considered in a financial analysis - these
impacts must be taken into account. Additionally, we must extend the analysis to
consider benefits or costs for which no market price exists, since these are important
in assessing whether an activity has a net positive or negative effect on a nation’s
welfare. Even where market prices do exist, these might need adjustment because
of government intervention in the economy. By paying subsidies, charging taxes or
maintaining an undervalued exchange rate, for example, a government distorts prices
so that they no longer reflect true market forces. When such adjustment is called for,
or prices must be estimated for a good or service and no markets exist to help us, we
refer to these prices as shadow prices.
Once we have established the correct prices to use, we must go a step further.
Economists are not only interested in how much is actually paid for something, but
also in how much individuals would have been willing to pay over and above that price,
and refer to this concept as willingness-to-pay. With this information, economists can
derive what is referred to as consumers’ surplus. This measure of value captures the
often greater amounts individuals would be prepared to pay, but need not pay because a
single price governs the marketplace. Such amounts, while never actually collected, and
difficult to measure, are an important component in the true economic value of food
production. Typically, decision makers will want to adopt an economic perspective
when determining how best to use a nation’s limited resources for food production.
Thus, economic analysis, as opposed to financial analysis, is the appropriate perspective
to adopt for the analyses described in this paper.
A further consideration is the treatment of benefits and costs that occur in different
time periods. Many researchers are familiar with the principle of discounting used in the
treatment of cash flows over a multi-year period. When economists evaluate benefits
and costs which extend over more than one time period they take this into account
using one of two approaches, both of which involve the use of a discount rate.
In the first case, they must make allowance for the fact that individuals view more
distant benefits and costs differently than more immediate ones. Generally, the pattern
observed is that we prefer costs to be postponed and benefits to be received as soon
as possible. This situation is referred to as time preference. It is mimicked by financial
institutions in that they must pay interest on bank accounts, returning a higher amount
to the individual at a later date to make it attractive for individuals’ to deposit their
savings right now (thus, requiring individuals to postpone their enjoyment from
spending that money now). To account for time preference in valuation and cost-benefit
studies, economists use a form of discount rate referred to as a social time preference
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rate. Like all discount rates, the social time preference rate is used to weight benefits
and costs occurring in different time periods, similarly to the use of an interest rate to
calculate interest payable on bank accounts. Since we would prefer having a sum of
money in the present to waiting until a later time period for it, we must place a greater
emphasis (weight) on current values than on ones in distant periods. To accomplish
this, we use a discount factor that incorporates the discount rate selected. Weighting a
series of benefits or costs and summing these yields a present value.
A second approach is to look at the opportunity cost of capital invested in an
activity, which refers to the profits which could have been obtained by investing this
capital in the next best possible opportunity. These foregone profits represent the cost
of the capital employed in the project. The net benefits of our project must at least
equal these foregone profits if it is to be considered viable. Thus, when weighting
benefits and costs in different time periods, we use the opportunity cost of capital as
our discount rate to reflect what the activity should be generating in terms of benefits,
if it is to be an attractive investment.
The choice of a discount rate is a controversial matter, and will depend in part on
whether we are using a time preference or an opportunity cost of capital approach.
Some researchers might argue that for intensive food production systems, the
discount rate should be set high, since many of these activities impose damage on the
environment and should be penalized. Some food production systems have positive
environmental impacts, in contrast, suggesting a low or even zero discount rate might
be appropriate, to encourage such activities. In reality, the impacts of food production
systems on the environment range widely, suggesting that the appropriate discount
rate might vary with the circumstances. However, it is generally preferable to use a
single rate for all analyses to ensure consistency and to allow for comparisons amongst
different activities. But if a single discount rate is to be used, then to accommodate
environmental concerns we must decide whether the rate should be high, low or zero.2
To avoid such uncertainty, there is an emerging consensus that no adjustment should
be made to the standard, economy-wide discount rate when evaluating activities and,
instead, other techniques be used to adjust for any special conditions associated with
environmental benefits and costs (Markandya and Pearce, 1988).
A conceptual model for comparative economic analysis
In this section, the application of a cost-benefit framework to a comparative analysis
of food production systems is discussed. The key considerations in undertaking an
economic analysis of competing food production systems include the willingness
to pay of consumers for various food products and the full “social” costs of food
production. Adapting Barbier (1994), we can express the comparative analysis in a very
general sense as:

∆NB = NBA - NBT

(1)

where the term on the left represents the difference in the present value of net
benefits from alternative food production and the two terms on the right hand side
refer to the present value of net benefits of aquaculture (A) and intensive terrestrial
food production (T), respectively. Net benefits comprise benefits (BA,T ) and costs (CA,T)

2

Interestingly, the overall impact on the environment of a high or low discount rate applied to all projects
is ambiguous. For example, a high discount rate discourages environmentally damaging activities
and reduces the overall level of investment; therefore, the rate of natural resource use declines. But
this result comes at the expense of emphasizing the interests of the current generation over those of
future generations, since net benefits far in the future are heavily discounted. A high discount rate also
discourages environmentally-friendly forest management activities (Markandya and Pearce, 1988).
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of food production, expressed in present value terms. We can further disaggregate (1)
to isolate these benefits and costs:

∆NB = (BA - BT) – (CA – CT)

(2)

This expression allows us to discuss benefits and costs separately. The comparison
of benefits is not straightforward. Consumers may value competing food sources
differently and this must be taken into account; therefore, a strict assessment of
competing food production systems on the basis of costs alone is liable to be misleading.
While the issue of benefit estimation can be important in undertaking a comparative
economic analysis of food production systems, this is not pursued further here.
For some planning purposes, it may be valid to express food production on the basis
of an equivalent per unit of food value (kg of protein or whatever). In this case, the
benefit terms in (2) are equal and, therefore, cancel so that (2) becomes:

∆NB = (CA – CT)

(3)

In this case, we have an alternative cost model or this problem can be analyzed
using a cost-effectiveness framework.3 In such a case, we need to consider several
components of the full opportunity cost of food production systems in undertaking
an economic analysis. Following Pearce and Markandya (1996), these include the farm
level costs of production or “private” costs, as well as the off-farm or “external” costs
and an allowance for the using up or depletion of natural capital, if relevant. Formally,
we can define the full social costs of food production as:

Ci = PCi + ECi + UCi

(4)

where PC refers to private costs, EC refers to external costs, UC is the user cost and
i = A (aquaculture) or T (terrestrial). These costs may be expressed on a common basis,
such as per unit of food value or per unit of land or water consumed. For example,
costs can be expressed per crop (Table 3).
The private costs of food production are reasonably well-known. In this paper, we
are concerned with the environmental costs of food production, consisting of the latter
two terms in expression (4) above, and these are less well-known. A brief description
of each component is provided below.
External costs (EC)
External costs are particularly important in comparing intensive food production
systems because of the perceived importance of various externalities. With respect to
US aquaculture, Goldburg, Elliot and Naylor (2001) suggest five main environmental
externalities: (a) biological pollution, (b) fish for fish feeds, (c) organic pollution and
eutrophication, (d) chemical pollution, and (e) habitat modification. To these we can
add several items more relevant to aquaculture in tropical coastal areas, most of which
were cited earlier (Table 1). Economic valuation of the environmental externalities in
aquaculture is in its infancy, although some estimates exist.
External costs in intensive terrestrial food production arise from several
environmental impacts, e.g. nutrient runoff, amenity effects, etc. Perhaps the most
familiar are the effects of pollutants released by agricultural activity. According to
Conway and Pretty (1991), the key pollutants are pesticides, nitrates and nitrous
3

The alternative cost model is discussed in detail by Steiner, (1965), while Boardman et al. (1996) provide
a description of the cost-effectiveness.
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oxide, phosphates, organic and pathogenic wastes from livestock, silage effluents,
ammonia and processing wastes, and their impacts on various systems are substantial.
More research has been devoted to valuing the external costs of terrestrial agriculture
but there is some overlap with aquaculture. For example, determining the external
costs of nutrient runoff relies on a methodology that is similar to that used to value the
eutrophication costs of aquaculture, since nutrient pollution in both cases may end up
in the same freshwater and marine ecosystems and may even be indistinguishable.
The analysis of external costs can be somewhat complex, even in applied empirical
studies.4 It requires an understanding of the behavioural response of agents to the
environmental problem. For example, where potential damages have been averted by
instigating pollution control, the residual damages from the remaining pollution will
be lower, once the control measures are in place. As a result, reporting these residual
effects as the external cost of pollution would be misleading, since resources have been
devoted to reducing damages already. For this reason, a more comprehensive measure
of the external costs of food production systems is desirable comprising the following
elements (Meade, 1989):
• the costs of abatement efforts to control external costs;
• the costs of adaptation to external costs; and
• the residual damages arising from external costs after control measures are in
place.
In the case studies later on, sometimes only one of these costs is considered or
perhaps several are captured in a more broadly specified cost measure.
User Costs (UC)
Recognition of the harmful effects of the depletion of natural capital is one of the
cornerstones of the emerging discipline of ecological economics (Jansson et al.,
1994). This depletion is a form of user cost, since it yields short-term gains but at the
expense of future income. Leaving out this user cost can lead to an understatement
of true production costs. The significance of user costs in intensive food production
systems has not been explored. For example, the reduction in land use with many
intensive production systems results in fewer concerns about the depletion of land
productivity, as occurs with extensive, but overgrazed, pastoral systems. One example
of the calculation of user costs is Knowler (2005) who values the depletion effects of
over harvesting of forests in Nepal. Methods for estimating user cost are discussed in
Kellenberg and Daly (1994) and are not discussed further here.
Case studies of the external costs of intensive food production systems
In this section several case studies are presented, each of which addresses a specific
external cost of aquatic or terrestrial food production systems, e.g. eutrophication,
pesticide use, etc. Only the external cost issue is treated since this is the most
controversial and it is perhaps the least known element of costs (except for user costs
in some situations). Moreover, only a selection of representative external costs is
presented, due partly to the availability of such estimates in the literature and space
limits. Thus, the treatment of external costs in food production systems here should
not be seen as exhaustive. Two case studies are presented for each of aquaculture and
intensive terrestrial food production.

4

In more formal analysis, the valuation of externalities involves assessing the adding marginal external
costs to marginal production costs to form total marginal costs and then determining the point where
marginal cost equals price, as determined by the demand curve. The resulting market equilibrium with
externalities internalized has a lower output quantity and higher price, with consequent effects on
consumer and producer welfare (Varian, 1984).
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External costs of aquaculture production
Nutrient Enrichment and Eutrophication
As reported earlier (Table 1), nutrient runoff is a significant external costs of aquaculture,
whether this is pond-based (effects on surface or ground water) or cage culture (effluent
discharge to surrounding waters). In one study, Smearman, D’Souza and Norton (1997)
estimate the external costs of trout farming in West Virginia. The authors consider as
separate cases the costs of controlling nutrient runoff and the resulting damages if no
control is undertaken, together with a constant 10 year production scenario. In the
control case, engineering costs for the installation of filtration units under an assumed
flow rate are calculated. These amounted to US$0.11 per kg of trout produced (1993
prices), or about 6percent of the private production cost of US$1.94 per kg. Under an
assumption of no control, the resulting damages from nutrient runoff are determined
using willingness-to-pay data for the maintenance of stream quality in the region. The
authors find that the damages amount to US$0.49 per kg of trout produced, when no
abatement of nutrient runoff is adopted, or about 6 percent of the private production
cost.
In another study, Folke, Kautsky and Troell (1994) estimate the cost of marine
eutrophication from salmon aquaculture in Sweden. Their valuation of the costs is
based on Swedes’ willingness-to-pay to remove nitrogen and phosphorous using
sewage treatment plants.5 This approach assumes that nutrients originating from
different sources have identical effects on marine coastal systems and, therefore, the
resulting “marginal” values can be applied to any reductions in nutrients. Applying
these values to an average salmon farm (producing 100 tonnes of salmon) leads to
an estimated external cost of about US$70 000 (SEK 425 000) in 1994 prices. These
external costs represent SEK 4.25/kg of salmon, compared to a production cost in the
early 1990s of SEK 27/kg. Thus, nutrient damages as assessed here constitute 15–16
percent of the cost of production.
Conflicts with capture fisheries
A second key component in the external costs of aquaculture is the impact on
adjoining or related capture fisheries, which has been a topic of research in the
fisheries bioeconomics literature for some time (Hannesson, 2003; Ye and Beddington,
1996; and Anderson, 1985). Naylor et al. (2000) cite several ecological links between
aquaculture development and capture fisheries, including habitat modification (e.g. loss
of mangroves), use of wild seed to stock aquaculture ponds, food web interactions,
introduction of exotic species and effluent discharge. Care is needed in assessing such
impacts since they may not be distinct from those related to nutrients, discussed
above. Drawing on the habitat modification aspect of aquaculture development, several
attempts have been made to value the loss of mangroves as support areas for lagoon
and marine fisheries (Gunawardena and Rowan, 2005; Barbier, 2003). Barbier finds that
mangrove conversion for shrimp farming leads to total welfare losses from reduced
capture fish catches of about US$1.3 million annually. However, when this value is
expressed as a percent of the border value of shrimp exports from Thailand, the value
is quite low, at only 0.1 percent.
Another analysis assesses the impact of the collection of wild shrimp seed on
commercial capture shrimp fisheries in West Bengal, India [Note: relatively little
mangrove conversion is occurring in this area]. Approximately 50 000 shrimp fry
collectors are engaged in this practice in the vast Sundarbans mangrove region that
straddles the Indian and Bangladeshi borders. Nathan et al. (2006) develop a simulation
5

Note that the willingness-to-pay estimate is based on the demand for reductions in nutrients and not the
actual cost of removing these nutrients. Therefore, this valuation approach should be seen as providing
a measure of “damages” and not “control costs”.
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model of the integrated ecological-economic system to measure the impacts of various
scenarios of aquaculture development (fry collection) and their effects on the capture
shrimp fishery. Adapting this analysis for the purpose at hand, the external costs
from unregulated fry collection can be stated in terms of the foregone catches in the
capture fishery and lost production of farmed shrimp. Since the fry collection industry
operates under essentially open access, the fry stock suffers from over-harvesting,
resulting in reduced availability of fry for both the capture fishery and shrimp farming.
Thus, regulation of fry collection could provide win-win benefits in both sectors
(Bhattacharya and Sarkar, 2003).
Since this is a dynamic analysis, we concentrate on year 20 in the simulation
and examine the differences in collection of fry and catch of shrimp in the capture
fishery under two scenarios (Current Situation versus Restricted Scenario). The main
difference between the two scenarios is that the number of fry collectors is reduced
from 50 000 to 20 000 and regulated so that catches per collector and total fry collected
rise dramatically (due to better management). The following model assumptions and
outputs are used in the calculation:
• current shrimp fry collection is about 43.5 million fry per year, which is capable
of producing about 825 tonnes of farmed shrimp per year;
• incremental collection of shrimp seed in year 20 under the Restricted Scenario is
about 70 million fry per year, which could produce an additional 1327 t of farmed
shrimp (Kumar, Birthal and Badruddin, 2004);
• gains in the capture shrimp fishery per year from regulation of fry collection are
about 1 450 tonnes per year, yielding a total increase in shrimp production across
both sectors of 2 777 tonnes/year due to regulation; and
• the total gain in revenue is about US$25 million at an international price for
shrimp of US$9.00/kg (excluding any allowance for changes in production costs
or marketing and distribution).
It should be noted that there is no allowance for the change in farming or fishing
“costs” associated with higher yields so that the gains are not measured as a change
in profits, which would undoubtedly be lower in reality. In addition, the use of an
international price instead of an ex-vessel or farm gate price for shrimp similarly
overstates the benefits. Assuming farm gate and ex-vessel prices are only 50 percent
of international prices and that profit margins are 25 percent of production revenues,
then a more realistic estimate of the true external costs might be estimated roughly at
US$72/1 000 shrimp fry collected or about US$3.80/kg of farmed shrimp currently
produced.
External costs of intensive terrestrial food production
Pesticide use
Pesticide use in terrestrial agriculture has a variety of environmental costs. Pretty
and Waibel (2005) cite these as drinking water treatment costs, pollution incidents in
watercourses, health costs to humans, adverse effects on biodiversity and impacts on
climate change through energy use (also see Table 1). Various efforts have been made to
value these costs, beginning with the pioneering work of Pimentel and Acquay (1992),
who found that external costs from pesticide in US agriculture amounted to about $5
billion per year. Updates of this value for the US suggest that the value may have been
overstated (Pretty and Waibel, 2005), but is still substantial. Stating current estimates
of the external cost of pesticides for the US and other countries on a per ha basis
provides for a comparison (Table 4). Annual external costs range from US$8.80/ha of
cropland in the US to US$46.60/ha of cropland in China, with treatment costs the most
significant cost element.
We can also consider the farm level effects of pesticide use. A study conducted under
the auspices of the IRRI in the 1990s examined the problem of pesticide use among
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farmers in the Philippines (Pingali et al., 1995). The authors first estimated the average
annual health costs per farmer based upon treatment costs and the opportunity cost of
farmers’ time lost due to illness from pesticides. The equation they estimated by was:
ln (health cost) = 4.366 + 1.192 ln (age) - 0.0756 (ratio of weight to height) + 0.916
(smoking dummy) - 0.53 (drinking dummy) + 0.486 ln (insecticide dose) – 0.042 ln
(herbicide dose)
R2 = 0.30, Degrees of freedom = 100
This health cost function can be used to make estimates of the health cost of pesticide
per farmer for different pesticide doses as shown in Table 5.
The significance of these external costs can be understood by comparing them with
the market value of irrigated rice production for a farm in the Philippines. Antle and
Pingali (1995) report the average yield per ha as 3 866 kg and a farm gate price of $0.17/kg.
Assuming a 2 ha farm (no average farm sizes were reported in the study), the external
cost amounts to as much as 4.8 percent of the market value of rice production.
Amenity effects
Amenity costs of intensive terrestrial agriculture refer to the impacts of these operations
on visual values, odours arising from livestock operations and other similar effects. While
in extensive agriculture the negative amenity effects may be relatively minor or perhaps
even positive (e.g. as part of “multifunctionality”), this is much less true of intensive
operations, particularly livestock feedlots (Naylor et al., 2005). A substantive valuation
literature has developed in response to concerns about the siting of intensive livestock
production near residential areas, primarily in the US and Europe. Most studies use a
hedonic pricing model to assess the effect of intensive livestock production on local
house prices. The hedonic method treats the negative effects of these facilities as just
one of numerous characteristics influencing the value of a house and then isolates the
individual contribution to house value from this one characteristic. Impacts typically
depend on the distance from the facility, wind direction, the number of livestock
operations already in the area and other location-specific factors.
Palmquist, Roka and Vukina (1997) examine rural residential house sales in North
Carolina to determine the effect of hog operations on nearby property values. The
impact of these operations resulted in declines in real estate prices by as much as
9 percent per house but varied according to distance and the number of hogs. Herriges,
Secchi and Babcock (2003) developed a hedonic model based on 550 livestock
operations (most but not all hogs) in five rural countries of Iowa. Not surprisingly,
the disamenity effects are greatest for houses downwind and closest to the operations.
When a new livestock operation is sited in the area, the results suggest that this will
decrease property values by an average of 10 percent.
Finally, Ready and Abdalla (2005) consider both the positive effects (e.g. open
space) and negative effects (e.g. intensive operations) from agriculture on surrounding
property values. They use a much larger sample (over 8 000 real estate sales) and allow
for a wider range of amenity effects in their model. For intensive livestock operations
alone, they find impacts on the price of a house of 1.6 percent (1 200 m distance), 4.1
percent (800 m) and 6.4 percent (500 m). The position relative to wind direction was
not significant. At 800 m, very large-sized facilities demonstrate a higher impact on
house prices (15.0 percent) than medium facilities (7.5 percent), while the effect of the
intermediate-sized “large facilities” was not significant (perhaps due to modernization).
In addition, poultry farms (5.8 percent) showed a slightly larger impact than hog
operations (3.0 percent).
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Discussion and further directions for research
Several issues arise in considering the analysis and case studies presented above.
Overall, the findings indicate that external costs can be identified and quantified over
a range of environmental impacts, although the record remains spotty, particularly
for aquaculture and further investigation of the credibility of the existing estimates is
needed. There are few studies attempting to capture all external costs. The exception
are several studies of the external costs of consumer food baskets but these do not
isolate individual production systems as the source of damages. A comprehensive
view of external costs from competing intensive food production systems (the “Holy
Grail”) remains elusive.
One area for further exploration is the interaction of environmental effects of
aquaculture and intensive terrestrial food production. For example, nutrient effluent
from feedlots may impede downstream aquaculture efforts if it leads to unsuitable
conditions for farmed fish. More obviously, both feedlots and aquaculture may
contribute similar nutrients to the ecosystem and these may even be commingled in
certain cases. Thus, damages may be interchangeable or difficult to disentangle. Issues
of optimal management come into play as well. For example, the environmental impact
of shrimp farming on mangroves can be viewed within an optimal land use framework
(Barbier and Cox, 2004), which considers the problem of allocating land to competing
natural (mangrove) or developed uses (shrimp farming). A similar debate is emerging
over treatment of the opportunity cost of ocean space occupied by aquaculture cages
or pens. Their position may impede fishing, recreation or other activities thereby
creating an external cost if not properly internalized in private costs through a leasing
or compensation scheme (Hoagland, Jin and Kite-Powell, 2003). However, this issue
can also be analyzed using an optimal allocation modelling approach, as used in the
assessment of competing land uses (mangroves versus shrimp).
Another interesting area not explored here is the interaction between aquaculture
and intensive rice production, i.e. two alternative intensive food production systems
may conflict directly, since land used for shrimp ponds may be used for rice
production. Bhat and Bhatta, (2004) examine the case for Karnataka State in India,
where extensive development of shrimp aquaculture has occurred on rice paddy lands.
They use an optimization model to determine the optimal allocation of land to these
two intensive food production activities, taking into account their respective impacts
on the environment. In this case, the simple modelling framework set out in expression
(1) refers to competing uses for the same land.
How do the estimates presented in this paper compare to other approaches
for assessing comparative environmental impacts from intensive food production
(Hospido and Tyedmers, 2005; Troell et al., 2004)? Relatively few studies have made
such comparisons. In one study, Subak (1999) considers the global environmental
costs of beef production using several methodologies. The methodologies used are
the embodied energy valuation approach championed by Costanza (1980) and a
conventional environmental economics approach. These methods are applied to
the greenhouse gas emissions from livestock production on feedlots versus pastoral
systems in Africa. Without going into the details of the methods, it is interesting to note
that the two analyses appear to reverse the ranking of livestock production systems in
terms of total private and external costs. While the feedlot system performs less well
using conventional analysis, it does better than the pastoral system using embodied
energy analysis. Although this represents only a single example, and the credibility
of the estimates requires review, it raises concerns about the consistency of results in
comparing the environmental impacts of competing production systems using differing
methodological approaches. Further research in this area is clearly needed.
Other research needs emerge from this study as well. For example, much of the
research considered is seen in isolation and not linked to the broader notion of total
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social costs of production introduced earlier, i.e. private, external and user costs.
Thus, it is difficult to make firm assessments of these total social costs. Such efforts
are confounded further by the challenges of reconciling differing units of measure
for presenting external costs. For example, the amenity effects of intensive livestock
production are typically expressed as a change in the value of a house and not as
a percentage of livestock production costs (which would be quite difficult). Such
disjointed ways of measuring impacts make it more challenging to derive the full social
costs of production.

TABLE 1

Possible socio-economic and environmental impacts of aquaculture development
Activities

Possible Impacts

Conversion of mangroves for fishponds

Reduced mangrove products
Reduced fisheries production
Coastal erosion
Unemployment of unskilled labour
Increased fish production in ponds

Conversion of cropland for fishponds

Reduced crop production
Unemployment of unskilled labour
Shortage of essential food
Increased fish production in ponds

Use of ground and surface water

Reduced crop irrigation
Land subsidence
Saltwater intrusion
Salinization of aquifers

Effluent discharge

Reduced downstream farm production
Self-pollution
Coastal or inland water pollution

Use of chemical, antibiotics, etc.

Public health risks

New (exotic) species

Altered biodiversity
Spread of diseases

Large-scale intensive culture

Conflicts with small-scale farmers
Uneven income distribution
Reduced employment for unskilled labour

Cage and pen culture

Reduced pressure on land and water
Reduced fisheries yield in same area
Conflicts with navigation, recreation, etc.

Demand for feed and fertilizer

Competition leading to higher prices
Increased employment in these industries

Sea farming

Preserved natural stocks
Reduced pressure on land and water
Increased marine fish production

Aquarium fish culture

Preserved natural stocks
Increased export
Employment effect

Increased aquaculture production

More fish and lower prices
Increased employment in various sectors
Increase in foreign exchange earnings
Conflicts with other economic activities

Source: Shang and Tisdell (1997)
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TABLE 2

The negative externalities of United Kingdom agriculture (2000)
External costs as percent of consumer
food basket

Source of adverse effects

Pesticides in water

0.16

Nitrate, phosphate, etc. in water

0.13

Eutrophication of surface water

0.09

Monitoring of water systems

0.01

Methane, NOx, NH4 emissions to atmosphere

0.47

CO2 emissions to atmosphere

0.11

Offsite soil erosion & organic matter losses

0.07

Loss of biodiversity & landscape values

0.17

Effects on human health from pesticides

0.001

Effects on human health from micro-organisms

0.48

Total

1.69

Source: Pretty et al. (2005 )
Note: Total may not add due to rounding

TABLE 3

Comparison of land and financial status between rice and shrimp farming in Pak Phanang,
southern Thailand
Rice farming

Shrimp farming

Farm area (ha)

2

0.8

Land cost (Baht/ha)

3 000 – 10 000

300 000 – 600 000

Rental (percent)

10

46

Land ownership

100 percent local

27 percent outsider

Source of income

25 percent rice/ 75 percent other

75 percent shrimp/ 25 percent other

Market

100 percent local

95 percent export

Investment (baht/ha)

500 – 15 000

100 000 – 1 500 000

Net return (baht/crop)

3 000 – 10 000

100 000 – 1 000 000

Loss (baht/crop)

None

10 000 – 350 000

Source: Primavera (1997)
Note: 25 Baht = US$1

TABLE 4

External costs of pesticides in selected countries per Ha of cropland (US/ha/year)
Damage costs

China

Germany

-

7.3

16.5

5.3

30.0

1.0

0.2

0.8

-

4.3

0.5

0.8

Effects on biodiversity

11.7

0.8

5.8

1.7

Effects on climate use

4.9

0.3

0.3

0.3

46.6

13.8

23.4

8.8

Drinking water treatment
Health costs to humans
Pollution in watercourses

Totals

United Kingdom

United States

Source: Pretty and Waibel (2005)

TABLE 5

Estimated incremental health costs of pesticide use versus natural control by Farmers in The
Philippines (US$ 1992)
Management strategy

Incremental health
costs

Number of doses

As percent of value of
rice production

Complete protection

6

62.11

4.80

Farmers’ practice

2

27.82

2.15

IPM

1

15.82

1.22

Natural control

0

-

-

Note: Assumes a 2 ha farm
Source: Pingali et al. (1995)
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ABSTRACT
Increased aquaculture production globally will require both land and water, placing
additional stress on natural ecosystems. A major concern of the growth in intensive
livestock production is that the resulting animal waste is overburdening the assimilative
capacity of aquatic ecosystems, disrupting their provision of valuable services. This paper
explains the economic approach to valuing ecosystem services generally, and especially
those ecosystem regulatory and habitat functions that support aquatic and other landbased food systems. The paper uses the specific example of ecological support services for
aquaculture in Thailand as a case study to illustrate some key approaches.

INTRODUCTION
Over the past three decades, global output from aquaculture grew at an annual average
rate of 9.1 percent, reaching 39.8 million metric tons in 2002 (FAO, 2005). This growth
rate was higher than any other animal food-producing systems, including livestock
rearing for meat. By 2020, the baseline projection for global aquaculture production is
53.6 million metric tons, but could be as high as 83.6 million metric tons (Delgado et
al., 2003).
In recent decades, global livestock production, particularly of cattle, swine and
poultry, has undergone a major change towards industrialization. The most important
trend has been the relocation of livestock from pastures, lots and pens into large
buildings where the animals are confined and fed until they are ready for market.
Such confined livestock units have spurred the global increase in production through
intensive feedstuffs and reducing land constraints (Gollehon et al., 2001; Mallin and
Cahoon, 2003). As a result, industrial livestock farming systems are growing at twice
the rate of traditional mixed farming systems and six times as fast as grazing-based
systems (FAO, 2000).
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These trends in aquatic and intensive livestock production have important
environmental implications, especially for the ecosystem services supporting the
production.
Increased aquaculture production globally will require both land and water, placing
additional stress on natural ecosystems. There is also concern about the environmental
impacts of intensive systems, especially the large-scale production required for shrimp,
salmon and other high-valued species. For instance, aquaculture accounts for 52 percent
of mangrove loss globally, with shrimp farming alone accounting for 38 percent of
mangrove deforestation (Valiela, Bowen and York, 2001). Accompanying the loss of
these coastal habitats is the loss of a range of vital ecosystem services, ranging from
nurseries for fish fry to storm protection. Intensive aquaculture systems can also lead
to water shortages and pollution from effluent discharges, disrupting the functioning
of coastal and aquatic ecosystems through nutrient overload (Goldburg and Naylor,
2005). A major concern of the growth in intensive livestock production is that the
resulting animal waste is overburdening the assimilative capacity of aquatic ecosystems
(Gollehon et al., 2001; Mallin and Cahoon, 2003), disrupting their provision of valuable
services. Excessive animal manure causes a range of environmental problems for these
systems, including nitrate, phosphate and ammonia pollution, increased biological
oxygen demand (BOD), algal blooms and eutrophication, and contamination by fecal
pathogens. The resulting loss of ecological services ranges from the destruction of
aquatic fish habitats and nursery grounds, to loss of potable water supplies to human
health impacts to loss of recreational and aesthetic benefits, to effects on property
values.
Another important ecological support service for much farmed fish is its dependence
on marine fish, such as anchovies, sardines, capelin and other lower trophic species,
for the fish meal and oils used in feeds. Increased growth in aquaculture may mean
increasing pressure on the “export support service” of marine fisheries supplying the
input species used in feeds (Delgado et al., 2003; Naylor et al., 2000). Finally, there
is growing concern that marine fish farming may increase the risk of invasive species
problems in surrounding ecosystems through the increased number of escaped farm
fish that interact with wild fish (Goldburg and Naylor, 2005).
The purpose of the following paper is to explain why valuing these ecological
support services for aquaculture and intensive livestock production will become
increasingly important as these systems expand globally. The first part of the paper will
explore the economic approach to valuing ecosystem services generally. The second
part of the paper will discuss the various methods available to value ecosystem services
and uses the specific example of shrimp aquaculture in Thailand as an illustration. The
paper concludes by examining further research issues in the valuation of ecological
services that support aquatic and other food production systems.
What are ecosystem services?
Broadly defined, “ecosystem services are the benefits people obtain from ecosystems”
(Millennium Ecosystem Assessment 2003, p. 53). Such benefits are typically described
by ecologists in the following manner: “Ecosystem services are the conditions and
processes through which natural ecosystems, and the species that make them up,
sustain and fulfil human life. In addition to the production of goods, ecosystem system
services are the actual life-support functions, such as cleansing, recycling, and renewal,
and they confer many intangible aesthetic and cultural benefits as well.” (Daily, 1997,
p. 3). Thus in the current literature the term “ecosystem services” lumps together a
variety of “benefits”, which in economics would normally be classified under three
different categories: (i) “goods” (e.g. products obtained from ecosystems, such as
resource harvests, water and genetic material), (ii) “services” (e.g. recreational and
tourism benefits or certain ecological regulatory functions, such as water purification,
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TABLE 1

Some services provided by ecosystem regulatory and habitat functions
Ecosystem functions

Ecosystem processes and
components

Ecosystem services (benefits)

Regulatory Functions

Gas regulation

Role of ecosystems in
biogeochemical processes

Climate regulation

Influence of land cover and
biologically mediated processes
Influence of system structure
on dampening environmental
disturbance
Role of land cover in regulating
runoff, river discharge and
infiltration

Disturbance
prevention
Water regulation

Ultraviolet-B protection
Maintenance of air quality
Influence of climate
Maintenance of temperature,
precipitation
Storm protection
Flood mitigation

Soil retention

Role of vegetation root matrix and
soil biota in soil structure

Soil formation

Weathering of rock and organic
matter accumulation
Role of biota in storage and
recycling of nutrients
Removal or breakdown of
nutrients and compounds

Nutrient regulation
Waste treatment

Drainage and natural irrigation
Flood mitigation
Groundwater recharge
Maintenance of arable land
Prevention of damage from erosion and
siltation
Maintenance of productivity on arable
land
Maintenance of productive ecosystems
Pollution control and detoxification

Habitat Functions

Niche and refuge

Suitable living space for wild
plants and animals

Nursery and
breeding

Suitable reproductive habitat and
nursery grounds

Maintenance
Maintenance
Maintenance
Maintenance

of
of
of
of

biodiversity
beneficial species
biodiversity
beneficial species

Sources: Adapted from Heal et al. (2005, Table 3-3) and De Groot, Wilson and Boumans (2002).

climate regulation, erosion control, etc.), and (iii) cultural benefits (e.g., spiritual and
religious, heritage, etc.).
Regardless how one defines and classifies “ecosystem services”, as a report from
The US National Academy of Science has emphasized, “the fundamental challenge
of valuing ecosystem services lies in providing an explicit description and adequate
assessment of the links between the structure and functions of natural systems, the
benefits (i.e., goods and services) derived by humanity, and their subsequent values”
(Heal et al., 2005, p. 2). Moreover, it has been increasingly recognized by economists
and ecologists that the greatest “challenge” they face is in valuing the ecosystem
services provided by a certain class of key ecosystem functions – regulatory and habitat
functions. Table 1 provides some examples of the links between regulatory and habitat
functions and the ecosystem services that ultimately benefit humankind.
The valuation challenge
The literature on ecological services implies that natural ecosystems are assets that
produce a flow of beneficial goods and services over time. In this regard, they are no
different from any other asset in an economy, and in principle, ecosystem services
should be valued in a similar manner. That is, regardless of whether or not there exists
a market for the goods and services produced by ecosystems, their social value must
equal the discounted net present value (NPV) of these flows.
For example, letting Bt be the social benefits in any time period t, from ecosystem
services, then the social value of these flows is:
T

V0 = ∑
0

Bt

(1 + r )

t

(1)

where r is the social rate of discount. In addition, just as for any economic asset, Bt,
can be measured by the aggregate willingness to pay by the individuals benefiting in
each period from ecosystem services.
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However, what makes environmental assets special is that they give rise to particular
measurement problems that are different than those for conventional economic or
financial assets. This is especially the case for the beneficial services that are derived
from the regulatory and habitat functions of natural ecosystems.
For one, these assets and services fall in the special category of “nonrenewable
resources with renewable service flows” (Just, Hueth and Schmitz, 2004, p. 603).
Although a natural ecosystem providing such beneficial services is unlikely to increase,
it can be depleted, e.g. through habitat destruction, land conversion, pollution impacts
and so forth. Nevertheless, if the ecosystem is left intact, then the flow services from
the ecosystem’s regulatory and habitat functions are available in quantities that are not
affected by the rate at which they are used.
In addition, whereas the services from most assets in an economy are marketed,
the benefits arising from the regulatory and habitat functions of natural ecosystems
generally are not. If the aggregate willingness to pay for these benefits, Bt, is not
revealed through market outcomes, then efficient management of such ecosystem
services requires explicit methods to measure its social value (e.g., see Freeman, 2003;
Just, Hueth and Schmitz, 2004).
A further concern over ecosystem services is that their beneficial flows are threatened
by the widespread disappearance of natural ecosystems and habitats across the globe
(Millennium Ecosystem Assessment, 2003). As noted in the introduction, aquatic and
other land-based food systems are an important cause of this disappearance, due to
increased demand for land and pollution. The failure to measure explicitly the aggregate
willingness to pay for otherwise non-marketed ecological services exacerbates these
problems, as the benefits of these services are “underpriced” and may lead to excessive
land conversion, habitat fragmentation and pollution caused by aquatic and other landbased food systems.
Figure 1 illustrates the difficulty that these environmental measurement problems
pose. Assume that at any time t, the marginal social benefits of ecological services
are represented by the line MBt for a natural ecosystem area of given area S . The
aggregate willingness to pay for the benefits of these services, Bt, is simply the area
under this curve. If there is no other use for the land occupied by the ecosystem, then
the opportunity costs of maintaining it are zero, and the ecosystem will be left intact
and continue to provide the same flow of services in perpetuity. However, population
and economic development pressures in many areas of the world usually mean that
the opportunity cost of maintaining the land for natural ecosystems is not zero, due to
increased demand for land for aquatic and other land-based food systems. Suppose that
the marginal social benefits of converting
natural ecosystem land for these
FIGURE 1
development options is represented by
Optimal ecosystem conversion to aquatic and land-based
MBtD in the figure. Thus efficient use
food systems
of land would require that an amount St
of ecosystem area should be converted
MBt +1
$
for food systems leaving S − St of the
natural ecosystem intact.
Both of these outcomes assume that
MBt
the
willingness to pay for the marginal
MBtD
benefits arising from ecosystem
services, MBt, is explicitly measured, or
“valued”. But if this is not the case, then
these non-marketed flows are likely
to be ignored in the land use decision.
Only the marginal benefits, MBtD , of
0
St
S
Land area, S
the “marketed” outputs arising from
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aquatic and other land-based food systems will be taken into account, and as indicated
in the figure, this implies that the entire ecosystem area S will be converted for
development.
A further problem in valuing environmental assets is the uncertainty over their
future values. It is possible, for example, that the benefits of natural ecosystem services
are larger in the future as more scientific information becomes available over time.
This is illustrated in Figure 1. As has been already shown, based on the valuation of
marginal benefits of ecosystem services in the current period, amount St of ecosystem
area should be optimally converted for aquatic and land-based food systems at time
t. However, suppose that in some future period t+1 it is discovered that the value of
ecosystem services is actually much larger, so that the discounted marginal benefits
of these services, MBt+1, is now represented by the dotted line in the figure. If the
discounted marginal benefits from aquatic and other food systems in the future are
largely unchanged, i.e. MBtD+1 ≈ MBtD , then as Figure 1 indicates, the discounted future
benefits of ecosystem services exceed these costs, and the ecosystem area should be
“restored” to its original area S .
The need to consider future ecosystem service values is further exacerbated
by the problem of irreversibility. As pointed out by Krutilla and Fisher (1985), if
environmental assets are irreversibly depleted, their value will rise relative to the value
of other reproducible and accumulating economic assets. This is particularly the case
for any natural ecosystem that is irreversibly converted or degraded as a result of
expansion of aquatic and other land-based food systems or the cumulative generation
of pollution by these systems. Because natural ecosystems are in fixed supply and are
difficult to substitute for or restore, the beneficial services provided by their regulatory
and habitat functions will decline as these assets are converted or degraded. The
increasing relative scarcity of these services means that their value will rise relative to
other goods and services in the economy. This also implies that any decision today that
leads to irreversible conversion imposes a “user cost” on individuals who face a rising
scarcity value of future ecosystem benefits as a consequence.
Figure 2 illustrates the additional measurement problem arising from irreversible
conversion of fixed ecosystem assets. As in the original example of Figure 1, if only the
current benefits, MBt, and opportunity costs, MBtD , of maintaining a natural ecosystem
are considered, then an amount St of ecosystem area would be converted today. But
suppose that the loss of ecosystem services arising from converting St causes the value
of these services to rise. As a result, individuals benefiting from these services in a
future time period t+1 would choose optimally to have less land converted to aquatic
and other food systems, i.e. St +1 < St . However, if ecosystem conversion is irreversible,
then land development for food systems
remains at St in time period t+1. The
FIGURE 2
welfare effect of the reduced choice
Irreversible
conversion
of ecosystems and uncertainty
for individuals in the future is the user
cost of irreversible loss of ecosystem
services, which in present value terms
$
is represented as MUCt+1 in the figure.
The correct land use decision would
take into account this additional cost of
MBt
irreversible ecosystem conversion due
MBtD
to expansion of aquatic and other food
MUCt+1
systems today. Deducting the marginal
user cost from MBtD yields the net
MNBtD
marginal benefits of the development
option, MNBtD . The latter is the
St+1 St* St
0
S
Land area, S
appropriate measure of the opportunity
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costs of maintaining the ecosystem, and equating it with the marginal social benefits of
*
ecosystem services determines the intertemporally optimal land allocation. Only St
of ecosystem area should be converted for aquatic and other land-based food systems
leaving S − St* of the natural ecosystem intact.
Valuation of environmental assets under conditions of uncertainty and irreversibility
clearly poses additional measurement problems. There is now a considerable literature
advocating various methods for estimating environmental values by measuring the
additional amount, or “premium” that individuals are willing to pay to avoid the
uncertainty surrounding such values (see Ready 1995 for a review). Similar methods are
also advocated for estimating the user costs associated with irreversible development,
as this also amounts to valuing the “option” of avoiding reduced future choices for
individuals (Just, Hueth and Schmitz, 2004). However, the problem with such welfare
measures is that they cannot be estimated from the observed behaviour of individuals
and are therefore difficult to implement empirically, particularly when there is
uncertainty not only about the future state of the environmental asset but also over
the future preferences and income of individuals. The general conclusion from the few
empirical attempts to implement environmental valuation under uncertainty is that
“more empirical research is needed to determine under what conditions we can ignore
uncertainty in benefit estimation….where uncertainty is over economic parameters
such as prices or preferences, the issues surrounding uncertainty may be empirically
unimportant” (Ready, 1995, p. 590).
Valuation methods
Uncertainty and irreversible loss are important issues to consider in valuing ecosystem
services affected by aquatic and other land-based food systems. However, as
emphasized by Heal et al., (2005), a “fundamental challenge” in valuing these flows
is that ecosystem services are largely not marketed, and unless some attempt is made
to value the aggregate willingness to pay for these services, Bt, then management of
natural ecosystems and their services will not be efficient.
In recent years substantial progress has been made by economists working with
ecologists and other natural scientists on this “fundamental challenge” to improve
environmental valuation methodologies. Table 2 indicates there are now various
methods that can be used for valuing the services derived from ecological regulatory
and habitat functions. It is beyond the scope of this paper, however, to discuss all
the valuation methods listed in Table 2. More discussion of the methods and their
application to valuing ecosystem goods and services can be found in Freeman (2003),
Heal et al., (2005) and Pagiola, von Ritter and Bishop (2004). Instead, this section will
make a few observations concerning these valuation methods, emphasizing both their
advantages and shortcomings.
First, the application of some valuation methods is often limited to specific types
of ecological services. For example, the travel cost method is used principally for
those environmental values that enhance individuals’ enjoyment of recreation and
tourism, averting behaviour models are best applied to the health effects arising from
environmental pollution and hedonic wage and property models are used primarily for
assessing work-related environmental hazards and environmental impacts on property
values, respectively.
In contrast, stated preference methods, which include contingent valuation methods,
conjoint analysis and choice experiments, have the potential to be used widely in
valuing ecosystem goods and services. These valuation methods share the common
approach of surveying individuals who benefit from an ecological service or range of
services, in the hope that analysis of these responses will provide an accurate measure
of the individuals’ willingness to pay for the service or services. In addition, stated
preference methods can go beyond estimating the value to individuals of single and
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TABLE 2

Various valuation methods applied to ecosystem services
Valuation methoda

Types of value
estimatedb

Common types of
applications

Travel cost

Direct use

Recreation

Maintenance of beneficial
species, productive
ecosystems and biodiversity

Averting behaviour

Direct use

Environmental impacts on
human health

Pollution control and
detoxification

Hedonic price

Direct and indirect
use

Environmental impacts
on residential property
and human morbidity and
mortality

Storm protection; flood
mitigation; maintenance of
air quality

Production function

Indirect use

Commercial and
recreational fishing;

Maintenance of beneficial
species; maintenance
of arable land and
agricultural productivity;
prevention of damage
from erosion and
siltation; groundwater
recharge; drainage
and natural irrigation;
storm protection; flood
mitigation

agricultural systems;
control of invasive species;
watershed protection;
damage costs avoided

Ecosystem services valued

Replacement cost

Indirect use

Damage costs avoided;
freshwater supply

Drainage and natural
irrigation; storm
protection; flood
mitigation

Stated preference

Use and non-use

Recreation; environmental
impacts on human health
and residential property;
damage costs avoided;
existence and bequest
values of preserving
ecosystems

All of the above

Notes:
a
See Freeman (2003), Heal et al. (2005) and Pagiola, von Ritter and Bishop (2004) for more discussion of these
various valuation methods and their application to valuing ecosystem goods and services.
b
Typically, use values involve some human “interaction” with the environment whereas non-use values do not,
as they represent an individual valuing the pure “existence” of a natural habitat or ecosystem or wanting to
“bequest” it to future generations. Direct use values refer to both consumptive and non-consumptive uses that
involve some form of direct physical interaction with environmental goods and services, such as recreational
activities, resource harvesting, drinking clean water, breathing unpolluted air and so forth. Indirect use values
refer to those ecosystem services whose values can only be measured indirectly, since they are derived from
supporting and protecting activities that have directly measurable values.
Source: Adapted from Heal et al. (2005), Table 4-2.

even multiple benefits of ecosystems and in some cases elicit “non-use values”, i.e. the
additional “existence” and “bequest” values that individuals attach to ensuring that a
preserved and well-functioning system will be around for future generations to enjoy.
For example, a study of mangrove-dependent coastal communities in Micronesia
demonstrated through the use of contingent valuation techniques that the communities
“place some value on the existence and ecosystem functions of mangroves over and
above the value of mangroves’ marketable products” (Naylor and Drew, 1998, p. 488).
Similarly, choice experiments and conjoint analysis, which ask respondents to rank,
rate or choose among various environmental outcomes or scenarios, have the potential
to elicit the relative values that individuals place on different ecosystem services (see for
example Carlsson, Frykblom and Lijenstolpe, 2003).
However, as emphasized by Heal et al. (2005), to implement a stated-preference
study two key conditions are necessary: (1) the information must be available to
describe the change in a natural ecosystem in terms of service that people care about,
in order to place a value on those services; and (2) the change in the natural ecosystem
must be explained in the survey instrument in a manner that people will understand
and not reject the valuation scenario. For many of the specific services arising from
the type of ecological regulatory and habitat functions listed in Table 1, one or both
of these conditions may not hold. For instance, it has proven very difficult to describe
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accurately through the hypothetical scenarios required by stated-preference surveys
how changes in ecosystem processes and components affect ecosystem regulatory
and habitat functions and thus the specific benefits arising from these functions that
individuals value. If there is considerable scientific uncertainty surrounding these
linkages, then not only is it difficult to construct such hypothetical scenarios but also
any responses elicited from individuals from stated-preference surveys are likely to
yield inaccurate measures of their willingness to pay for ecological services.
In contrast to stated-preference methods, the advantage of production function (PF)
approaches is that they depend on only the first condition, and not both conditions,
holding. That is, for those regulatory and habitat functions where there is sufficient
scientific knowledge of how these functions link to specific ecological services
that support or protect economic activities, then it may be possible to employ the
PF approach to value these services. The basic modelling approach underlying PF
methods, also called “valuing the environment as input”, is similar to determining the
additional value of a change in the supply of any factor input (Barbier, 1994 and 2000;
Freeman, 2003). If changes in the regulatory and habitat functions of ecosystems affect
the marketed production activities of an economy, then the effects of these changes
will be transmitted to individuals through the price system via changes in the costs and
prices of final good and services. This means that any resulting “improvements in the
resource base or environmental quality” as a result of enhanced ecosystem services,
“lower costs and prices and increase the quantities of marketed goods, leading to
increases in consumers’ and perhaps producers’ surpluses” (Freeman, 2003, p. 259).
An adaptation of the PF methodology is required in the case where ecological
regulatory and habitat functions have a protective value, through various ecological
services such as storm protection, flood mitigation, prevention of erosion and
siltation, pollution control and maintenance of beneficial species (Table 1). In such
cases, the environment may be thought of producing a non-marketed service, such
as “protection” of economic activity, property and even human lives, which benefits
individuals through limiting damages. Applying PF approaches requires modelling the
“production” of this protection service and estimating its value as an environmental
input in terms of the expected damages avoided by individuals (Barbier, 2006).
However, PF methods have their own measurement issues and limitations. For
instance, applying the PF method raises questions about how changes in the ecological
service should be measured, whether market distortions in the final goods market
are significant, and whether current changes in ecological services may affect future
productivity through biological “stock effects”. A common approach in the literature
is to assume that an estimate of ecosystem area may be included in the “production
function” of marketed output as a proxy for the ecological service input. For example,
this is the standard approach adopted in coastal habitat-fishery PF models, as allowing
wetland area to be a determinant of fish catch is thought by economists and ecologists to
proxy some element of the productivity contribution of this important habitat function
(Barbier, 2000; Freeman, 2003). In addition, as pointed out by Freeman (1991), market
conditions and regulatory policies for the marketed output will influence the values
imputed to the environmental input. For instance, in the previous example of coastal
wetlands supporting an offshore fishery, the fishery may be subject to open access
conditions. Under these conditions, profits in the fishery would be dissipated, and
price would be equated to average and not marginal costs. As a consequence, producer
values are zero and only consumer values determine the value of increased wetland
area. Finally, a further measurement issue arises in the case where the ecological service
supports a natural resource system, such as a fishery, forestry or a wildlife population,
which is then harvested or exploited through economic activity. In such cases, the key
issue is whether or not the effects on the natural resource stock or biological population
of changes in the ecological service are sufficiently large that these stock effects need
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to be modelled explicitly. In the production function valuation literature, approaches
that ignore stock effects are referred to as “static models” of environmental change on
a natural resource production system, whereas approaches that take into account the
intertemporal stock effects of the environmental change are referred to as “dynamic
models” (Barbier, 2000; Freeman, 2003).
In circumstances where an ecological service is unique to a specific ecosystem and
is difficult to value, then economists have sometimes resorted to using the cost of
replacing the service or treating the damages arising from the loss of the service as a
valuation approach. Economists consider that the replacement cost approach should be
used with caution. For example, the few studies that have attempted to value the storm
prevention and flood mitigation services of the “natural” storm barrier function of
mangrove systems have employed the replacement cost method by simply estimating
the costs of replacing mangroves by constructing physical barriers to perform the
same services (Chong, 2005). Shabman and Batie (1978) suggested that this method
can provide a reliable valuation estimation for an ecological service, but only if the
following conditions are met: (1) the alternative considered provides the same services;
(2) the alternative compared for cost comparison should be the least-cost alternative;
and (3) there should be substantial evidence that the service would be demanded by
society if it were provided by that least-cost alternative. Unfortunately, very few
replacement cost studies meet all three conditions.
In the absence of conducting reliable stated preference surveys to elicit the
willingness to pay by individuals for ecological services, for some benefits an
alternative to employing either replacement cost or cost of treatment methods might
be the expected damage function (EDF) approach. The EDF approach is nominally
straightforward; it assumes that the value of an asset that yields a benefit in terms of
reducing the probability and severity of some economic damage is measured by the
reduction in the expected damage. The essential step to implementing this approach,
which is to estimate how changes in the asset affect the probability of the damaging
event occurring, has been used routinely in risk analysis and health economics, e.g. as
in the case of airline safety performance, highway fatalities, drug safety and studies of
the incidence of diseases and accident rates (Cameron and Trivedi, 1998; Winkelmann,
2003). Barbier (2006) shows that the EDF approach can be applied, under certain
circumstances, to value ecological services that also reduce the probability and severity
of economic damages, such as the storm protection service of mangroves.
Valuation of ecosystem services supporting aquaculture in Thailand
Since 1961, Thailand has lost from 1 500 to 2 000 km2 of coastal mangroves, or
about 50–60 percent of the original area (Wilkie and Fortuna, 2003). Over 1975–96,
50–65 percent of Thailand’s mangroves were lost to shrimp farm conversion alone
(Aksornkoae and Tokrisna, 2004).
Mangrove deforestation in Thailand has focused attention on the two principle
services provided by mangrove ecosystems, their role as nursery and breeding habitats
for off-shore fisheries and as natural “storm barriers” to periodic coastal storm events,
such as wind storms, tsunamis, storm surges and typhoons. In addition, many coastal
communities exploit mangroves directly for a variety of products, such as fuelwood,
timber, raw materials, honey and resins, and crabs and shellfish. One study estimated
that the annual value to local villagers of collecting these products was US$88 per hectare
(ha), or approximately US$823/ha in net present value terms over a 20-year period and
with a 10 percent discount rate (Sathirathai and Barbier, 2001). The same study also
used the “replacement cost” method of estimating the value of the protection service
of mangrove ecosystems and a “static” habitat-fishery model to estimate their role in
supporting offshore fisheries. To compare these benefits, the authors also estimated the
economic returns to shrimp farming that converts mangrove area, which included an
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estimate of the water pollution damages and the costs of replanting lost mangroves.
The above economic costs of maintaining shrimp aquaculture in Thailand suggest
that the net benefits of this activity need to be compared to the economic benefits of the
ecosystem services of the mangrove area that is converted to shrimp farming. Only by
comparing the returns to these two alternative uses is it possible to determine whether
or not full conversion of mangroves into commercial shrimp farms is worthwhile
(Figure 1).
Several analyses have demonstrated that the overall commercial profitability of
shrimp aquaculture in Thailand provides a substantial incentive for private landowners
to invest in such operations (Barbier, 2003; Sathirathai and Barbier, 2001; Tokrisna,
1999). However, many of the conventional inputs used in shrimp pond operations
are subsidized, below border-equivalent prices, thus increasing artificially the private
returns to shrimp farming. Thus the first step in the analysis of the net benefits of
shrimp aquaculture is to adjust the costs of the activity for these subsidies. The results
of this calculation are shown in Table 3.
The productive life of a typical commercial shrimp farm in Southern Thailand
is normally five years. After this period, there tends to be problems of drastic yield
TABLE 3

Economic returns to shrimp aquaculture, Thailand (1996 US$)
Year

1

2

3

4

5

Benefits
Gross Returnsa

20 719

20 719

20 719

20 719

20 719

Costs
Variable costsb
Annualized fixed costsc

16 800
3 597

16 800
3 597

16 800
3 597

16 800
3 597

16 800
3 597

264

264

264

264

264

Value(US$)/ha

Cost of pollutiond
Costs of forest rehabilitatione

6

7-20

9 521

137

Net economic returns:
Net present value
(10 percent discount rate)

1 341.48

Net present value
(12 percent discount rate)

1 298.85

Net present value
(15 percent discount rate)

1 240.18

With pollution control:
Net present value
(10 percent discount rate)

241.90

Net present value
(12 percent discount rate)

234.21

Net present value
(15 percent discount rate)

223.63

With forest rehabilitation:
Net present value
(10 percent discount rate)

–6 294.79

Net present value
(12 percent discount rate)

–5 682.04

Net present value
(15 percent discount rate)

–4 898.76

Notes:
a
Assumes non-declining yields over five-year period of investment, and based on estimates of average shrimp
yields of 3,856.25 kg/ha and farm price (1996$) of $5.373/kg.
b
Includes costs of shrimp larvae, feed, gasoline, oil and electricity, pond cleaning, pond and machine maintenance,
labor and miscellaneous variable costs, which are adjusted using the standard conversion factor of 0.89 for
operating costs in Thailand.
c
Land tax and rent, interest payments, opportunity cost of land and pond clearing costs, and depreciation, which
are adjusted using the standard conversion factor of 0.961 for capital costs in Thailand.
d
Based on costs of treatment of chemical pollutants in water and loss of farm income from rice production from
saline water released from shrimp ponds.
e
Based on costs of rehabilitating abandoned shrimp farms, replanting mangrove forests and maintaining and
protecting mangrove seedlings.
Source: Adapted from Sathirathai and Barbier (2001).
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decline and disease; shrimp farmers then usually abandon their ponds and find a
new location. The gross returns of aquaculture are, nonetheless, very high – around
US$20 719 per hectare per year in real terms (Table 3). With the operating and capital
costs adjusted for subsidies, the discounted economic returns range from US$1 240 to
US$1 341 per hectare.
In addition, a major external cost of shrimp ponds is the considerable amount of
water pollution that they generate. This consists of both the high salinity content of
water released from the ponds and agrochemical runoff. When the costs of controlling
pollution are taken into account, the annual net benefits of shrimp farms fall to $58 per
hectare, and the discounted net returns from aquaculture decline to US$224 to US$242
per hectare (Table 3).
There is also the problem of the highly degraded state of abandoned shrimp ponds
after the five-year period of their productive life. Across Thailand those areas with
abandoned shrimp ponds degenerate rapidly into wasteland, since the soil becomes
very acidic, compacted and too poor in quality to be used for any other productive use,
such as agriculture. This reflects the fact that converting mangroves to establish shrimp
farms is an “irreversible” land use, and without considerable additional investment in
restoration, these areas do not regenerate into mangrove forests. Thus one approach to
account for this “user cost” of converting mangroves irreversibly is to incorporate this
cost explicitly in the estimation of the net returns to shrimp aquaculture. However, as
shown in Table 3, these restoration costs are considerable, and mean that the shrimp
aquaculture operation makes an economic loss.
An important issue is whether it is worth restoring mangroves in the first place.
If the foregone benefits of the ecological services of mangroves are not large, then
mangrove restoration may not be a reasonable option. Table 4 indicates the value of
three of these benefits: the net income from local mangrove forest products, habitatfishery linkages and storm protection.
Sathirathai and Barbier (2001) estimate the value to local communities of using
mangrove resources in terms of the net income generated by various wood and nonwood products from forests. If the extracted products were sold, market prices were
used to calculate the net income generated (gross income minus the cost of extraction).
If the products were used only for subsistence, the gross income was estimated based
on surrogate prices, i.e., the market prices of the closest substitute. Based on surveys of
local villagers in Surat Thani Province, the major products collected by the households
were various fishery products, honey, and wood for fishing gear and fuelwood. As
shown in Table 4, the net annual income from these products is $101 per hectare.
Although this is the lowest benefit generated by mangrove forests, this value is still
nearly twice as much as the net annual economic returns from shrimp aquaculture once
the costs of pollution control are taken into account.
TABLE 4

Net present value of mangrove forest benefits, Thailand (1996 US$)a
Value(US$)/ha

Net income from timber and non-timber productsb
Habitat-fishery linkagesc
Storm protectiond
Total benefits

101.49
248.70
1 878.98
2 229.17

Net present value (10 percent discount rate)

20 876.00

Net present value (12 percent discount rate)

18 648.74

Net present value (15 percent discount rate)

16 046.08

Notes:
a
All benefits estimated on an annual basis; net present value calculations are based on a 20-year time horizon.
b
Adapted from Sathiathai and Barbier (2001).
c
From Barbier (2003), assuming a price elasticity of demand for fish of -0.5.
d
From Barbier (2006).
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Barbier (2003) shows how the coastal habitat-fishery of mangroves in Thailand may
be modelled through incorporating the change in wetland area within a multi-period
harvesting model of the fishery. The key to this approach is to model a coastal wetland
that serves as a breeding and nursery habitat for fisheries as affecting the growth
function of the fish stock. As a result, the value of a change in this habitat-support
function is determined in terms of the impact of any change in mangrove area in the
long run equilibrium conditions of the fishery. As Table 4 indicates, the net annual
benefit of this service is $249 per hectare.
The methodology of the EDF valuation approach is described in Barbier (2006) for
estimating the expected damage costs avoided through increased provision of the storm
protection service of coastal wetlands. Two components are critical to implementing
the EDF approach to estimating the changes in expected storm damages: the influence
of wetland area on the expected incidence of economically damaging natural disaster
events, and some measure of the additional economic damage incurred per event. Both
of these components can be estimated, provided that there are sufficient data on past
storm events, and preferably across different coastal areas, as well as estimates of the
economic damages inflicted by each event. The most important step in the analysis is
the first one, and provided that there is sufficient data on the incidence of past natural
disasters and changes in wetland area in coastal regions, this step can be done through
employing a count data model (Cameron and Trivedi, 1998; Winkelmann, 2003). The
EDF approach is then applied to estimate the benefits from the storm protection service
of mangroves in Thailand, which is calculated to be $1 879 per hectare (Table 4).
Table 4 indicates that the total annual sum of these three mangrove benefits is $2
229 per ha in constant 1996 prices. The value of the storm protection service clearly
dominates these benefits. However, each one of these benefits has an annual value
in excess of the annual economic returns from shrimp aquaculture net of pollution
control costs. The net present value of all three mangrove ecosystem benefits ranges
from $16 046 to $20 876 per hectare.
To summarize, this case study has shown the importance of valuing the ecological
services that support aquaculture systems. Controlling the pollution generated by
aquaculture generates substantial costs, and these must be taken into account in any
economic assessment of the economic returns from aquaculture. In addition, the
irreversible conversion of mangroves for aquaculture results in the loss of ecological
services that generate significantly large economic benefits. This loss of benefits must
be taken into account in land use decisions that lead to the widespread conversion of
mangroves. Finally, the largest economic benefits of mangroves appear to arise from
regulatory and habitat functions. This reinforces the importance of measuring the value
of such ecological services.
CONCLUSIONS
Important advances have been made recently in the economic valuation of key
ecological services supporting aquaculture and other land-based food systems. This
paper has reviewed some of the key approaches.
The Thailand case study in this paper does not suggest that shrimp aquaculture should
be halted in Thailand. It does suggest, however, the need for better policies to control
excessive shrimp farm expansion and subsequent mangrove loss by making aquaculture
in Thailand more sustainable. To achieve this objective, there are clearly several steps
that the Government of Thailand could take to reduce the current perverse incentives
for excessive mangrove conversion for shrimp farming. These include eliminating
preferential subsidies for the inputs, such as larvae, chemicals and machinery, used in
shrimp farming, ending preferential commercial loans for clearing land and establishing
shrimp ponds, employing land auctions and concession fees for the establishment of
new farms in the “economic zones” of coastal areas, and finally, charging replanting
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fees for farms that convert mangroves (Barbier and Sathirathai, 2004). Reducing the
other environmental impacts of shrimp farming in Thailand is also important, notably
problems of water pollution, the depletion of wild fish stocks for feed and disease
outbreaks within ponds (Goldberg and Naylor, 2005; Jory, 1996; Naylor et al., 2000).
As one industry expert has commented: “the key to industry sustainability in Thailand,
as it is for most shrimp farming countries, is continuing research and breakthrough in
three areas: species domestication, minimizing the negative environmental impact of
pond effluents on coastal ecosystems, and controlling diseases, especially those caused
by viruses” (Jory 1996, p. 74).
Although this paper focused on the specific example of the ecological support
services of shrimp aquaculture only, it is clear that the valuation of ecosystem services
should be applied to the environmental impacts of other land-based food systems.
For instance, the animal waste from the growth in intensive livestock production is
overburdening the assimilative capacity of aquatic ecosystems (Gollehon et al., 2001;
Mallin and Cahoon, 2003). The result is disruption of ecological services ranging from
the destruction of aquatic fish habitats and nursery grounds to loss of potable water
supplies, to human health impacts, to loss of recreational and aesthetic benefits, to
effects on property values. All these foregone ecological benefits can and should be
valued to assess the damages arising from the expansion of the intensive livestock
industry.
In sum, this paper has shown that valuing the non-market benefits of ecological
regulatory and habitat services is becoming increasingly important in assisting policy
makers in the management of critical environmental assets that support aquaculture
and other land-based food systems. However, further progress applying production
function approaches and other methods to value ecological services faces two
challenges.
First, for these methods to be applied effectively to valuing ecosystem services, it
is important that the key ecological and economic relationships are well understood.
Unfortunately, our knowledge of the ecological functions, let alone the ecosystem
processes and components, underlying many of the services listed in Table 1 is still
incomplete.
Second, natural ecosystems are subject to stresses, rapid change and irreversible
losses, they tend to display threshold effects and other non-linearities that are difficult
to predict, let alone model in terms of their economic impacts. These uncertainties can
affect the estimation of values from an ex ante (“beforehand”) perspective, which is
the perspective adopted by the PF approaches discussed in this paper. The economic
valuation literature recognizes that such uncertainties create the conditions for option
values, which arise from the difference between valuation under conditions of certainty
and uncertainty (e.g., see Freeman, 2003; and Just, Hueth and Schmitz, 2004). The
standard method recommended in the literature is to estimate this additional value
separately, through various techniques to measure an option price, i.e. the amount of
money that an individual will pay or must be compensated to be indifferent from the
status quo condition of the ecosystem and the new, proposed condition.
However, in practice, estimating separate option prices for unknown ecological
effects is very difficult. Determining the appropriate risk premium for vulnerable
populations exposed to the irreversible ecological losses is also proving elusive.
These are problems currently affecting all economic valuation methods of ecosystem
services, and not just the production function approach. As one review of these
studies concludes: “Given the imperfect knowledge of the way people value natural
ecosystems, their goods and services, and our limited understanding of the underlying
ecology and biogeochemistry of aquatic ecosystems, calculations of the value of the
changes resulting from a policy intervention will always be approximate” (Heal et al.,
2005, p. 218).
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Finally, recent attempts have been made to extend the production function approach
to the ecosystem level through integrated ecological-economic modelling. This allows
the ecosystem functioning and dynamics underlying the provision of ecological
services to be modelled and can be used to value multiple rather than single services.
For example, returning to the Thailand case study, it is well known that both coral
reefs and sea grasses complement the role of mangroves in providing both the habitatfishery and storm protection services. Thus full modelling of the integrated mangrovecoral reef-sea grass system could improve measurement of the benefits of both services.
As we learn more about the important ecological and economic role played by such
services, it may be relevant to develop multi-service production function modelling to
understand more fully what values are lost when such integrated coastal and marine
systems are disturbed or destroyed.
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ABSTRACT
This paper aims to explore the potential as well as limitations of using Life Cycle
Assessment (LCA) for comparing environmental impacts associated with aquaculture
and other agri-food products. LCA has been used to assess environmental impacts,
to identify environmentally-friendlier farming systems, to support environmental
improvement, to designate benchmarking, and to develop eco-labelling criteria. However,
its main limitations are related to specific impact categories attached to aquaculture and
agri-food products that are not yet included in the current LCA methodology. The noninclusion of temporal and geographical differences as well as social and economic aspects
are some of the shortcomings of LCA which is primarily an environmental assessment
tool. Moreover, LCA results are often different when using different functional units.
To overcome these constraints, it is suggested to use the normalization of the nutrients
gained per kg of product consumed with the daily nutritional values required. It is
concluded that the life cycle approach should be considered in policy development
and LCA can be used to provide decision-supporting information to guide sustainable
consumption and production of food products.

INTRODUCTION
Food is one of the core elements for sustainable development of our society. Food
products are also the most important commodities traded in the world and the food
market chains are continually being extended. However, food production systems
both from agriculture and aquaculture (including marine fisheries) have been criticised
1
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for their high usage of energy and resources as well as generating wastes along their
product chains. Trade-off between food productivity and externality costs has raised a
great concern over how to make the food production systems sustainable.
In this regard, a life cycle framework provides a clear understanding of the whole
production and supply chain. LCA, based on the life cycle approach, has emerged as a
scientifically-based and product-oriented environmental impact assessment tool. It is
considered as a potential tool to systematically assess and compare the environmental
impacts associated with food products as well as to identify ecoefficiency improvement
options. Application of LCA is expected to provide a new insight leading to sustainable
development of food production systems. The overall aim of this paper is to evaluate
LCA in terms of potentials and limitations for supporting environmentally sustainable
aquaculture and agriculture.
Overview of LCA methodology
LCA is an environmental assessment tool to quantify potential environmental burdens
throughout the entire life cycle of a product or service. The life cycle stages of product
include extraction and processing of raw materials (including packaging materials);
manufacture; distribution; use/re-use/maintenance; recycling; final disposal and
transport in all stages. Assessment is done via compiling relevant inputs and outputs of
the product system and calculating the possible associated impacts. The environmental
impacts are calculated based on a functional unit which provides a reference to which
the inputs and outputs are related. The magnitude of overall environmental impacts can
be used to evaluate environmental performance of the product.
The environmental impact categories assessed in LCA can be divided into three
main groups: resource depletion, human health impacts and ecosystem consequences.
The LCA methodology, as described in ISO 14040 series, comprises four phases: Goal
and scope definition; Inventory analysis; Impact assessment; and Interpretation.
To conduct LCA studies, the objectives and intended application of the LCA study,
system boundary as well as methodological choices are identified in the goal and scope
definition phase. The environmental inputs and outputs associated with the product
system are then quantified in the inventory analysis phase, and the results are used
to calculate the potential environmental impacts in the impact assessment phase. The
results of the inventory and impact assessment phase are analysed in the interpretation
phase and recommendations for environmental improvement suggested.
LCA applications in aquaculture and agri-food products
The concepts of LCA have been widely applied mainly to industrial products
(Baumann, 1996; Berkhout and Howes, 1997). Its application to food products, though
recent, is rather promising. The general purpose of LCA in food products is basically
to identify the problem areas and possible options for environmental improvement.
Comparative LCA studies have been used to evaluate different production systems
or choice of management strategies to identify the most environmentally-preferred
system or option (Basset-Mens and van der Werf, 2003; Cederberg and Mattsson,
2000; Hospiso, et al., 2006; Mungkung, 2005; Papatryphon et al., 2004; Papatryphon
et al., 2003; Thrane, 2006; Ziegler et al., 2001). LCA results have been used as basic
information to support consumer decisions (Jungbluth, Tietje and Scholz, 2000) as well
as in development of eco-labeling criteria to inform consumers of the environmental
characteristics of products that will be in demand in the near future (Mungkung, Udo
de Haes and Clift, 2006). The studies also illustrate the inherent limitation, of current
LCA methodology in terms of impact categories assessed (land use and biodiversity are
not well-characterized as discussed in the sections below) and choice of methodology
used (Cederberg and Darelius, 2002a; Harald and Svein Aanond, 2006). Overall,
LCA is seen as a useful tool for environmental assessment covering both global and
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local impacts but its potential for application to support policy-making is still under
discussion.
Potential use of LCA in comparing aquaculture and agri-food products
LCA can be used to compare the environmental performance of different food
products. For doing that, however, the following methodological issues should be
considered and the comparison as well as interpretation should be done with care.
Associated environmental impacts
Aquaculture interacts with agriculture production systems by sharing some common resources and environmental impacts, e.g. land use, emissions to water and
soil, toxicity and some related to fisheries such as use of wild-caught fish for
fishmeal processing which is a major component of agriculture and aquaculture
feeds. It can be seen that such interactive production systems are inter-related but
a definitive impact assessment method is yet to be identified.
System boundary
The definition of system boundary plays a very important role in the assessment
of environmental impacts associated with inputs and outputs. The LCA results are
highly dependent on the product system defined. In principle, it should cover all
life cycle stages from raw materials acquisition to final waste disposal. The system
boundary is often limited by data and financial resources availability, or reduced
to cover only the major life cycle stages i.e. cutting off the stages contributing to
impacts less than 5-10 percent. For example, construction of infrastructure is often
excluded for LCA studies because their contribution to the overall environmental burden of the product may be less than 5 percent due to their long lifespan.
However, what is included and excluded from the study must be clearly defined.
Functional unit
The functional unit is the quantification of function that the product system delivers,
and is used as a basis for calculating the potential impacts. The definition of functional
unit is especially critical in comparative LCA studies. The functional unit used for
fisheries and aquaculture products is normally potential impacts per kilogram or
tonnnes, whilst per ha is used to compare the land productivity of different agriculture
products. However, different units can lead to different results as highlighted by
Halberg et al. (2005). For example, for the eutrophication potential, red label pig
production system performs better than organic agricultural practices when the
comparison is based on per ton of pig produced. However, this result is reversed when
the same comparison is done per hectare.
Results from several case studies are summarized in Table 1. Based on the energy
use per kg of product produced, fisheries seems to be the most energy intensive
production system followed by aquaculture and agriculture. This is because of the
high energy consumption during fishing. However, the energy consumed depends
on the type of gear, fishing method, and intensity of fishing activities. The energy use
per kg mixed fish caught can be much lower than the fishing for one target species, as
shown in the case study of Danish fish products (Thrane, 2006). Intensive shrimp and
trout aquaculture consumed energy nearly at the same level. It is likely that agriculture
products use less energy than fisheries and aquaculture. Among different types of
agriculture products, chicken is the most energy intensive followed by beef and pork.
Bread production consumed slightly lower energy than pork. However, the results are
not the same when comparing the environmental impacts based on the land used for
production. Trawling for cod was the most land intensive due to the nature of trawling
which requires sweeping through the sea bottom (in terms of impacted seafloor area per
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TABLE 1

Environmental impacts comparison of different products based on energy consumption and
land use per kilogram of product
Energy use
(MJ/kg)

Land use
(m2/kg)

Reference

Swedish wild-caught cod

95.0

1 711.0

Zielger (2001)

Norwegian wild-caught cod

67.5

1 075.0

Ellingsen and Aanondsen (2006)

Norwegian farmed salmon

66.0

6.0

Ellingsen and Aanondsen (2006)

French trout (very large trout)

65.1

NA

Papatryphon et al. (2003)

Norwegian chicken

55.0

12.5

Norwegian lobster

52.3

NA

Thrane (2006)

French trout (large trout)

49.5

NA

Papatryphon et al. (2003)

Thai shrimp

45.6

2.2

Mungkung (2005)

Swedish beef

40.0

33.0

Cederberg Darelius (2002)

French trout (portion trout)

36.2

NA

Papatryphon et al. (2003)

French pig
(Agriculture Biologique)

22.2

9.8

Basset-Mens and van der Werf (2003)

Swedish pig

22.0

15.0

Icelandic cod

18.5

NA

Eyjólfsdóttir et al. (2003)

French pig
(Label Rouge)

17.9

6.3

Basset-Mens and van der Werf (2003)

French pig
(Good Agricultural Practice)

15.9

5.4

Basset-Mens and van der Werf (2003)

German bread

15.8

1.5

Brashkay et al. (2003)

Danish flatfish

7.4

NA

Thrane (2006)

Danish shrimp

7.4

NA

Thrane (2006)

Danish prawn

6.6

NA

Thrane (2006)

Danish mussel

2.5

NA

Thrane (2006)

Species

Ellingsen and Aanondsen (2006)

Cederberg and Darelius (2002b)

trawled cod) whilst aquaculture and agriculture use much less land. However, it must
be noted that the production of fish meal in aquaculture and agriculture feeds did not
include the land use impacts associated with fishing. Intensive shrimp farming showed
a very low amount of land required, whilst beef, pork and chicken required more land
due to fodder consumption of the livestock and the yield of the fodder crops. The area
used for producing bread is mainly related to the land required for cultivating wheat
and was thus the lowest.
However, it may be misleading to compare different foods on a “per kg” basis. The
functional unit is a quantification of the function that the product system delivers. As
the main function of food is to provide nutrients, it is proposed to use the nutritional
values gained from 1 kg of food products (based on the USDA Nutrient Database:
http://www.nal.usda.gov/fnic/foodcomp/search last accessed in April 2006) as the
basis for comparison rather than directly 1 kg of food or even 1 kg of protein. The
proposed method is to normalize the nutrients gained by the daily nutrients required
called “normalization factor”. The normalization factor can then be used to evaluate
the “normalized impact indicator” as shown in the equation below. The normalized
results will be on a “per Nkg” basis rather than “per kg” where “Nkg” stands for the
mass of nutrients gained from consuming 1 kg of food.
n
nutrient gained
Normalizat ion factor � �
i � 1 daily nutrient required
Normalized impact indicator �

impactindicator value
normalization factor

Figure 1 demonstrates the results of using the new functional unit proposed in some
previous case studies. The case study of wild cod, farmed salmon and chicken (Ellingsen
and Aanondsen, 2006) show a similar trend with the new functional unit – wild cod
has the worst environmental performance in terms of energy use and land requirement,
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FIGURE 1

Comparison of environmental impacts of wild cod, farmed
salmon and chicken using conventional and normalized
indicator values (data from Ellingsen and Aanondsen, 2006
and excluding costs of producing feed)
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for both conventional as well as
normalized units. However, the
factors indicate relative magnitude
of impacts are rather different – the
land use impact of wild cod is 179
and 86 times of farmed salmon and
chicken respectively in terms of
conventional units, whilst it is 342
and 134 times in terms of normalized
units. Similarly, the energy use impact
of cod is 1 and 1.2 times of farmed
salmon and chicken respectively in
terms of conventional units, whilst
it is 2 and 1.9 times in terms of
normalized units. It is interesting to
note that farmed salmon performs
worse than chicken for energy
use in terms of conventional units
but is slightly better in terms of
normalized units. It should also be
noted here that all the nutrients are
assumed to be equally important in
the normalization scheme. Still, the
authors consider the normalization
by using nutrients gained to be more
rational than directly calculating
impacts per kg of food or protein.
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Inventory data required
Collecting primary data is not always feasible. Thus, LCA practitioners often use
secondary data from databases embedded in commercially available LCA software.
The sources of inventory data used in LCA must be clearly stated so as to understand
uncertainties attached to the results. This is linked to interpretation as well as
conclusions from LCA studies. It is worth noting here that the databases of food
products – covering fish, crops, dairy, livestock, fruits and vegetables – have been
developed.2
Environmental impacts assessed
Efforts have been made to develop methodologies for evaluating land use impacts,
seafloor effects, use of anti-fouling agents, depletion of biotic resources, and losses
of biodiversity in LCA. Land-use is a very significant parameter for assessing
agriculture and aquaculture systems. However, there has been no consensus regarding
its characterization in LCA. Several methodologies have been proposed but there
is lack of single definition due to lack of adequate impact indicators and scarcity of
data (Antón, Castells and Montero, 2005). A simple way of characterizing it is by
using land occupation – the area of land occupied for a certain time period, expressed
as area time (e.g. m2×year) per functional unit (Guinée et al., 2002). This however,
does not take into account the change in soil quality. A semi-quantitative way of
taking land use change into account is to consider land transformation from type A
to type B, expressed as land area (e.g. m2). The land could be classified into five types,
viz., I, natural systems; II, modified systems; III, cultivated systems; IV, constructed
2

Data and references can be found at http://www.lcafood.dk/.
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systems; V, degraded systems (Heijungs et al., 1992). The obvious shortcoming of this
classification is that all agriculture and aquaculture would fall under type III without
scope for differentiation. Several more sophisticated methods have been developed to
account for soil degradation, loss of biodiversity and productivity. Soil degradation is
characterized in terms of its physical, chemical and biological properties (Mattsson,
Cederberg and Blix, 2000, Wegener et al., 1996a, Wegener et al., 1996b) whereas
biodiversity and productivity indicators are based on loss of life support (net primary
productivity) and diversity of species (Antón et al., 2005, Goedkoop and Spriensma,
2000, Koellner, 2000; Weidema and Lindeijer, 2001). Even indicators based on ecosystem
thermodynamics are being developed (Wagendorp et al., 2006). Thus, it is clear that a
good indicator should include area of occupied surface, time of activity and change in
soil quality. However, as stated earlier there is no consensus on a single indicator. Also,
the data to support the computation of change in soil quality is not readily available.
This issue needs to be researched further to develop a set of rigorous, but relatively
easy to compute indicators which could be standardized internationally. Geographic
Information System (GIS) has recently been introduced for tracking fishing vessels to
assess the impacted area of seafloor (Nilsson and Ziegler, 2006). There is however still
a need for further research on these issues.
Life cycle impact assessment method
There are different impact assessment methods available, based on different principles
and measurements resulting in different set of impact categories. Which method should
be used for each case study depends upon the type of information required for further
application as well as the specific impacts associated with the product being studied. As
a result, the detailed comparison of foods products from different LCA studies can be
done only if the same impact assessment methodology is used (Baumann and Tillman,
2004).
DISCUSSION
LCA applies a systems perspective yielding a more comprehensive and realistic
environmental assessment of products. Providing the magnitude of environmental
impacts in each life cycle stage in quantitative terms, the key life cycle stages, significant
issues and main impact contributors can be identified. The environmental information
provided by LCA can thus assist in deriving possible options for environmental
improvement. LCA studies are used for comparing the environmental performance
(i.e. friendliness) of different production systems as well as to set the indicators for
benchmarking. LCA is also useful for identifying the key environmental criteria that
can be used as ecolabelling criteria. In addition, it has also been used as a policysupport tool in assessing environmental sustainability of different production systems
or management options.
However, one could argue that LCA results are practically applied only for
environmental certifications or ecolabelling to indicate the environmentally-friendlier
product but not practical for policy implications. This is because they do not provide
the absolute values of impacts or incorporate the safety margin to support policy
development in terms of regulations. Another particular concern among policy makers
is related to how to compare the severity across different environmental impact
categories. Nevertheless, the LCA results can still provide information regarding
the better management option and could be used for supporting strategic policy
development in terms of planning. The magnitude of several impacts can be combined
into single score by applying the weighting factors according to the level of importance
of each impact category in a specific context. However, it is rather subjective,
depending on the valuation choice. Some of the weighting methodologies currently in
use are based on willingness-to-pay, damage costs and panel approach (Heijungs et al.,
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1992). The choice of methodology is based on the value-systems of the users and will
thus yield different results.
The LCA method is still under development and the methodology to assess some
potential environmental impacts are still not conclusively determined. Such impacts
include biotic depletion, impacts of land use, biodiversity loss and unknown chemical
toxicity. Moreover, LCA is not site specific; thus the severity of impacts from different
locations cannot be distinguished. The LCA procedure, particularly the inventory
step, is rather resource intensive and time consuming – which can be the constraints
for LCA implementation. LCA only focuses on environmental aspects, but does not
include social and economic dimensions. Therefore, the LCA results must be applied
in conjunction with other tools for decision making.
CONCLUSIONS AND RECOMMENDATIONS
• The life cycle framework presents a systematic approach of analyzing the
environmental impacts of a product along its entire life cycle and should be taken
into consideration in policy development.
• LCA has been used to identify problematic areas and options for environmental
improvement and compare the environmental performance of different food
production systems.
• For agriculture, different cultivation practices should be compared to identify the
better environmental performance system; impacts of land use in terms of soil
quality degradation should be further investigated.
• For fisheries, different fishing gears and methods should be compared based
on energy use per kg caught and identify the environmentally-preferred fishing
gear and method; population dynamics of aquatic resources should be applied to
evaluate their potential of renewability i.e. sustainability of production capacity.
• For aquaculture, as well as for agriculture and capture fisheries, different
production systems should be compared to identify the most environmentally
friendly practices. The sustainable use of resources, particularly, the interactions
with other production systems should receive attention.
• LCA has been shown to be applicable for comparing aquaculture and agri-food
products based on a novel normalization scheme based on nutrients gained from
food products.
• The main limitations of LCA applications are related to specific impact categories
associated with aquaculture and agri-food products that are not yet included in the
current LCA methodology. Thus, how to include all associated impacts in LCA
to obtain a more realistic assessment of environmental impacts should be further
investigated for the practicality and credibility of using LCA. Such impacts are:
land use impacts, chemical toxicity, seafloor effects and biodiversity losses.
• Interactive effects of agriculture, aquaculture and fisheries on ecosystem services
– which are not known yet – should receive attention.
• Sustainability of production capacity from agriculture, aquaculture and fisheries
should be managed in an integrated manner, due to the requirements of same
resources and interaction among sectors.
• Information on environmental impacts associated with the production of
aquaculture and agriculture products will be in demand for eco-labeling to
support purchasing decisions for both sustainable production and consumption.
Thus this area should be further researched.
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ABSTRACT
Global aquaculture production is roughly doubling every ten years, thus raising
sustainability concerns and motivating the development of tools to evaluate its
environmental costs. This paper reviews the potential contribution of material flow
analysis (MFA) and the human appropriation of net primary production (HANPP)
in this context. MFA and HANPP are indicators included in the broad framework of
material and energy flow analysis, abbreviated MEFA framework. MFA reports physical
flows in tonnes per year through various socio-economic systems, including companies,
economics sectors, households, national economies, villages or world regions. MFA is
increasingly used to quantify material requirements and wastes/emissions of production
systems, and can be used in comparative studies, given appropriate standardization.
HANPP is an indicator of land-use intensity that is often used with reference to a defined
territory. HANPP is the difference between the net primary productivity (NPP) of
potential natural vegetation and the proportion of the NPP of actual vegetation remaining
in the ecosystem after harvest. We conclude that the combined use of MFA and HANPP
could support the comparative assessment of environmental costs of aquaculture, which
would require further methodological developments.

INTRODUCTION
Globally, aquaculture supplies increasing amounts of aquatic animals such as fish,
crustaceans and molluscs. More than 220 aquatic species are farmed, and the output
1
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of aquaculture doubles roughly every 10 years (Naylor et al., 2000), thus supplying
valuable protein for human nutrition and economic benefits. Aquaculture currently
accounts for more than one third of total global food fish production, and this share
is rising constantly, as capture fisheries are stagnating due to the depletion of many
fish stocks (Figure 1; Pauly et al., 2002; Troell et al., 2004).2 Aquaculture production
is forecast to continue to grow, with some scenarios assuming a total output of
aquaculture in 2020 of over 80 Mt/yr (Delgado et al., 2003; FAO, 2004).
The surging output of aquaculture systems has triggered concerns about
environmental issues, such as pollution resulting from effluent discharge, loss of
valuable habitats (e.g., mangrove forests), escape of farmed organisms affecting wildliving stocks (“biological pollution”), depletion of wild-living stocks due to the use
of wild-caught juveniles in aquaculture systems, and environmental costs associated
to feed procurement (Delgado et al., 2003; Naylor et al., 2000; Valiela , Bowen and
York, 2001).
Many people hope that aquaculture can compensate shortfalls in ocean fish catches
caused by deterioration of fish stocks (Delgado et al., 2003; FAO, 2004). Aquaculture
systems, however, often require feed containing fish meal derived from capture
fisheries, so it very much depends on the origin of feed whether aquaculture can relieve
pressures on wild fish populations. Fish meal derived from ocean fisheries is also used
in some terrestrial animal rearing systems, above all for poultry, but some aquaculture
systems currently require considerably more fish protein inputs than these terrestrial
systems. Sometimes aquaculture systems, above those in which predatory species are
cultivated, use about 5 times more protein from wild catch than their product contains
(Naylor et al., 2000; Pauly et al., 2002).
All these issues raise concerns about the sustainability of aquaculture, thus
motivating efforts to develop tools to evaluate its environmental costs. This paper
reviews the potential value of using methods of material and energy flow accounting
(MEFA) in this context. It should be clear, in any case, that these methods cannot
address all the environmental issues associated to aquaculture, i.e. they have to be seen
as complementary to other methods and tools.
FIGURE 1

Global production of capture fisheries and aquaculture 1950-2003. Data on the share of
aquaculture (open squares) are given in percent of the total of capture fishery and aquaculture
and refer to the secondary axis. Data source: downloaded from FAO’s FIGIS homepage
(http://www.fao.org/figis/servlet/static?dom=root&xml=index.xml) on 5 April 2006
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There are allegations of over-reporting by a major country that may affect figures reported in Figure 1
(Paul et al. 2002). Readers are advised to consult the scientific literature before using these data in cases
where accuracy is crictical.
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A REVIEW OF MEFA METHODS
As researchers increasingly acknowledge the problems associated with a “weak
sustainability” perspective, above all the difficulties in adequately monetizing the value
of ecosystem services and the questionable substitutability of human-made and natural
capital, there is a rising demand for integrated (i.e. social-monetary-biophysical)
analyses of socio-ecological systems (Martinez-Alier, 1999). Methods of “integrated
environmental-economic accounting” are therefore increasingly used to analyse the
interplay between economic activities and the environment. The “MEFA framework”,
an integrated toolkit to account for physical flows associated to socio-economic
activities, plays an important role in this context (Haberl et al., 2004b).
MEFA stands for “material and energy flow accounting,” and it is based on
the notion of socio-economic metabolism (e.g., Ayres and Simonis, 1994; FischerKowalski, 1998; Fischer-Kowalski and Hüttler, 1998; Matthews et al., 2000). The
MEFA framework analyses important aspects of society-nature interaction by tracing
socio-economic materials and energy flows and by assessing changes in relevant
patterns and processes in ecosystems related to these flows (Haberl et al., 2001b). It
thus contributes to analyses of socio-economic activities from a “strong sustainability”
perspective (Munasinghe and McNeely, 1995). Current work in this field seeks to
analyse biophysical aspects of society in a way that is compatible with established
tools for societal self-observation, above all, social and economic statistics upon which
practically all modelling in economics and the social sciences rests. Such approaches
were pioneered in the 1970’s (Boulding, 1973; Ayres and Kneese, 1969).
Obviously, material and energy flows related to economic activities, although
indispensable to “reintegrate the natural sciences with economics” (Hall et al. 2001), do
not encompass society-nature interactions in their entirety. One important aspect that
can not adequately be grasped by the socio-economic metabolism approach is land use
– one of the most important socio-economic driving forces of Global Change (Meyer
and Turner, 1994; Vitousek, 1992). Land use can be included in the MEFA framework
by comparing ecosystem patterns and processes that would be expected without
human intervention with those observable today. An example for this approach is
the calculation of the “human appropriation of net primary production,” or HANPP
(Vitousek et al., 1986).
The notion of a “MEFA framework” refers to an integrated, consistent accounting
framework comprising data on socio-ecological metabolism. The MEFA framework is
work in progress. Three parts of the framework have been proposed in considerable
detail: (1) Material flow accounting, or MFA, has received most attention (e.g., Eurostat,
2001; Weisz et al., 2005a). (2) Energy flow accounting (EFA) methods consistent with
MFA have been proposed and applied (Haberl, 2001a; Haberl, 2001b; Haberl, 2006). (3)
The Human Appropriation of Net Primary Production, or HANPP, proposed about
15 years ago (Vitousek et al., 1986), has been further developed in a way that makes it
consistent with material and energy flow accounting (Haberl et al., 2001b). The MEFA
framework is not necessarily complete with these three concepts. Expressing socioeconomic metabolism not in terms of materials, but as carbon flow, would increase
its usefulness for important applications, as would other, yet undeveloped accounting
tools.
Material and energy flow analysis
The general purpose of material flow accounting (MFA) is to quantify material inputs
and outputs of socio-economic systems. MFA is a physical environmental accounting
approach that tracks the use of materials by socio-economy systems from extraction
to manufacturing, to final uses and disposal of emissions and wastes. It reports flows
in physical units, usually metric tonnes per year, and can conceptually be linked to
economic accounting frameworks, e.g. the System of National Accounts (SNA). The
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application of the mass balance principle ensures the consistency of the accounts.
MFA can be applied to various scales and types of systems, e.g. companies, economics
sectors, households, national economies, the world economy, or villages, cities, nation
states and world regions.
MFA may include different types of materials. Coverage ranges from specific
chemical elements or substances, for example copper (Graedel, 2002; Graedel et al.,
2002) or chlorine (Ayres, 1997a; 1997b), to all material inputs, including water and
air, as in the case of the physical input-output table published by the German Federal
Statistical Office (Stahmer, Kuhn and Braun, 1998).
Economy-wide material flow accounting – the application of MFA to national
economies – is the most advanced type of MFA in terms of methodological
harmonization and implementation into official statistics (Eurostat, 2001). Economywide MFA covers all material inputs (raw materials and imports), outputs (emissions
and wastes, dissipative uses and exports) and net changes in socio-economic materials
stocks, except for water and air. Hence, national MFA focuses on flows between a
national economy and its environment which comprises both the natural environment
and other socio-economic systems (Figure 2). National MFA usually does not include
internal flows (i.e., flows within the economy, for example between economic sectors
or actors), and flows within ecosystems on the national territory are outside its
system boundaries and therefore not considered. Energy flow analysis (EFA) is a
complementary tool used to account for the energy throughput of socio-economic
systems. It uses the same definitions of system boundaries as economy-wide MFA,
but is based on energy content (gross calorific value) of all flows as common currency
(Haberl, 2001a, Haberl, 2001b).
National MFA methods date back to the 1960s (Ayres and Kneese, 1969; Gofman et
al., 1974; Wolman, 1965). The first national material flow accounts in the contemporary
sense were published in the early 1990s for Austria, Germany, and Japan (Steurer, 1992;
Japan Environment Agency, 1992; Bringezu, 1993; Fischer-Kowalski et al., 1994). In
the late 1990s the World Resources Institute coordinated the first comparative national
material flow studies which included the United States of America, The Netherlands,
Japan, Germany and Austria (Adriaanse et al., 1997; Matthews et al., 2000). A growing
number of countries within the EU and the OECD implemented material flow
accounting into their official environmental accounting program (see Weisz et al.,
2005a for a recent overview). In addition, MFAs have been published for a number

FIGURE 2

Material flow accounting scheme as used in national MFA

Source: simplified after Eurostat 2001
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of developing countries, including Chile (Giljum, 2004); Brazil (Machado, 2001);
Venezuela (Castellano, 2000); Philippines (Rapera, 2004); Thailand (Weisz, Krausmann
and Sangkaman, 2006); and Laos (Schandl et al., 2006). Eurostat has published
economy-wide MFAs for all EU-15 member states in time series (Eurostat, 2002; Weisz
et al., 2005b), an extension to the ten new member states is in preparation. In parallel,
the OECD is working on MFA databases for all OECD countries.
The publication of a methodological MFA guide by Eurostat (Eurostat, 2001)
marks a major step forward in methodological harmonization of national MFA. Up
to now this guide is the main methodological reference for the compilation of any
economy-wide MFA. The Eurostat guide specifies the basic framework, its relation to
the system of national accounts, defines the system boundaries to be applied (Figure 2),
clarifies terminology, and suggests a number of aggregated indicators which can be
derived from national MFA. The most decisive conceptual element of MFA is the
definition of the system, because the system definition affects not only the results,
but also predetermines potential uses of the data. The following features of national
MFA systems have been identified as crucial: (1) compatibility of the accounts across
countries and across time; (2) compatibility to the system of national accounts; (3) data
availability and data quality; and (4) internal consistency of the framework. To achieve
these goals the Eurostat guide on economy-wide material flow accounting proposes
the following definition:
“The system boundary is defined:
1. By the extraction of primary (i.e., raw, crude or virgin) materials from the national
environment and the discharge of materials to the national environment;
2. by the political (administrative) borders that determine material flows to and
from the rest of the world (imports and exports). Natural flows into and out of
geographical territory are excluded” (Eurostat, 2001, p 17).
The formulation of an exact definition of a crude or raw material is far from trivial,
though. Statisticians and scientists have devoted a substantial amount of time to this
question. Eventually it was concluded that a practical case-by-case definition meets
the identified requirements best (for details see Ayres, Ayres and Warr, 2004; FischerKowalski, 1998; Weisz et al., 2005a). Eurostat, (2001) therefore proposes a number of
practical conventions. Regarding agricultural systems these are: Agricultural plants
are considered part of the natural system, therefore agricultural harvest as reported in
agricultural statistics is accounted for as input from the natural system, while flows
of nutrients between the soil and roots of agricultural plants are considered natural
flows and are not part of MFA. Livestock is considered part of the economic system
as long as its reproduction is under substantial human control. Consequently, uptake
of grass by livestock from pastures and meadows has to be accounted for as a material
input, whereas the production of meat and milk are internal flows of the economic
system. Fish catch and hunted animals are considered as inputs into the system. All
raw materials are conventionally accounted for in fresh weight, with the exception of
grass harvest, fodder directly taken up by ruminants, and timber harvest. These latter
raw materials are accounted for at a standardized water content of 15 percent (Eurostat,
2001; 2002).
At present, amendments and extensions of the original Eurostat guide regarding
practical implementation of MFA including data sources as well as applicability to
OECD countries are being developed by both Eurostat and the OECD in close
cooperation. Eurostat installed an MFA task force consisting of representatives from
national statistical offices and experts in material flow accounting, to discuss and solve
open methodological questions. So far the task force met twice, in November 2004 and
in January 2006, a third meeting is planned for autumn 2006. One issue that was raised
in the meetings is the growing importance of aquaculture for the production of fish. It
was concluded that fish from capture fishery (both sea and inland waters) is regarded
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as input to the system, whereas fish production form aquaculture is regarded as internal
flow and is therefore not counted as input. The assumption is that aquaculture implies
the provision of food and other inputs to the systems which are already counted for
in other MFA sub-accounts. Therefore, adding up the produced fish and the necessary
feed inputs would result in double counting.
One major use of national MFA, so far, has been the analysis of the economy in
physical terms, and the creation of highly aggregated indicators for material use and
material efficiency. Among the manifold results generated by this body of work we
here stress only a few which are particularly relevant for agricultural productions
systems. In pre-industrial economies, biomass is the main raw material used in
providing goods and energy. The transition to an industrialized mode of production
additionally requires large amounts of fossil fuels, construction minerals, metals and
industrial minerals (Schandl and Schulz, 2002). This agro-industrial transition normally
does not result in a reduction in the overall demand for biomass, but rather supports
a shift in the demand patterns of biomass from technical energy to meat production
(Krausmann, 2004). Overall, we see a constantly high contribution of biomass to the
overall material and energetic metabolism of industrial economies. Since 1970 biomass
contributed continuously about 25 percent to the domestic material consumption
and the domestic energy consumption in the EU-15 (Weisz et al., 2005a; Haberl et
al., 2006b). Animal fodder constitutes a growing share of agricultural biomass inputs.
Trade volumes are increasing for agricultural products (as for almost all other materials
as well). In the EU, biomass production still presents the most important single cause
of competitive land occupation (see Weisz et al., 2005a).
It is one of the conceptual strengths of the MEFA framework that it provides an
overall picture of the physical economy in a way that is comparable across time and
across countries. With regard to MFA in particular, the potential uses of this framework
has been recognized recently by many countries as well as national and international
organizations (e.g. the UN, OECD, EEA, US EPA, the G8), thus fostering programs
aiming to implement MFA into official statistics in order to facilitate its utility for
policy making. Among the policy uses of MFA, environmental issues are but one
which are currently considered. Others are resource scarcity, evaluation of trade-offs
between various policies, land management, substitution potentials or more generally
providing new ways to think about the supply and demand of materials of our societies
(National Academy of Sciences and National Research Council 2003, White House
meeting on MFA, 2004; OECD, 2004; CEC, 2005). For example, in 2003 the Japanese
government enacted ‘the Basic Law for Establishing a Sound Material-Cycle Society’
(OECD, 2004). The Japanese government set three quantitative sustainability targets
for the period 2000 – 2010 and focused on the management of material flows.
However, to be of full use for such a broad spectrum of applications, the MEFA
framework must be further developed. A number of possible directions are currently
discussed: One is the attempt to provide a much higher resolution in terms of materials
(Weisz et al., 2005b). This implies the development of a standardized classification
scheme for materials a pursuit already under way at Eurostat. Another important line
of research is the development of methods to consistently account for the amount of
raw material extraction that was needed to produce imported and exported goods, a
goal that requires efforts to harmonize definitions of system boundaries (i.e. the stage
in the socio-economic production process where the materials are extracted from
the environment) as well as solutions to conceptual (e.g., treatment of byproducts,
avoidance of double-counting) and data problems. This implies a combination of MFA
and LCA methods, probably by making use of input-output analysis. We will return
to this issue below.
The attempt to provide a picture of the whole economy implies, however, that flows
which are small compared to total economic flows are hardly visible in national MFA.
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Fish catch (excluding aquaculture), for example, amounts to only about 1percent of the
total quantity biomass extracted in the EU-15, while 15 percent is timber, 49 percent
crops, and 35 percent agricultural byproducts and grass. Increasingly, MFA is also used
to quantify the material requirement as well as waste and emission generation of specific
production systems. With such information, environmental pressures associated with
the material and energy uses of production systems can in principle be identified, and
– given appropriate methodological standardization – compared between different
production systems. If the environmental costs of a specific production system, as
in this case aquaculture, are the main focus, additional methodological adoptions are
necessary (see Section 3).
The human appropriation of net primary production (HANPP)
In using the land, humans alter the production ecology of ecosystems in two interrelated
ways: (1) by changing the productivity (NPP per unit area) of ecosystems and (2) by
harvesting parts of the NPP. Both processes result in an alteration of the amount of NPP
available in ecosystems as compared to their original status. The human appropriation
of net primary production (HANPP) is an indicator for land-use intensity based on
the measurement of changes in the availability of trophic (biomass) energy in terrestrial
ecosystems induced through land-use induced changes in productivity and harvest.
Technically, HANPP has been defined as the difference between the NPP of potential
natural vegetation and the part of the NPP of the actually prevailing vegetation
remaining in ecosystems (Figure 3, Haberl, 1997; Haberl et al., 2004a) according to the
following formulae:
HANPP = NPP0 – NPPt with NPPt = NPPact – NPPh
in which NPP0 denotes the NPP of potential natural vegetation, NPPt the NPP
remaining in ecosystems, NPPact the NPP of the currently prevailing vegetation and
NPPh the amount of NPP harvested by humans. If we denote as ΔNPPLC the changes
in productivity induced by land use (=NPP0 – NPPact) we get the following formula:
HANPP = ΔNPPLC + NPPh
HANPP may be expressed as an absolute amount of dry matter biomass (kg dry
matter), carbon contained in biomass (kgC), energy equivalent of biomass (J) or as
a percentage of NPP0. HANPP can be assessed for any defined area of land and can
FIGURE 3

Definition of HANPP as the difference between potential NPP and NPP actually
remaining in an ecosystem under current management practices
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thus be calculated on any spatial scale for which appropriate data can be gathered or
measured. HANPP is applicable on all scales, from plots to municipalities to regions,
national territories or the whole biosphere. Note, however, that trade (import/export)
is not taken into account, so according to the present definition the HANPP of a
country refers to its national territory, not to the consumption taking place within its
national economy. In order to improve links to economic activities, e.g. to the activities
taking place within a national economy (as measured by GDP), import and export
would have to be considered, a task for which reliable methods are presently lacking.
This definition of HANPP is useful for interregional comparisons and time-series
analysis. By monitoring HANPP and its various components, such as NPPact, NPPt,
NPPh, the impacts of different land-use practices on ecosystem energetics as well as
their socio-economic performance can be evaluated. Land use may increase or reduce
productivity, it may leave more or less energy in the ecosystem, it may yield rich or poor
harvests. If agricultural practices succeed in raising NPPact, this results in a decoupling
of biomass harvest and HANPP (Krausmann, 2001; Krausmann and Haberl, 2002).
This definition of HANPP does not exaggerate human impact by including all NPP of
human-dominated ecosystems as appropriated (as some authors have done). HANPP
only includes the amount of biomass actually harvested, on top of the NPP prevented
by human land use. It is possible to assess HANPP in great spatial detail by combining
statistical data with land-cover data derived from remote sensing (Figure 3, Haberl
et al., 2001b). In principle, HANPP could be linked consistently to the System of
National Accounts (SNA), thus facilitating integrated economic-ecological models
of pressures on biodiversity, but actually achieving this goal will require substantial
improvements in methods.
HANPP is a measure of the human domination (Vitousek et al., 1997) or
colonization (Fischer-Kowalski and Haberl, 1997) of ecosystems. HANPP indicates
how intensively a defined area of land is being used in terms of flows of trophic energy
in ecosystems (Haberl et al., 2004d). With reference to a given territory, HANPP
calculations show how much energy is diverted by humans as compared to the trophic
energy potentially available. HANPP is a measure of how strongly human use of a
defined land area affects its primary productivity, and how much of the NPP is diverted
to human uses and consequently is not available for processes within the ecosystem.
Land use may reduce (e.g. urban settlements, infrastructure, erosion) or increase
productivity (e.g. irrigation, fertilization). In arid areas, irrigation may raise productivity
considerably above its natural level. HANPP can then become negative, although in
many instances it will still be positive, as much of the additional NPP is harvested. For
example, Figure 4d shows the Nile delta as an obvious example where NPP0 is so low
that HANPP becomes negative, despite considerable biomass harvest, because of the
increase in NPPact.
Trophic energy is one of the most important factors that determines patterns and
processes in ecosystems. NPP is the sole energy input of all heterotroph food chains.
Many aspects of ecosystem functioning, e.g., nutrient cycling, build-up of organic
material in soils or in the aboveground compartment of ecosystems, vitally depend
on this energy flow. HANPP demonstrates the impact of human activities on these
important ecosystem processes, and thus also on ecosystems services such as carbon
sequestration or buffering capacity. Theoretical considerations indicate that a sufficient
amount of energy remaining in the ecosystem is necessary for ecosystems to be resilient
(Kay et al., 1999). HANPP might impede ecosystem services and thus sustainability:
“to the extent that (…) natural systems, species and populations provide goods or
services that are essential to the sustainability of human systems, their shrunken base
of operations must be a cause of concern” (Vitousek and Lubchenco, 1995, p. 60).
It is plausible that HANPP may be an important driver of biodiversity loss. The
theoretical background behind this notion is the species-energy hypothesis (Brown,
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FIGURE 4

The human appropriation of NPP in Europe and the Mediterranean around the year
2000. (a) NPP0, (b) NPPact, (c) NPPt, (d) HANPP, all expressed in gC/m2/yr. Data were derived
using the LPJ model (Sitch et al. 2003), a consistent 10x10 km land-use dataset and FAO
statistics on agricultural yields and biomass harvest

Source: Haberl et al. 2006a

1981; Hutchinson, 1959; Wright, 1983) which holds that species numbers in ecosystems
depend on the availability of trophic energy. If humans remove energy from ecosystems
and lower NPPt , species numbers would therefore be bound to decline (Wright, 1987;
Wright, 1990). On an abstract level this seems obvious. Biomass is the mass of living
or dead organisms present in a system. The very idea of trophic-dynamic process in
ecosystems (Lindeman, 1942) is an abstract notion for organisms coming into being,
growing, and dieing. This process is fuelled by various metabolic processes taking
place within organisms. Energy enters organisms above all through two processes:
photosynthesis and ingestion of dead or living organisms or parts thereof. Humaninduced changes in this process affect patterns (including biodiversity), processes,
functions, and services of ecosystems almost by definition.
At present, only indirect tests of the claim that a reduction in NPPt reduces species
richness are possible. As data on potential species richness (S0) of current landscapes
are lacking, there are also no data on the change in species richness (ΔS) compared to
the potential state. Moreover there is no linear relation between HANPP and NPPt, the
factor that should influence the spatial pattern of current species richness (Sact). NPPt
can be low because of high HANPP, but also because of low NPP0. Without data on ΔS
it is therefore not possible to directly test the HANPP/biodiversity relation. Indirect
tests of HANPP assume that correlations between Sact and NPPt in current, humandominated landscapes imply that a reduction in NPPt lowers species richness, which is
exactly what was found in two studies. The first study (Haberl et al., 2004c) was based
on a transect of 38 squares sized 600x600 m in east Austria. Species numbers of seven
taxonomic groups (vascular plants, bryphytes, orthopterans, gastropods, spiders, ants,
and ground beetles) were correlated with HANPP and its components. The study
found a highly significant positive correlation between NPPt and species richness
(0.13<r2<0.76, depending on taxon). A second study (Haberl et al., 2005) analyzed
the interrelations between HANPP and bird species richness in Austria. Some simple
measures of land-cover heterogeneity and landscape heterogeneity were also assessed.
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FIGURE 5

Correlation analyses between log(NPPt) and the logarithm of species numbers of various
groups. a) NPPt and “all heterotrophs” (5 taxonomic groups) on 38 east-Austrian plots
sized 600x600 m; source: Haberl et al. (2004) and additional unpublished data. b) NPPt (NPP
remaining in ecosystems) and bird species number on 328 plots sized 1x1 km randomly
selected from Austria’s total area of about 83 000 km2; source: Haberl et al., 2005
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Four different plot sizes were considered: 0.25x0.25 km, 1x1 km, 4x4 km, and 16x16
km. A nested representative sample of N=328 squares of each size was randomly
chosen. The results suggest that NPP variables generally explain bird species richness
much better than all available landscape heterogeneity indicators. Consistent with the
species-energy hypothesis highly significant, non-linear, positive correlations between
NPPt and bird species numbers were found. Selected results of the two studies are
displayed in Figure 5.
It is possible to apply the HANPP concept to aquatic systems. Indeed, the seminal
paper by Vitousek et al. (1986) already estimated that global ocean fish catch was
75 million t/yr wet weight in the early 1980s which equals about 20 million t dry matter.
Assuming that, on average, fish caught fed on the second trophic level, and assuming
10percent ecological efficiency between levels in food chains, Vitousek et al. (1986)
estimated the global amount of NPP required to support yearly fish catches to be
around 2 000 million t dry matter/yer or 2.2 percent of total aquatic NPP. A later study
split global annual fish catches for 1988–1991 into 39 species groups and assigned to
these fractional trophic levels, based on trophic models (Pauly and Christensen, 1995).
Using again an assumption of 10 percent energy transfer efficiency between trophic
levels, this study estimated total primary production required (PPR) to support global
fisheries in the late 1980s/early 1990s to be 6 300–14 400 million tonnes dry matter/yr
or around 8 percent of total yearly aquatic NPP.3
The aggregate global figure of 8 percent seems low compared to the estimates of
global terrestrial HANPP of 20-40 percent (Vitousek et al., 1986, Wright 1990; Imhoff
et al., 2004, Haberl et al., 2006a), but as Figure 6 shows, the pressure is very unequally
distributed to ecosystem types. In open oceans, where most aquatic productivity
occurs (about 75 percent), only a small percentage of total NPP ever becomes available
to higher trophic levels that could, in principle, be harvested (Pauly and Christensen,
1995). More productive systems which are more suitable for fishing are used more
intensively, and most authors agree that current levels of fish harvest have already
3

Assuming a carbon content of aquatic dry matter biomass of 50percent the figure of 8 percent of 91 800
million tonnes dry matter/yr used by Pauly and Christensen (1995) would equal 3 700 million tonnes
C/yr.
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FIGURE 6

Yearly NPP required to sustain fish caught per year (average of 1988-1991), by
ecosystem type
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depleted many fish stocks, making marked future increases in fish harvests unlikely
(Pauly and Christensen, 1995; Naylor et al., 2000; Pauly et al., 2002; Delgado et al.,
2003).
To summarize, this review shows that HANPP has mostly been used to account
for the intensity of land use with reference to a defined territory. The contribution
of different human uses of the land to total HANPP can be quantified. For example,
Table 1 shows that on a global scale around the year 2000, agriculture was responsible
for almost three quarters of total terrestrial HANPP. It is more difficult, however, to
determine the HANPP caused by a national economy, an economic sector, a defined
agricultural activity, or even a defined product. This will require to consistently assign
HANPP caused by traded products, an issue that has so far not received sufficient
attention in the literature on terrestrial HANPP.
While HANPP has been applied to aquatic systems, its meaning is different in this
case, as humans use terrestrial and aquatic systems in different ways (Pauly et al., 2002).
In terrestrial systems, purely extractive activities are limited to hunting of unmanaged,
wild-living animals, rather small-scale gathering activities of plants or parts thereof,
and extraction of timber or other forest products in unmanaged forests. Most biomass,
however, comes from more or less intensively managed ecosystems, be they croplands,
TABLE 1

Contribution of different activities to global HANPP in the year 2000 (fishery data refer to 1995)
Global HANPP

Contribution to total
terrestrial HANPP

[ 000 million tonne C/yr]

[percent]

Cropping

7.56

51.6 percent

Livestock grazing and hay harvest

3.20

21.8 percent

Forestry

1.49

10.2 percent

Infrastructure areas

1.27

8.7 percent

Human-induced fires

1.14

7.8 percent

14.66

100.0 percent

Global terrestrial total
Aquatic HANPP caused by fishery

3.67

Sources: Haberl et al., 2006a (terrestrial), Pauly and Christensen, 1995 (aquatic)
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grazing areas or meadows, or managed forests. In aquatic systems, most of the biomass
is extracted with little, if any, attempt to manage the system beyond some (often too
weak) rules that limit extraction, although the increasing role of aquaculture suggests
that this could change in the next decades. Moreover, animals make up the lion’s share of
the biomass extracted from aquatic systems, whereas plants play only a minor role. This
is completely different in terrestrial systems, where plant use is much more prominent,
and hunting plays only a minor role in terms of quantity (and is consequently neglected
in most HANPP studies). Applying the HANPP concept to aquaculture thus requires
new methodological developments discussed in the next section.
POSSIBLE APPLICATIONS TO AQUACULTURE
Issues to be addressed
Sustainability problems associated with aquaculture are manifold, and for some of
them, MEFA methods may not be the first choice to address them. For example,
escape of farmed organisms is more relevant in terms of genetic changes in wild-living
populations than in terms of material flows, although escaping organisms must be
regarded as part of the material output or outflow of aquaculture systems. Analyses of
quantities of outflows may also be insufficient to capture pollution effects, if they are
not complemented by information on chemical quality of these outflows. Adoptions
and further developments of the MEFA framework can nevertheless be useful in
addressing the following issues:
• Sustainability problems associated to direct and indirect material and energy
inputs, above all feed, fossil fuels, industrial materials, etc. and material outputs
(wastes, emissions).
• Sustainability problems associated with land demand (in terrestrial-based
aquaculture systems), and possibly also those associated with space needed
for aquatic systems such as seabed bottom rearing, suspended nets, cages, etc.,
although its application to the latter category of systems is less straightforward.
• Sustainability problems associated with the appropriation of aquatic biological
productivity at different trophic levels.
The following subsections will discuss the potential of existing MEFA methods and
the needs to further refine or combine them in order to tackle these issues.
Material and energy flow analysis: applications to aquaculture
Material and energy flow analysis is a systems approach. Its application to aquaculture,
as to any other system, therefore hinges on appropriate system definitions, including
precise definitions of stocks and flows, and considerations of data availability. The direct
inputs and outputs of material or energy, i.e. those flows that cross the boundary of
the production system under consideration, are at the heart of any MEFA account. To
our knowledge, until now no MFA or EFA that would apply explicit system boundary
definitions and aims at covering all inputs and outputs has been carried out for
aquaculture systems.4 Considering past experiences with the application of the MEFA
framework to a variety of systems at different scales (villages, cities, economic sectors,
companies), we do not expect substantial difficulties here. Given appropriate technical
information, both the definition of the production system and the compilation of the
databases should be possible. Such classical material or energy flow accounts have, as
they measure the flows at their entrance and exit points, a clear conceptual link to the
production system in question. This is an important feature of the MEFA framework
4

Material flow studies of fish farming systems, as the one presented by Brummett (this volume),
are extremely important. They do, however, not explicitly address the issues of comparability and
standardization. In our opinion, though, explicit system definitions are an essential prerequisite of
comparability and therefore of utmost importance for any comparative evaluation.
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which enables integrated ecological-economic analyses, by linking economic and biophysical accounting.
To interpret material or energy flows in terms of environmental consequences,
though, it is not sufficient to measure the direct material and energetic inputs and
outputs of a given socio-economic system, for example an aquaculture production
system. To explain why, we use the example of a national economy to which in
principle the same problems apply. In contemporary economies, socio-economic
systems at any level beyond the global one receive their material and energy inputs
not only directly from their natural environment, but also from other socio-economic
systems (through imports). Likewise, most socio-economic systems deliver their
output not only directly to the environment (as wastes and emissions), but also to other
socio-economic systems (as exported goods). This implies, however, that material or
energy flow analysis measures input and output flows which represent different stages
of the economic production chain. For example, the direct material input as accounted
for in national MFA may include the primary extraction of copper ore on domestic
territory and sum up this figure with imported copper or even imported copper wires
in electric appliances.5
Note that both ecological and socio-economic material and energy flows are
commonly represented in the form of chains that distinguish different stages. In
ecosystems, these include primary producers, consumers at different trophic levels,
and decomposers. In an economy we find stages such as extraction, different stages
of manufacturing, final consumption, and waste disposal. Obviously, these stages
correspond to different system boundaries. What MFA measures as a direct input
flow into a socio-economic system may in principle be a flow at any stage of such
an ecological or socio-economic material or energy flow chain. In other words, the
metabolism of a socio-economic system may be situated between any stages of the
ecological and economic production chain.
This has two important implications. The first implication is that a comparison of
aggregates of direct input flows needs cautious interpretation (Weisz et al., 2005a; Weisz,
Krausmann and Sangkaman, 2006). The second implication is that the flows are
probably often not measured at the relevant stage in the ecological or socio-economics
production chain. It is commonly accepted to consider only those material and energy
flows that cross the boundary between the economy and the natural environmental as
causing environmental pressures. For example, CO2 emissions resulting from respiration
of wild-living heterotrophs are not regarded as an environmental pressure, whereas the
chemically identical CO2 emissions from fossil fuel combustion are considered to be
environmentally relevant. The theoretical solution would be to combine a systemsbased MEFA analysis with an estimation of the upstream or downstream requirements
of the direct biophysical flows.
This means to trace back the direct flows to that point in the socio-economic
production chain where the extraction from or the release to the environment takes
place. The question of how exactly to carry out such estimation leads to a class of
problems that is being discussed intensively by material and energy flow analysts
today. These problems have, however, been recognized much earlier in both ecology
and economics, and the contemporary discussion can greatly profit from these earlier
studies. At present two broad classes of methods exist to tackle these issues, (1) those
based on an Life Cycle Analysis (LCA) approach, and (2) those using input-output
(IO) tables.
LCA starts from the production chain concept and estimates the upstream
biophysical requirements (not necessarily restricted to materials and energy; land, water,
5

We already mentioned the compatibility to the system of national accounts as one reason why this has
become a standard in MFA. Another reason is simply data availability.
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and other factors may as well be included) of producing one unit of a final product by
use of coefficients. IO methods incorporate the more complex concept of networks
and use matrix calculations to track the direct and indirect upstream requirements of
materials or energy. Wassily Leontief was rewarded the Nobel price for economics for
this innovation. Originally developed in economics (Leontief, 1936), IO models have
also played a role in ecology (e.g. Hannon, 1973; Szyrmer and Ulanowicz, 1987).
Irrespective of the numerous technical variants that exist for both LCA and IO
models there are some fundamental features which distinguish these two classes
of models. Figures 7 and 8 describe the same, hypothetical (made-up), simplified
aquaculture system. Figure 7 follows the LCA approach, Figure 8 uses the IO logic, so
the differences of the two approaches can be grasped by comparing the two figures.
FIGURE 7

Representation of material and energy flows required for fish production in a
hypothetical land-based aquaculture system. Note that the direction of arrows in
this figure represents the physical flows; the calculation itself works the other way
round, i.e. from final product to primary inputs and is based on technical coefficients.
See text for further explanation
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The LCA approach takes its start from the product (in our case marketable fish), and
asks what was needed to produce a defined amount of this product. In our simplified
example we assume fish production in a land-based aquaculture that requires energy
in the form of oil-derived fuels and electricity and fish feed based on both cropland
agriculture and fishmeal from wild-catch. LCA separately traces back the upstream
resource requirements for each of these inputs, up to a predefined primary input stage.
These primary inputs are called factors of production or factor inputs in economics. In
our example, plant feed production needs a certain amount of plant biomass harvest on
cropland. This in turn needs land, fertilizers and energy (for reasons of simplicity we
again restrict this to oil products and electricity) for its production. Land is provided
by the environment, it therefore represents the environment-economy boundary
stage (i.e. a factor of production in economics). Both energy and fertilizers have to be
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FIGURE 8

Schema of an Input-Output Table for a hypothetical aquaculture production system.
Inputs are in columns (read from bottom to top), outputs in rows (read from left to
right). See discussion in the text for explanation
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produced by the socio-economic system, so their life-cycle chain must be traced back
further. In our case, the life-cycle chain of fuels and electricity both go back to crude
oil as primary input (assuming a oil-fired thermal power plant) and land as factor input.
The life cycle of fertilizers (again simplified) goes back to phosphorus and energy, the
latter is going further back again to oil and land.
The overall LCA framework is represented by a multiple bifurcated product chain
(Figure 7). Technical coefficients are used for quantification. The advantage of this
framework is that it requires relatively few data, compared to the IO approach. The
disadvantage, however, is that no consistency checks are built in, and the relations
between the separate product chains are not considered (e.g., the use of by-products
from one chain as input to another chain). The more complex and the larger the system
is, the larger the error margins will be. These shortcomings have also been recognized
by the LCA community and initiated attempts to use an IO framework instead or in
combination with LCA (e.g. Lave et al., 1995; Suh, 2004).
Figure 8 shows the same production system in an IO framework. Inputs read along
the columns from bottom to top and outputs read along the rows from left to right;
flows (or factor requirements, respectively) are indicated by an “x”. For example, the
first (left-hand side) column shows the input structure of the aquaculture system, the
first row (top row) shows its output structure. The Figure shows that aquaculture
production receives inputs from energy, fertilizer and plant biomass production
sectors and delivers its product only to final consumption. As factor requirements
aquaculture needs fish (from wild catch), and land. Therefore, a HANPP value can also
be attributed to the aquaculture system, even if its direct HANPP (due to land take)
may be low or inexistent.
For those not familiar with input-output analysis it is probably not immediately
obvious where the decisive difference to LCA is. In the following paragraph we will
elaborate this in a non-technical way. First, IO attempts to “express the total direct
and indirect flows between any two compartments of a system” (Hannon, 1973). This
implies a move from a bifurcated chain perspective to a network perspective expressed
by the matrix structure of the IO table. It follows that for any two compartments of
the system, the question has to be answered whether there are flows between them,
and how large they are. In the schematic example shown in Figures 7 and 8, the
LCA framework shows exactly the same connections as the IO framework does. But
this is simply our built-in assumption. In real case studies the conversion of a flow
diagram into an input output table will often require the consideration of new, so far
unrecognized connections.
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Moreover, by explicitly distinguishing between intermediate flows, factor inputs and
final outputs (represented by the above left, the below left and the above right matrices
in Figure 8), IO applies an unambiguous and comprehensive system definition. It
follows that unlike LCA-based databases, IO databases (i.e. IO tables) clearly indicate
what can be summed together and what cannot be summed together.
Finally, and most important, mathematical algorithms are available for the IO
framework to compute the direct and indirect requirements (i.e. requirements via
intermediate deliveries) of production factors (e.g. primary material or energetic input,
land requirements, HANPP requirements) needed for the production to be allocated
to one unit of final product (in our case fish). These algorithms solve the consistency
and double counting problems of the LCA approach mentioned above.
One version of this calculation method is known as the Leontief system and is
predominantly applied in economics (Leontief, 1941). It represents a demand-driven
system, i.e. it assumes that the primary input requirements are determined by final
demand. The alternative, known as the Ghosh system, is a supply driven system which
assumes that the quantity of the final product is determined by the availability of the
primary factor inputs (Ghosh, 1958). Ecological applications of input-output models
have always used some variation of the Ghosh model (see Suh, 2005 for a recent review
of the comparison between economic and ecological input-output systems). Obviously,
also for biologically-based economic production systems, such as fish production, the
Ghosh model is more appropriate.
When it comes to evaluation of environmental costs of productions systems, an
extension of the MEFA framework (including HANPP) by IO models is in our
opinion the method of choice. IO is superior to LCA regarding conceptual reliability
and empirical accuracy. The mathematics of the IO models needed are also in place.
Data requirements, however, are arguably higher for IO models as compared to
LCA models. It will require some real case studies to check the feasibility of such an
integrated MEFA-HANPP-IO approach.
Human appropriation of NPP (HANPP): applications to aquaculture
As discussed above in Section 2, HANPP can be used to evaluate ecological impacts
of land use, but it has so far not often, if at all, be defined with reference to socioeconomic systems, or even more specifically, to defined production systems such as
aquaculture. As in the case of material and energy flow accounts, it is essential to
distinguish between direct and indirect effects, i.e. HANPP caused directly by the
production system (e.g. changes in NPP/biomass flows resulting from a maize field),
and HANPP caused by the procurement of inputs (e.g. HANPP caused by corn-based
feed used in an aquaculture system).
The application of HANPP to account for ecological pressures arising from land
demand of terrestrial-based aquaculture systems is conceptually rather straightforward.
A particularly relevant example is the loss of mangrove swamps due to maricultural
practices. It is estimated that shrimp, prawn and fish ponds are responsible for
50percent of the loss of mangrove systems in the Philippines and 50percent-80percent
in Southeast Asia (Valiela, Bowen and York, 2001). The problem is exacerbated by the
short life span of such ponds of only 5-10 years due to eutrophication, accumulation of
toxins, sulfide-related acidification, and crop diseases (Valiela, Bowen and York, 2001).
The rate of recovery of abandoned ponds is much slower than the rate of conversion of
previously untouched mangrove areas to new ponds (Valiela, Bowen and York, 2001).
Assessing the HANPP caused directly by such ponds would require the quantification
of NPP of untouched mangrove ecosystems, biomass harvested or destroyed in pond
construction, NPP of operative ponds, and NPP of abandoned aquaculture systems
over time, until the system returns to the original state (if it does so).
Not all of these data seem easy to gather, however. Data from the literature suggest
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that mangrove systems are quite productive: an older study reported total NPP of a
Rhizophora mangle-dominated system in southeastern Puerto Rico to be 0.93 kg DM/
m2/yr (Murphy, 1975), a more recent study found above-ground NPP of two mangrove
stands in Sri Lanka to be 0.7 and 1.2 kg DM/m2/yr (Amarasinghe and Balasubramaniam,
1992). An effect that should also be taken into account in this context is that mangroves
have a positive effect on the availability of nutrients to adjacent primary producers,
e.g. seaweeds or algae, and have been demonstrated to have a positive effect on algal
production rates (Koch and Madden, 2001).
If all the above-discussed effects could be quantified, HANPP resulting directly
from a shrimp or fish pond over its lifetime could be calculated and should then, for
reasons of comparison, be related to its total output over its lifetime. Calculation
of direct HANPP effects of other land-based aquaculture systems should be rather
straightforward, at least conceptually, and would follow the same logic as the one
outlined for shrimps ponds in mangrove ecosystems. It might even be possible to use
the same logic also in the case of purely aquatic systems, such as cages, etc., although
their effluents might even have a positive effect on the NPP of adjacent water bodies,
as they are probably very nutrient rich (this may nevertheless be regarded as ecological
detrimental).
In the case of most aquaculture systems, however, indirect effects are much more
interesting, particularly those of feed provision. Based on appropriate material flow
data it should be possible to evaluate the HANPP caused by the inputs. As discussed
above, this would not have to be restricted to inputs derived from land-based systems
but could, in principle also be extended to inputs derived from aquatic systems. Several
difficulties emerge, however:
• One problem is that inputs needed for a production process such as aquaculture
may be derived from various systems located all over the world, which raises
two problems. The HANPP per unit of material required, however, depends not
only on the material itself, but also on the production system with which it was
supplied. For example, the HANPP caused by producing 1 kg of wheat depends
on the location of production (productivity of potential vegetation) and on the
yield of the cropland system; in addition, losses during transport, processing and
storage would also have to be taken into account.
• Aquaculture involves inputs derived from terrestrial and aquatic systems.
Although the HANPP approach has been applied to aquatic systems, it has a quite
different meaning there, as humans use aquatic systems in a way that is completely
different from human use of terrestrial ecosystems. Therefore it is currently not
useful to directly compare the results from calculations of HANPP in terrestrial
and aquatic systems, and consequently aquatic and terrestrial HANPP should not
be added.
Methods developed in the framework of the Ecological Footprint approach may
be useful to tackle the first problem. For example, one could use national averages of
agricultural yields (Haberl et al., 2001a; Erb, 2004; Wackernagel et al., 2004), nationspecific accounts of the contribution of domestic production and import (Erb, 2004)
and national averages of ΔNPPLC on cropland (Haberl et al., 2006a) to estimate the
HANPP caused per unit of plant feed in any country. Based on FAO feed balances
it would also be feasible to do the same for animal products. This would allow to
estimate the amount of terrestrial HANPP caused by the feed used in an aquaculture
system, and would at the same time also contribute to evaluating the HANPP caused
by terrestrial-based agricultural production systems.
The second problem seems to be more fundamental, as it results from the fact that
human use of terrestrial and aquatic systems is so different: While terrestrial systems
are actively altered and controlled through application of human, animal and inanimate
labour – a process that has been denoted as “colonization of natural processes”
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(Fischer-Kowalski and Haberl, 1997; Haberl and Zangerl-Weisz, 1997) – the extraction
of resources from aquatic systems through fishing is seldom, if ever, actively controlled
or managed. At best, stocks are monitored and harvests limited (Pauly et al., 2002).
Therefore, a direct comparison of the amount of dry matter biomass taken from fished
aquatic and farmed terrestrial systems is of limited, if any, significance, even if the
primary production required (PPR) to sustain the amount of harvested fish is taken
into account. One major reason for this is that agriculture can, and does, influence the
NPP of terrestrial systems, thus also allowing humans to “decouple” biomass harvest
from HANPP to a quite significant extent (Krausmann, 2001). In addition, while it
may be possible to sustain a large percentage of HANPP over long periods of time in
managed agro-ecosystems, a much smaller relative HANPP figure may result in the
depletion of huntable animals stocks.
Another difference between aquatic and terrestrial systems has to do with the level
in the food chain at which extraction occurs. The bulk of the biomass gained by humans
in terrestrial systems are plants, whereas in aquatic systems humans mostly extract
animals, e.g. harvest occurs on another level in the food chain. As already discussed
in Section 2, only a limited fraction of the NPP ever enters pelagic food chains, thus
eventually supporting fish species further up in the food chain, i.e. the larger ones that
can be used commercially. In such cases it might be more sensible to calculate, for
example, the “human appropriation of net secondary production” in the case of a fish
species that feeds on the first trophic level (and so on for the other trophic levels). On
the other hand, such an approach would further complicate comparisons, as results for
the different trophic levels could not be summed up, of course.
CONCLUSIONS
We conclude that a combination of material and energy flow accounts with the
HANPP concept could contribute important insights in assessing the environmental
costs of aquaculture. We have discussed some of the conceptual and methodological
challenges to actually use this framework, and are well aware that further work
is required in order to realize this potential. In our view, the MEFA framework,
including HANPP, should be combined with IO methods to derive accurate, reliable,
and double-counting free accounts of the inputs required per unit of product derived
from aquaculture systems. The same models and system boundaries should and could
also be applied to other agricultural production systems in order to derive indicators
that can be directly compared across production systems. The next step would be to
apply this concept to a limited number of case studies to test its applicability and realworld feasibility.
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ABSTRACT
The farming of salmon and cattle is a quite unique characteristic of the Lake Region
in southern Chile. There, both activities are of great relevance for economic and
social development of the region, and government authorities should face a difficult
task when dealing with the decision-making process regarding prioritizing one or the
other. Comparative environmental cost assessments are needed in order to properly
regulate and manage these food producing sectors and in order to establish comparable
environmental requirements when both activities take place in the same areas or regions.
This paper reviews available information necessary to perform comparative assessments
of environmental costs of livestock and salmon production focusing on simple mass
balances of nutrients, especially nitrogen (N). We also explore the use of different
scales for the comparisons, local (e.g. basins) and regional.The accounting of N loads
of both activities at the regional scale, including freshwater and marine environments,
showed a larger impact from salmon farming than from cattle farming, although at local
levels the latter was in some cases much greater (e.g., Lake Llanquihue). Therefore, it
is crucial to define the scale of the approach/comparison according to the impacts and
effects that need to be controlled or mitigated. However, although N surplus and loads
were identified as impacts, there are limited data on the associated effects except for the
information on critical nitrogen loads or critical carrying capacities in lakes.
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INTRODUCTION
Food producing sectors such as intensive livestock farming and intensive aquaculture
may have relevant environmental effects on ecosystems. Comparative assessments of
their environmental costs are needed in order to properly manage and regulate such
productive sectors and to establish comparable environmental requirements when both
activities take place in the same areas or regions. Additionally, a significant problem
is the need to recognize the values of environmental goods and services, that may be
affected by terrestrial and aquatic farming; once this is done the challenge is to include
them in relevant comparisons as part of the decision-making process towards sustainable
development. Such exercises may help guiding local and regional authorities to adopt
better decisions regarding farming priorities or to identify “preferable development
pathways” (Tyedmers and Pelletier, 2007).
The Lakes Region in Southern Chile is a territory dominated by lakes, coastal
channels, islands and fjords (39º to 44º S; 71º to 73º W). In this region, cattle farming
had existed since European colonization times (ca. 200 years ago), yet environmental
impacts to land and waterways have been more evident, or regarded as such, only after
salmon farming started in Southern Chile in early 1980, when attention was focused on
the potential deterioration of the water quality of these lakes (Soto and Campos, 1995).
The occurrence of salmon and dairy/meat production is a rather unique characteristic
of the Lakes Region as both activities are of great relevance for economic and social
development. Thus, government authorities often have to face decisions related to both
activities which in this case are not being mutually exclusive.2 This fact also offers the
opportunity to carry out comparative analyses of environmental issues associated with
both production systems. In addition, the exercise may enhance the possibilities for
the integration of fish and dairy production (i.e. recycling salmon waste as an input to
agriculture) as a way to reduce environmental effects (Teuber et al., 2005).
There are several potential methods for comparative studies of environmental costs
associated with industry and different commodity sectors; one method is material flow
analysis (MFA) as shown by Gowing and Ocampo-Thomason (2007) when comparing
rice and shrimp farming, and Life Cycle Assessment (LCA) for shrimp farming (e.g.
Mungkung and Gheewala, 2007). The later has been shown to be a valuable technique
for the environmental evaluation of food production systems (Van der Werf and Petit,
2002) and it has been applied to several agricultural products in different countries
(Cederberg and Mattson, 2000; Haas et al., 2001). For agricultural products, the
cycle considered is generally from “cradle-to-gate,3” for aquaculture products the
corresponding would be from eggs to gate. These methodologies are usually focused
on global effects, using broad-scale environmental impacts, such as total energy United
States of Americage, CO2 emissions, production of acid gases, etc. (Tyedmers and
Pelletier, 2007). While local decision making at the farm level or farming area (both
terrestrial and aquatic) often has to deal with local effects/costs and more importantly,
with the benefits of one or other activity to the local interest or development, etc.
The objective of this paper is to review the information available in order to perform
comparative assessments of environmental costs of livestock and salmon production in
Southern Chile. We particularly explore the potential benefits of simple mass balances
of nutrients, especially N, as an exercise and preliminary approach in absence of
other more complete data. We also explore the use of different spatial scales for the
comparisons, local (e.g. basins), and regional.
2

3

Many tools for the comparison of environmental costs focus on activities which are mutually exclusive
or alternatives such as rice farming vs. shrimp farming (Gowing and Ocampo-Thomason, 2007).
The term cradle-to-gate is often used to refer to life cycle analysis applied to the overall performance
starting upstream at the cradle of material and energy inputs extracted from the earth and ending at the
”gate” before being transported for consumption.
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Comparative impacts of livestock and salmon farming under different
management practices
According to the categories of environmental impact assessed in LCA or other
approaches (resource depletion, human health impacts, and ecosystem consequences)
common impacts from livestock farming and salmon farming through all the
productive cycle include; i) organic and inorganic outputs from the feeding/digestion
process, ii) discharge of chemicals (pesticides, antibiotics, etc.), iii) energy uses for the
farming process, and iv) use of feeding resources (e.g., fish meal, maize, etc.). While
some impacts are exclusive of livestock farming (e.g., soil trampling and erosion) other
potential impacts are exclusive to salmon farming (e.g., those caused by escaped fish).
However, these latter are usually not considered by LCA or MFA because they are
related to local effects, such as biodiversity reduction, with presumably associated
environmental costs which are usually unknown.
From all of the impacts mentioned above, (i) is one of the best studied for both
farming systems, as it is related to the use of feeding resources and feeding process.
Nutrient balances are only one component/portion of the relevant information for an
LCA or MFA analysis; it seems a logical first step, however, to focus on them because
more information is available, and also because impacts and associated consequences
and potential environmental costs are better known by public and better considered in
government regulations (e.g., Environmental Impact Assessments, EIA). Clearly, we
cannot underestimate other impacts such as discharge of chemicals, resource depletion
for feeds, energy costs, etc. However, in this paper we focus mostly on the inputs/
outputs of feeding and digestion processes and its environmental consequences. We
disregarded a full LCA (or MFA) approach for the comparison of these production
systems; this was due to information limitations but also to the value of the present
approach for local decision making. More specifically, for the most part of this exercise
we concentrated on nitrogen (N) balances because more information was available
to compare salmon and cattle farming systems, but also because productivity and
plankton biomass in those southern freshwater and marine environments may be more
limited by N and therefore could be more sensitive to these inputs (Soto, 2002).
Cattle production systems generally have a low nutrient efficiency,4 which represents
potential risks of pollution to the environment and economic losses for the farmers (Jarvis,
1993; Oenema and Van den Pol-Van Dasselaar, 1999). On a global scale, N efficiency in
all terrestrial animal production is estimated around 10 percent, while it is estimated at
7.7 percent for cattle production only. For beef and dairy farms studies in developed
countries have shown N efficiency values ranging from 14 percent to 30 percent, and N
surpluses or excesses to the environment of up to 470 kg N ha-1 yr-1 (Table 1). Also, low
efficiencies have been reported for phosphorous (P) utilization; Haygarth et al. (1998)
working with dairy systems in England have shown a surplus of 43 kg P ha-1 yr-1 with a
P efficiency of 37 percent. In Chile Alfaro et al. (2005) reported P surplus of 37 kg P ha-1
yr-1 with a P efficiency of 10 percent in beef production in grasslands.
The low N efficiency of cattle production systems is caused by the inefficiency
of the ruminant species in converting ingested N into milk and live weight gain. In
dairy cattle, Van Vuuren and Meijs (1987) showed that the maximum N utilisation of
lactating cows was 43 percent of the ingested N, whereas the average efficiency was
about 15-20 percent. The unabsorbed N is excreted in dung and urine and directly
deposited on pastures during grazing or accumulated in animal houses (Jarvis, 1993).
Nitrogen efficiency vary greatly from country to country and within the same country,
because of different cattle productions systems and management (e.g., extensive all day
grazing vs. intensive all day in housing).
4

Efficiency estimates, consider all nutrient (e.g., N and P) inputs as fertilizers and feeds compared to what
is retained by the animal.
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TABLE 1

Nitrogen gate balance for dairy or beef farms in selected countries
N surplus
(kg N ha-1 yr-1)

N efficiency
(%)

Dairy

131

30

Ledgard, Penno and Sprosen
(1997)

Holland

Dairy

470

14

Aarts, Biewinga and Van Keulen
(1992)

England

Dairy

270

20

Jarvis (1993)

Canada

Beef and dairy

288

17

Paul and Beauchamp (1995)

Sweden

Dairy

173

21

Cederberg and Mattson (2000)

France

Beef and dairy

150 -200

-

Le Gall, Legarto and Pflimlin
(1997)

United States Of
America

Dairy

-

19

Bacon, Lanyon and Schlauder
(1990)

Country

System

New Zealand

Reference

TABLE 2

N efficiency for salmonids in different reports, mostly for laboratory testing

fm
l
s
h

Country

System

Canada
Canada

N efficiency
(%)

Reference

Atlantic Salmon in tanks

41

fm

Azevedo et al., (2004)

Rainbow trout in tanks

30fm

Azevedo et al., (2004)

France

Rainbow trout in tanks

30l-40fm

Burel et al., (1998)

Norway

Atlantic Salmon in tanks

35s-45fm

Refstie et al., (2000)

Norway

Atlantic Salmon in tanks

48-52h

Refstie, Ollic and Standald (2004)

diets mainly based on fishmeal
diets containing lupin flour instead of fishmeal
diets containing soybean flour
Protein hydrolizate

Environmental impacts of intensive fish farming and particularly salmon farming
have been well documented in the literature ranging from mild or negligible to high in
some cases (Gowen and Bradbury, 1987). Comparatively, N and P retention efficiency
are much greater in fish than in cattle, with N values ranging from 30 to 50 percent,
although most common estimates are above 40 percent (Table 2) particularly for
Atlantic salmon being estimated as 44 percent on improved diets (Kolstad, GrisdaleHelland and Gjerde, 2004; Refstie, Ollic and Standald, 2004). Phosphorus efficiency
in fish on the other hand is quite stable around 28 to 35 percent even under diverse
protein origins (Denstadli et al., 2006; Glencross et al., 2006). For each ton of harvested
salmon fed with dry pellets (circa 44 percent protein), 35-78 kg of N and 7-10 kg of
P are released into the environment (Ackefors and Enell, 1994; Niklitschek, Soto and
Lafon, 2006) Nitrogen is mostly lost as dissolved matter: ammonia (62 percent) and
urea (9 percent), the remaining solid portion is lost in the faeces (29 percent).
Nevertheless the N surplus to the environment per kg of salmon produced has
been decreasing as the feed conversion ratios (FCRs) have been improving during the
last decade. In early 1980 economic FCR5 values were between 4 and 6, when salmon
feeds were locally made as moist pellets; during the last 20 years these feeds have been
replaced with dry commercially manufactured steamed pellets, characterized by their
high protein and low fat content (Tacon, 2005). Such feeds provide a much better FCR
of 1.6-1.8. Yet with more recent lowering protein contents and increasing lipids (up to
40 percent by weight) salmon feeds can yield economic FCRs bellow 1.3 (Tacon, 2005).
Therefore, in 20 years the industry has increased feeding efficiency at a rate not seen
5

6

Feed conversion ratio provides the relationship between the amount of feed used (total dry weight) and
the amount of fish harvested (total wet weight). The economic FCR takes into account all the feed used,
meaning that the effects of feed losses and mortalities are included.
According to information provided for the WWF Salmon Dialog; Infante and Pizarro’s Report (http://
www.worldwildlife.org/cci/dialogues/salmon.cfm)
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for other animal production. Today in Norway, economic FCR can be very close to 1.2
although in Chile it is still a little higher (1.35).6
In contrast, food conversion efficiency for dairy cattle (amount of milk solids
produced per kg of dry matter intake) has not improved noticeable in the last decade
(Oldenbroek, 1988; Thomson, Kay and Bryant, 2001).
There are numerous studies offering estimates for N balance of salmon farming,
but few provide loads on an area basis (e.g., kg ha-1) as shown for cattle in Table 1;
yet there are some case studies amenable for comparison. At a large scale approach,
in the whole Baltic sea where the Nordic salmon farming industry produced 200 000
tonnes in 1994, discharges to the sea of N and P were equivalent to the amounts in
untreated sewage from a population of 3.9 and 1.7 million people, respectively (Folke,
Kautsky and Troell, 1994). Ackefors and Enell (1994) assuming 60 kg of N surplus
per ton of salmon, estimated that the annual loads of nitrogen and phosphorus from
salmon farming in Nordic countries were around 15 and 2.5 thousand tonnes per year
respectively by 1990. However, these values represented less than 1 percent of the
total loads coming from other human activities (including agriculture and livestock
production).
If we focus on the impacts at the farm site scale it is possible to make better
estimates of loads per area after evaluating the sedimentation shadow below the cages.
In Norway average production per site is about 1 200 metric tonnes of salmon with
maximum production around 4 500 metric tonnes of fish at a site, although few farms
are that big. Kutti, Ervik and Kupka-Hansen (2007) describe a fjord farm site of circa 2
900 tonnes with a shadow area of 9 000 m2. However, because the cages at this site have
a mobile floating system the real “impact zone” could be of approximately 76 000 m2
which diminish the organic matter load per unit area and therefore the effects on
benthic ecosystems.
Comparing livestock and salmon farming impacts and environmental effects/
costs in southern Chile
Although global environmental costs of activities such cattle and salmon farming, can
be indeed compared with approaches such as LCA, it may not be very practical or
relevant for the local decision making. For example the contribution of cows to green
house gases is not an issue in agriculture in Southern Chile, while the exports of excess
nutrients to aquatic environments with eutrophication potential and negative effects on
biodiversity can be much more relevant to local communities and decision making.
Production and impacts related to nutrient balances and efficiency
The Lakes Region, located in the south of Chile has suitable climatic and edaphic
conditions for cattle production. As a result, 56 percent of the national cattle herd is
concentrated in the Lakes Region relying on natural and improved pastures for feed.
The Lakes Region produces 70 percent of the country’s milk (ODEPA, 2005; Anrique,
1999), accounts for 80 percent of the dairy farmers, and for 67 percent of the total land
dedicated to dairy production (Anrique, 1999). In 2004 meat and milk production in
Chile were 208 258 tonnes and 2 250 million of litres, respectively (Banco Central de
Chile, 2005). Most of this cattle production is consumed locally with only US$ 23
million and US$ 84 million exported in 2004 for meat and milk, respectively (ODEPA,
2005).
At least 80 percent of the Chilean salmon and trout production is concentrated
in this same region. Nowadays, Chile is the second salmonid producer in the world,
generating important income for the national economy (FAO, 2006). In 2005, the
production of Chilean salmon and trout was 598 thousand tonnes, which generated
an income (mostly from exports) of US$ 1 700 million (Chilean Salmon Farming
Association, SALMONCHILE, 2006). The Chilean “salmon farming” industry
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(thereafter referring to culture of both salmon and trout) is mostly based on fish cages,
which are located in lakes for a large proportion of the smolt production and in the
inland seas and fjords for the grow out.
One of the major issues for the comparison between livestock and salmon farming
relates to the delimitation of affected areas, understanding the fate of nutrients and
estimating their effects. For example, in the case of livestock, some surplus nutrients are
retained in the soils until being reutilized or they are lost to bacterial degradation with
CO2 emission, while some relevant amounts may go directly to waterways. Similarly,
nutrients from salmon farming can be reutilized quickly in the water column around
cages while those settling on sediments could be lost to bacterial degradation, and some
proportion can be recycled.
Nitrogen gate balance for selected cattle farms in Southern Chile, calculated as the
difference between N entering the farm (e.g., fertilizers and concentrated feed) and N
exported from the farm (e.g., milk and/or meat), are shown in Table 3. High variability
exists between the different dairy and beef production systems. For example, N inputs
are 8 times larger in intensive dairy production systems than in those for beef or
extensive milk production systems (Table 3). Nitrogen efficiencies ranging from 16
to 28 percent are similar to those observed in developed countries (Table 1), with the
lowest values obtained in intensive production systems. A case study carried out in 69
Chilean dairy farms (Table 3) showed a wide range of N balances, going from 10 to
99 percent of N efficiency. On the other hand, the highest efficiency values resulted in
very low or negligible N inputs to the farming areas, being these the best management
cases when careful attention is given to feeding grounds and feeding conditions, such
as timing and movement of the cattle.
When attempting to compare cattle vs. salmon production it is important to identify
typical or average cattle production systems, since they are highly variable compared to
salmon farming systems which are now a day more homogeneous.
Indeed, most salmon farms, both freshwater and marine, are of intensive production
with a narrow variability range in fish density and management conditions (Rojas and
Wadsworth, 2007). In addition, it is crucial to base such analyses of environmental
impacts on accurate data, which may prove to be problematic, particularly in this case
where more information is available from salmon farming than from livestock farming.
Probably a better analysis could be achieved by implementing a characterization of
cattle production systems with clear definitions of homogeneous farm types/systems.
Nitrogen balances for salmon farming are mostly available from studies funded
by the Chilean Fisheries Research Fund (FIP7, 2007) for freshwater production;
nevertheless some estimates are possible for marine sites. In Chile salmon farming
characteristics such as farm structure, feeding systems and fish densities are quite
TABLE 3

Nitrogen gate balances and Nitrogen use efficiency for selected cattle farming systems in
southern Chile
N surplus to
environment
(kg N ha-1)

N efficiency
()

24

63

28

65

245

21

515

83

432

16

505

87

417

17

87
(8 – 236)

20
(5 – 43)

68
(0 – 193)

28
(10 – 99)

N input
(kg N ha-1)

N output*
(kg N ha-1)

Beef, experimental farm

87

Milk, experimental farm

310

Milk, intensive housing
Milk, intensive grazing

Farm system

Milk, farm survey (n=69)
(range of values)
* in milk and meet

7

Most studies and reports available on line under “Proyectos” in the FIP site, www.fip.cl
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similar to those in Norway. According to Rojas and Wadsworth (2007) fish density
in marine farms would be between16 and 20 kg m-3 and between 0.11 and 0.42 tonnes
m-2 in farm sites averaging 15 000 m2. Considering that the FCR are somewhat higher
in Chile that in Norway, with an estimated surplus N of 60 kg per ton of salmon, the
total surplus could fluctuate between 4 and 10 kg m-2 for normal production biomass
ranging between 2 000 and 4 500 tonnes respectively. The area occupied by cages
of farms on the same range varies from 10 000 and 18 000 m2. An aquaculture farm
concession will typically have 10 to 15 ha; therefore, assuming that N stays in the
allotted area the surplus loading could be very high, up to 16 000 kg ha-1. However, this
does not consider the rate of dilution and rapid transport which could in reality reduce
significantly the N surplus/load per area. Dilution could be especially relevant in some
marine areas with large currents and tides while in others could be minimal (Soto and
Norambuena, 2004); in turn, deep mixing in the lakes can also contribute to nutrient
dispersion (Soto, 2002).
A general problem in this type of analysis is the difficulty to define boundaries for
the areas impacted by salmon farming, while this is easier in the case of cattle since we
refer to the area (pasture land) as being actually used by them or a specific watershed.
The effect of salmon farming in cages can be referred to the whole area of a water body,
lake, fjord, coastal zone, etc. It could also be delimited by the licensed area (or assigned
area), or to the area being actually affected by inputs of organic matter.
Another important aspect, and often a requirement for meaningful comparisons,
is that salmon farming and livestock effectively share a common physical area. In
Southern Chile this takes place mostly during the salmon freshwater phase - smolt
production - when their effects impact over common hydrographic basins shared with
livestock. While most of the salmon grow out phase, where the largest amounts of feeds
and nutrient inputs take place, is done in the marine coastal environment where cattle
farming is less relevant. Therefore, regional level comparisons may be more meaningful
if the impacts on the costal seas are to be included.
To illustrate the former situation at a local scale, we analysed a single watershed,
the Maullin river basin which includes large Lake Llanquihue. This basin produces
approximately 4 000 tonnes of salmonid smolt (2005 figures), accounting for around
30 percent of the country’s freshwater production phase. This biomass should
release annually 240 tonnes of N to the lake (Table 4). Meanwhile the same basin has
approximately 200 tonnes in the United States of America and cattle heads (82 000
tonnes live weight biomass) with a nitrogen surplus to the environment of 2 050 tonnes
of N, assuming a surplus of about 25 kg per ton of live weight cattle. For cattle systems,
it is likely that a portion of such surplus could be retained by the soil and be recycled
on the spot. Although the figures here are not well known, undoubtedly an important
proportion could get to the waterways and finally to the lake. On the other hand, it is
known that about 60 percent the N surplus from salmon farming remains in the water
TABLE 4

Annual Nitrogen surplus estimated for salmon farming at different scales and environments in
Southern Chile in 2005. A fixed value of 60 kg N has been used as surplus to the environment
for each ton of salmon produced
Site/spatial scale

Species/stage

N surplus
kg ha-1

Lakes Region, coastal marine area

Salmonids (adults)

40-50*

One typical marine farm in the X Region,

Salmonids (adults)

1145**

Lake Llanquihue basin

Salmonids (smolts)

2.7***

*

Considering a salmon production of 450 thousand tonnes and an estimated total area of 600 thousand ha
where salmon farming takes place in the inner Seas of the X Region, and where the surplus N can expand.
** Considering an average production of 2 000 tonnes per farm and an average farm area of 11 ha (Niklistcheck
Soto and Lafon, (2006) with a dilution area ten times larger (110 ha).
*** Corresponds to an estimated smolt production of 4 000 tonnes to a lake area of 87 000 ha.
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column with potential recycling by microalgae while a smaller proportion sinks to the
sediments where some denitrification could also take place on site.
On a regional, much larger scale, considering a salmonid production in 2005 of 450
tonnes for the whole Lakes Region in Southern Chile (Subsecretaría de Pesca, 2005),
the total N load should have been approximately 27 tonnes for that year. About 60
percent of this N had been released directly into the water, while the remaining N
and most of the P had been deposited in the sediments, from where it could leach into
the water at locally variable rates. Conversely, cattle biomass in the same region was
around 714 tonnes with an estimated total N surplus of 17.8 tonnes.8 Therefore, at the
larger regional scale salmon input was larger. Table 4 offers different level of impacts
(N surplus) when considering such different scales. It is clear that the ecosystem
boundaries and spatial scales are quite relevant when achieving conclusions from such
comparisons.
Consequences and environmental costs
Livestock farming, and especially poor manure management is recognized as a major
source of ammonia (NH3) emission to the atmosphere, which has been shown to cause
soil acidification in Europe (Van Bremen et al., 1982; European Environmental Agency,
1995) and nitrate (NO3-) accumulation in ground and surface waters worldwide
(European Environment Agency, 1995; Powlson, 2000). In addition, the importance
of nitrous oxide (N2O) emissions related to the denitrification process has become
more apparent (Chadwick et al., 1999). It has been estimated that livestock production
contributes between 37 to 82 percent of the nitrogen input, and between 27 to 38
percent of the phosphorus input, to surface waters of Western Europe (Isermann,
1990; Hooda et al., 2000; Gerber et al., 2005). Oyarzun and Huber (2003) have also
estimated relative inputs of Nitrogen to watersheds in southern Chile and the values
in agriculture, cattle farming areas are significant. These can be also enhanced by
fertilization practices.
On intensified cattle production systems (e.g., European cattle farming) there is an
intensive use of soil and a high proportion of the farm land is contributing to animal
production (Aarts, Biewinga and Van Keulen, 1992). However, especially in developing
countries (e.g., Southern Chile) cattle production is based on extensive grassland systems
where an important proportion of the farm could be woodland or shrub areas. On the
other hand, cattle woodlands/pasture areas act as carbon “sinks”, thereby generating
some positive environmental effect. Nevertheless, cattle farming takes places in areas
which were once covered by forest and these ecosystems have changed in significant
ways (Etcheverria et al., 2006) with no return to the original situation as long as current
farming practices continue, such costs have not been evaluated. According to this,
the carbon balance in the farm should be taken into account in environmental impact
assessments but even more so when using global tools such as LCA. Other effects of
livestock such as soil erosion and contamination of land and water due to the use of
chemicals (pesticides, antibiotics, etc.) could have important negative consequences on
local biodiversity, land and water productivity, etc.; their magnitude highly depending
on management practices and feeding strategies. Unfortunately, we can only address
and estimate impacts (e.g., N surplus) but not the effects since there is no available
information on biodiversity loses or other ecosystem services being deteriorated due
to cattle farming in this region.
In the case of salmon farming it is well known that the proportion of non-consumed
feed, faeces and excretes, all containing nitrogen (N) and phosphorous (P) is variable
between farms, mostly depending upon the feeding technology. Automatic feeders,
monitoring and feed-back devices, as well as improved feeds with higher nutritional
8

25 kg of N per ton of bovine live weight (Anrique, 1976).
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and pellet manufacturing standards (Cho and Bureau, 2001), have been incorporated in
most fish farms since the mid 1990s. Therefore, the proportion of wasted food has been
declining rapidly from levels of 20 to 30 percent in the 1980s to less than 5 percent in
farms using state of the art technologies in the 2000s (Nash, 2001).
All the environmental effects should be considered if using LCA; however, for
practical purposes, particularly considering local effects with local environmental costs
which require specific regulations and decision making, it seems more convenient to
consider the involved risks of having certain environmental costs. Such costs maybe for
example eutrophication, or losing water quality, or losing biodiversity due to some of
the above mentioned effects from livestock or salmon farming.
To estimate environmental costs is necessary to clearly define the effects and often
we only have information on the potential impacts (e.g., the release of N ha-1 or the total
N load to an area, etc.), but not enough information on costs to society as ecosystem
services are being lost. Fore example, it is assumed that nutrient inputs as N and P will
have negative consequences mainly related to eutrophication; however, concrete data
on eutrophication are often lacking and risks are usually estimated through carrying
capacity models more usually build for P in freshwaters under the assumption that this
is the limiting factor to primary productivity.
In the case of salmon farming in marine environments, no formal effort has been
conducted to assess the effects of such nutrient contributions to the water column at
regional (ecosystemic) scales. Soto and Norambuena (2004) found only weak evidence
for increased ammonia in production sites compared to control sites located 1-2 miles
away. While those results suggest high dilution/recycling rates in assessed sites, long
term monitoring programs and modelling efforts aimed to estimate carrying capacity
are, probably, the most urgent research needs for this sector. Conversely, the same study
showed significant losses in biodiversity below cages with a much localized effect.
Farming activities have faced different reactions when using freshwaters because
of the more competing demands, and also due to higher public concerns about water
quality. In search of decision making tools for potential expansion of salmon farming
in Southern Chile lakes, the Chilean Fisheries Research Fund (FIP) has supported
studies to evaluate trophic status and carrying capacity. These studies have mostly used
Vollenweider’s model for P proposed by Dillon and Rigler (1974) with a modification
for the estimate of Nitrogen critical carrying capacity proposed by Jorgensen and
Vollenweider (1989). The major assumption here is that loads which achieve this
carrying capacity will trigger eutrophication and, therefore, they can be used to assess
environmental effects in a more general way.
Based on these studies a comprehensive review was done by Soto (2000) focusing
on P carrying capacity and estimated loads. We have done a similar exercise here with
N, using the same information sources (FIP) plus additional data for Lake Llanquihue
(Soto, 1993; 2000). In most of these lakes with salmon farming the critical Nitrogen load
had not been achieved at the time of the studies (1993 to 2000). Also the proportional
relevance of salmon farming is variable with higher effects on smaller lakes, most of
them in Chiloe island, while in large lakes (more than 20 thousand ha) their effect is
comparatively lower in relation to other load sources. Unfortunately, although these
studies give specific loads for each land use in the basin, there is not enough information
on livestock densities associated to river or lakes basins and therefore is not possible
to identify clearly livestock inputs. However, as mentioned earlier the largest cattle
production density is in the Llanquihue province and therefore is likely that a large
proportion of “other sources” of N load comes from livestock in the larger lakes
depicted in Figure 1. Although carrying capacity estimates can provide indications of
farming effects (as contributing to filling of this carrying capacity) it is not clear that
ecosystems will respond in negative ways to nutrient inputs, specially when dealing
with oligotrophic systems and when society may require higher productivity for
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FIGURE 1

Relative nitrogen contribution (N load) and current state (1993-1999) of Southern Chile9
lakes regarding N carrying capacity. The 100% line represents the estimated critical N load
in a carrying capacity model. Contribution of salmon farming in black, while white bars
represent all other sources of N
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example for recreational fishing. Also, these models are built under the assumption
that one or other nutrient, or both, are limiting primary production which is often not
the case. In the large lakes from Southern Chile for example, it has been proposed that
productivity and biomass could be more regulated by thermal cycling and lake mixing
(Soto, 2002). Therefore, we may be attempting to use the wrong impacting force (e.g.,
N loads) to make comparisons.
Nevertheless, this exercise using simple models for estimating carrying capacity
allows for a comparison of relative inputs from different activities and could eventually
be used to calculate environmental costs to society, provided that adequate information
is available. Such information can contribute to regulate impacts and its effects, tools
such as “load quotas/permits” can be implemented and different production sectors,
such as cattle and salmon farming, can be equally evaluated and regulated according to
societal decisions.
In the reported case from Southern Chile, the information from salmon farming is
much more objective since salmon production per farm is well known and periodically
updated according to different norms and regulations; this is mostly due to the fact
that more than 99 percent of the production is for exports. While livestock production,
location and management systems are less known, especially the latter. Milk and meat
production are essentially for the country’s internal consumption and are less regulated
compared to salmon.
For all salmon farming activities which started after 1994 an environmental impact
assessment (EIA) is mandatory in addition to the application of the aquaculture
environmental regulation (RAMA),10 but such is not the case and there are not
9

10

Lakes included: Popetan, San Antonio, Auquilda, Los Palos, Tarahuin, Natri, Tepuhueico, Riesco,
Chapo, Rupanco, all of them available as FIP Reports (www.fip.cl) while Lake Llanquihue data comes
from Soto (1993).
Reglamento Ambiental para la Acuicultura (Subsecretaria de Pesca, Chile, www.subpesca.cl ). Also see
Leon (2006).
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equivalent requirements for livestock and dairy production, except when there are
superficial effluents.
Other relevant considerations
The selection and use of environmental impact assessment methodologies to compare cattle and salmon production systems should first of all have a clear purpose.
This is obvious in the lakes example offered above (Figure 1). In practical terms,
for farmers and also for local authorities is relevant to define physical boundaries for ecosystem effects and also being able to evaluate these. The above example
with lakes may seem easier to perform and to implement its results as compared
to broader scale approaches, e.g., considering whole regions, countries, commodities, etc. In the latter cases it may be more difficult to establish the purpose of the
comparisons.
Clearly, there are benefits and drawbacks of some methodologies for the local
decision making. When the objective is avoiding eutrophication the use of some mass
balance models as the one shown for N in the lakes could allow, for example, to tax
nutrient inputs or even regulate maximum inputs considering social and economic
benefits of the activity, which is the contribution to local economy, generation of
jobs, etc. Such approach could also be possible considering the whole Lakes Region
in Southern Chile. In this regard, some of the following considerations are useful;
salmon farming is the activity providing most employment and generating ten times
more jobs than the dairy industry in the region, while salaries are 40 percent higher
than the country average for workers of farms (SALMONCHILE, 2007). In the Lakes
Region salmon farming offers 11 percent of total employment with more than 35 000
job posts, creating an economic growth which generates many more indirect jobs
(Niklischeck, Soto and Lafon 2006; Leon, 2006). On the other hand, agriculture and
forestry represents 11 percent of the hand labour regionally (INE, 2006)11 but with
much lower salaries.
CONCLUSIONS
In southern Chile both salmon and livestock farming are competing for attention
regarding policy making, where salmon farming has been attracting more attention
for some of the reasons stated above but livestock production have had more support
and subsidies in the past. A simple comparison of N loads of both activities at the
regional scale showed a larger impact from salmon farming than from cattle farming
although at local levels the latter was in some cases greater (e.g., Lake Llanquihue).
Therefore, it is very important to define the spatial scale of the approach/comparison
according to the impacts, effects, and mitigation possibilities, as it could be the case
when dealing with lake eutrophication. Although N surplus and loads were identified
as impacts, there was insufficient evidence on the magnitude and type of effects, except
for the information on critical nitrogen loads or critical carrying capacity which can
be used as a surrogate for environmental costs associated to eutrophication. Indeed,
excess Nitrogen exports to environment has been one of the most cited causes of
eutrophication in Europe and the possibility of introducing taxes over N loading is
been discussed (Vatn et al., 2002).
The future development of the region should include considerations of comparative
environmental costs along with social benefits of farming activities and therefore at
this scale comparisons should include other impacts such as soil erosion from cattle
farming and escapes of farmed salmon, which are regionally relevant. As mentioned
earlier, more global tools such as LCA or MFA could be very useful at regional and at
national levels, especially if there are ways to include the latter two types of impacts
and also costs related to losses of biodiversity.
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ABSTRACT
There are environmental costs associated with every form of food production and none
of these appear sustainable at the present time. The goal of a rational society should
be to achieve sustainability of all food production and use of natural resources. That
means understanding the environmental costs associated with all forms of agriculture,
aquaculture and the harvesting of wild stocks. Those costs should then be prioritized and
society should focus its energies on efficiently solving the most demanding problems.
In a global sense, those most demanding problems likely involve topsoil losses and the
availability of fresh water. It has been obvious for several decades that the oceans’ food
resources are being over-exploited and few jurisdictions have been successful in managing
the harvest of fish and shellfish. Aquaculture holds a promise to supplement the ocean’s
bounty. Small scale aquaculture is an ancient practice, but industrial scale aquaculture is
relatively new and because of its scale, it can potentially carry significant environmental
costs which must be managed to insure that they do not become widespread or
irreversible. Aquaculture’s emergence as a major source of seafood has created social
and economic tensions within some societies that are played out as environmental issues
using keywords and terms such as sustainability. This paper describes the near-field
environmental response to organic enrichment associated with salmon aquaculture in the
Northeast Pacific. It is emphasized that the conclusions reached for this region cannot
be applied to all salmon producing areas. Environment Risk Analysis (ERA) and Life
Cycle Analysis (LCA) must be at least regionally specific and in most cases they must be
specific to individual sites or groups of sites. A methodology for categorizing aquaculture
1
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hazards in an operative way is provided and definitions for terms such as near-field
and far-field effects are suggested as is a method for prioritizing hazard assessments for
salmon aquaculture. Primary production in the Northeast Pacific is generally light and not
nutrient limited and salmon aquaculture has minimal potential to affect phytoplankton
production in much of this region. The major environmental cost identified to date is
benthic enrichment. Significant effects appear to be restricted to a few hectares within
200 m of netpens. Chemical remediation of sediments at reasonably well sited farms takes
six months to a year. In the worst case studied, chemical remediation was nearly, but not
totally, complete following five years in fallow. This site was predicted to be chemically
remediated after seven years of fallow. Biological remediation, as defined herein, occurs
within a year following completion of chemical remediation. This analysis suggests that
the empirically measured reductions in the biomass of benthic invertebrates results in the
loss of approximately 300 kg of wild fish during production of 2.5 million kg of Atlantic
salmon. The yield of edible flesh from Atlantic salmon is 50 percent of live weight and it
is 42 percent for beef cattle. In contrast to the small (1.6 ha average) and ephemeral (44
month long) effects created by salmon farming, the growing of an equivalent amount of
beef is shown to require 6 982 ha of high quality pasture for 30 months plus as long as
several hundred to a thousand years of remediation. Achieving sustainability requires
prioritizing the costs of all forms of food production and focusing our energy on solving
the most important and tractable issues first. For instance, by catch and lost fishing nets
and pots waste a significant portion of the sea’s bounty each year. From a sustainability
point of view, these costs represent a far greater hazard to marine life than the lost
production under a salmon farm.

INTRODUCTION
As the expanding human population places additional stress on earth’s resources, there
is increasing interest in understanding and managing all of the costs of food production.
Aquaculture is an ancient practice that holds a promise to supplement the ocean’s supply
of fish and shellfish in meeting the increasing demand for seafood. However, as with all
human activity, the increasing intensity and scale of aquaculture has raised concerns that
it may diminish natural productivity as it increases the human food supply.
There are environmental costs associated with all forms of food production. This
was brought to light by a young environmental activist several years ago when she
stated that her environmental footprint was small because her diet focused on bread
and vegetables. Indeed there are environmental costs associated with a loaf of bread.
Figure 1a describes soil erosion in Eastern Washington and Figure 1b describes the
accumulation of eroded topsoil behind one of several dams on the Columbia River in
Washington State where significant quantities of wheat are produced. The annual soil
loss from cropland in the United States is four tonnes/acre-year. Depending on the
global region, topsoil is being lost 16 to 300 times faster than it is being replenished
and forty percent of earth’s cropland is degraded (NRCS, 1999). During mediation of
a major pesticide issue in Washington State, a farmer lamented that the pesticides he
used to grow wheat were not tolerated by peas in their rotation. His solution was to
flush the pesticides off his 6 000 acres of cropland with 15 cm of irrigation water. Both
of these are examples of the environmental costs associated with a loaf of bread and
discussions of the environmental costs of terrestrial agriculture are incomplete unless
they include these and similar costs.
Aquaculture creates environmental costs as well. The purpose of this paper is to
assess the nearfield effects associated with organic enrichment from salmon aquaculture
in the Northeast Pacific and to attempt to put them into perspective with some of the
costs associated with producing an equivalent amount of beef. Figure 2 describes a
typical salmon production cycle lasting 32 to 34 months. Definitions for terms used in
this paper are provided below.
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FIGURE 1

a) Local soil erosion in Eastern Washington. b) Accumulation of eroded topsoil behind one
of the dams on the Columbia River in Washington State

a)

b)

Nearfield effects are those that can be measured during point in time surveys. They
include organic enrichment of sediments measured through sulfide, redox potential,
nutrients (N and P) and organic matter measured as Total Volatile Solids (TVS) or
Total Organic Carbon (TOC). Macrobenthic community surveys provide sensitive
indications of environmental effects in homogeneous substrates. However, they are
expensive and time consuming and they are problematic in heterogeneous environments.
Near-field benthic effects have been observed to distances of 205 m downcurrent from
Northeast Pacific salmon farms (Brooks, 2001). Water column effects can often be
measured within netpens and to several metres downcurrent. However, they have not
been detectable 30 m downcurrent at salmon farms in the Northeast Pacific (Brooks
and Mahnken, 2003a). Nearfield effects have typically been monitored by producers in
compliance with government mandated programs.

FIGURE 2

Phases in the production of Atlantic salmon and associated waste streams. A more inclusive
list of potential hazards and environmental costs is provided in Appendix 1
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Far-field effects are those that cannot be measured by point in time surveys. These
effects include ecosystem eutrophication resulting in increased primary production;
reduced oxygen tension due to cumulative effects of all organic inputs, including
salmon farms, and the biological oxygen demand associated with sedimented waste
and the senescence of increased system-wide primary production. Assessment of farfield effects requires long-term and widespread monitoring to include collection of
baseline data. Many coastal waters receive significant nutrient inputs from terrestrial
activities including urbanization and agriculture. Therefore, determining cause and
effect relationships between observed far-field effects and specific sources is difficult.
Mass balance models are useful in this regard, but require inventories of (for instance)
all nutrient inputs, which can be difficult and expensive in large and/or complex
landscapes. There is increasing interest in waterbody specific computer models
that track the dispersion of nutrients and other contaminants and their uptake by
macroalgae and/or phytoplankton. Few waterbodies have been modeled in this regard,
but the models allow government management by partitioning the total maximum
daily load (TMDL) among contributors. Monitoring and managing of waterbodies and
the multitude of contributors of any stressor is usually undertaken by government.
However, there are few examples of the application of this approach to aquaculture.
Ecosystem. As used herein, is defined as the body of coastal water that encompasses
an area forming a relatively discrete hydrologic and biological entity. Ecosystems may
be an embayment adjacent to a channel; an entire estuary; a series of interconnected
estuaries or a coastal region that is hydrologically contiguous. In other words, the term
ecosystem is defined as that area over which the hazard(s) associated with aquaculture
can reasonably be expected to affect other resources. The extent of an ecosystem in
this context is related to the effect being considered and it will increase as the scale of
aquaculture expands within a region.
Economic costs refer to the value of goods and services necessary for the production of
aquaculture products. They include energy, feeds, infrastructure, salaries, government
fees, etc.
Environmental cost as used in this paper is defined as an imposed change that reduces
the environment’s natural productivity including the abundance and diversity of plants
and animals within the affected area. Environmental costs are multidimensional in that
they may create effects over some three dimensional space. They also have a temporal
dimension. Ephemeral costs may last a few weeks to a few years. Longer term costs
may reduce natural productivity for decades, and irreversible costs create changes that
affect an environment’s productivity for a century or longer. Lastly, environmental
costs differ in the degree of their effects. The loss of natural productivity may be barely
distinguishable or it can be dramatic resulting in near defaunation of an area. The
“environmental cost” associated with an activity depends on all of these dimensions
and as stated in the precautionary approach, the costs of greatest concern are those that
are “significant, widespread and irreversible.”
Hazard is an input or action that results in the imposition of an environmental cost. Hazards
include the release of toxins, disease vectors, eutrophication, mechanical effects, etc.
CATEGORIZING THE ENVIRONMENTAL COSTS ASSOCIATED WITH SALMON
AQUACULTURE
The environmental costs and hazards associated with each phase of salmon culture are
described in Appendix 1. Depending on the desired level of detail, the list could be
expanded.
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Cost and hazard analyses are site specific
Subtle environmental differences between and within regions require individual
analyses. As will be seen, upwelling delivers large quantities of nutrients to nearshore areas in the Northeast Pacific with the result that primary production is
generally light limited and is seldom nutrient limited. In this region, sedimented
organic waste is the primary hazard observed during the marine growout phase
of salmon production. Within the Northeast Pacific Region, there is tremendous
variation in the extent and consequences of organic loading. Five to 10 percent of
historic farms have created significant negative effects that have proven long lasting with chemical remediation taking as long as seven to ten years (Brooks, Stierns
and Backman, 2004). At very well flushed sites with current speeds up to 125
cm/sec, the abundance and diversity of the macrobenthos has been significantly
enhanced in response to salmon production (Brooks, 1995c). Varying degrees of
adverse effects have been documented within 60 to 200 ms of netpens at perhaps
75 to 85 percent of Northeast Pacific sites. Sediments at several of these sites have
been shown to chemically remediate in six months to a year (Brooks 1993c, 1999;
Brooks et al., 2003). Thus, while it is possible to discuss regional environmental
costs in general, quantitative assessments of near-field effects must be conducted
on a site specific basis.
Categorizing environmental costs
The environmental costs associated with any activity are, in large part, dependent on
how the activity is managed and assessing environmental costs must be accomplished
within the range of management options available. For instance, siting of intensive
netpen operations is a management issue that has proven to be the most important factor
in determining the benthic response to netpen aquaculture. Other facets of management
have a direct and substantial influence on environmental effects. Definitions and typical
management approaches for the following four types of hazards are provided below.
Category I hazards are common to many activities in coastal environments. These
costs associated with these hazards can be minimized or avoided through known
strategies such as proper engineering, worker training, inspection of infrastructure,
and etc. Examples of Category 1 hazards include collision of boats with aquaculture
structures, which can be mitigated by proper lighting and other programs administered
by government agencies such as the Coast Guard; avoidance of fuel spills; collection
and disposal of trash, including feed bags; requirements for properly engineered
anchoring systems; periodic inspection of infrastructure including containment nets;
noise abatement; and etc. Category 1 hazards do require some level of risk assessments
because the environmental exposure to them can vary significantly from site to site.
Management of Category 1 hazards is typically accomplished through imposition
of Conditions on permits, use of Best Management Practices, Codes of Conduct, and
government regulatory programs applicable to a broad range of coastal users.
Category II environmental hazards are inherent to the intensive cultivation of all
plants and animals. They include organic enrichment from fed aquaculture (shrimp
and piscivorous fish) and organic depletion associated with extractive aquaculture
(bivalves, carp, etc). In the first case it is the local area’s assimilative capacity that is
challenged and in the second case it is the carrying capacity of the system that must
be considered. These hazards can result in either positive or negative effects. In some
cases enrichment may result in increased abundance and diversity of wildlife. As
the degree of enrichment increases beyond the environment’s assimilative capacity,
negative responses associated with eutrophication including reduced sediment redox
potential may occur. Similarly, extractive aquaculture may be critical to controlling
eutrophication in some estuaries that are naturally or anthropogenically enriched.
Chesapeake Bay in the United States is an excellent example of an estuary suffering
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from the lack of the extraction of phytoplankton by bivalves (Newell, 1988). However,
the Bay of Marennes-Oleron is an example of an estuary in which overstocking of
bivalves (oysters) resulted in exceeding the estuary’s carrying capacity, causing reduced
growth of the cultured species and likely reduced productivity of the entire food web
(Raillard and Menesguen, 1994). In either case, Category II hazards are the inevitable
result of the intensive cultivation of animals. While these hazards cannot be avoided
in open culture, it can be managed to enhance environmental health in some cases and
to control the temporal and spatial extent of adverse effects in others. Management
typically begins with careful siting and restraints on allowable production levels at
both the local and ecosystem levels. Computer models provide promise of assessing
the environment’s assimilative or carrying capacity on increasing spatial scales.
However, these models have not yet achieved a level of sophistication providing
reliable predictions of environmental (chemical or biological) responses. In many cases,
the environmental effects associated with Category II hazards are managed through
implementation of Performance Standards. Monitoring and enforcement is then
required to insure compliance.
Category III hazards are associated with potential, but not necessarily inevitable,
release of contaminants. These hazards include sediment accumulations of trace metals
originating in feed and antifouling compounds; therapeutants including antibiotics
and pesticides; organic inputs associated with net cleaning, disposal of mortalities; and
etc. Category 3 hazards are managed through proper siting and efforts to minimize or
eliminate their effects. These hazards are frequently amenable to quantitative or semiquantitative risk assessment.
Category IV hazards are those that are unexpected or that can possibly occur, but for
which there is limited knowledge upon which to base quantitative or semi-quantitative
assessments. They involve disease transfer in both directions; ecological interactions
(competition for habitat and food) associated with cultured shellfish and escaped
finfish; and genetic interactions between cultured and wild species. Some of these
interactions have been better studied than others for example mussel genetics; transfer
of disease from wild stocks to cultured stocks; disease transfer to both wild and
cultured stocks of bivalves associated with poorly controlled movement of flat oysters
(Ostrea edulis) resulting in Bonamia infections; or the spread of Perkinsus marinus and
MSX in cultured and wild stocks of American oysters (Crassostrea virginica). Other
Category IV hazards have not been well documented or remain controversial such
as the contribution of sea lice from Atlantic salmon cultured in the Northeast Pacific
to wild stocks of pink salmon (Oncorhynchus gorbuscha) as discussed by Brooks
(2005b; 2006) or the potential for Mediterranean mussels (Mytilus galloprovincialis)
to displace the more common Baltic mussel (Mytilus trossulus) in the northeastern
Pacific (Brooks, 2005a). These types of hazards are difficult to assess quantitatively
or semi-quantitatively and they are frequently studied only in an effort to develop
management strategies when a need is observed. While Category IV hazards are
not well documented, they can potentially impose high environmental costs if not
adequately understood and managed.
PRIORITIZING THE HAZARD ASSESSMENT PROCESS ASSOCIATED WITH
SALMON AQUACULTURE IN THE NORTHEAST PACIFIC
Given the broad range of possible and/or asserted environmental costs requiring
risk analysis, a first step is to prioritize hazard assessments based on the likelihood
of obtaining useful information. Table 1 provides a comparison of the potential for
achieving useful information associated salmon aquaculture hazard assessments. The
values in Table 1 were derived using the following metrics:
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Availability of empirical evidence
Availability of empirical evidence supporting a hazard assessment is evaluated on a
scale of 1 to 5. A low score is assigned if little empirical evidence describing an effect
is available. A high score is assigned hazards for which there is substantial empirical
evidence. Some costs, such as eutrophication or the potential for genetic interaction of
Atlantic salmon with Pacific salmon are well documented. These receive scores of 3
to 5. There is little empirical evidence supporting some of the other costs, such as the
potential for antibiotic transfer to humans associated with consumption of wild fish
and shellfish harvested in the vicinity of salmon farms. These costs would likely receive
scores of 1 or 2. The metric is considered important because it is difficult or impossible
to assess the costs of an asserted hazard in the absence of empirical evidence describing
those costs.
Probability that the hazard will result in a demonstrable environmental cost
Such probability is measured on a scale of 1 to 5. This score is proportional to the
probability that the consequences of the hazard will be realized. The probability of
nutrient release to the environment in the form of dissolved and/or particulate organic
waste is very high as is the probability that at least small numbers of Atlantic salmon
will continue to escape from culture sites. These hazards would be scored 3 to 5. In
contrast, the probability of a major fuel spill associated with salmon farming is small
and would receive a score of 1.
Environmental consequences of the hazard
This is evaluated on a scale of 1 to 5. The consequences of eutrophication can vary
significantly from enhancement to ecosystem wide negative effects. A middle score (1.5
to 3.5) should be assigned to consequences that can vary from negative to positive. The
consequences of disease transfer from cultured to wild stocks could be significant and
would be judged a 4 or 5, even though the probability of occurrence might be small.
The consequences of dissolved nutrient releases in an area where primary production is
light limited would be small (score of 1 or 2), whereas the same degree of eutrophication
in a nutrient limited waterbody would receive a high score of 4 or 5.
Confidence intervals for environmental cost assessments
Understanding the precision of cost estimates is increasingly identified as a necessary
component of ERA and LCA. High scores (4 or 5) should be assigned where there
is sufficient empirical evidence, models, and theory to make reasonably accurate
predictions that have been field verified. High scores are also associated with strong
consensus among scientists studying the effect. Hazards that have not been well
explored, or for which there is little descriptive empirical evidence, would be assigned
low values of 1 or 2. Hazards for which there is little scientific consensus would also
receive low scores in this column. The value of assessing environmental costs in the
absence of factual information may be questionable.
Total score
A total score was achieved by summing the scores for the first three metrics and
multiplying them by the score for Confidence. Other scoring approaches might be
considered.
It must be acknowledged that many of the possible effects associated with salmon
aquaculture are controversial with a variety of scientific opinions available. The
assignments made in Table 1 are those of the author and they would likely vary by
jurisdiction and/or reviewer. Constructing such a table is best accomplished by a
multidisciplinary team of experts representing differing points of view. In addition,
it should be noted that numerical values would likely differ by jurisdiction. For
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instance, primary production is not light limited in all salmon producing areas of the
world and in nutrient sensitive areas it is likely that the environmental costs associated
with dissolved nutrient additions from fed aquaculture would rank much higher than
they do in the Northeast Pacific. The same is true for genetic interactions. In areas
where cultured fish are also found in the wild (such as raising Atlantic salmon in
the Atlantic Ocean), the potential for genetic interaction between escaped cultured
salmon and their wild brethren may be quite high. Assuming some adaptation to
culture through genetic selection in the cultured stock, the consequences of escapes
and transfer of the culture phenotypes to wild fish could carry far more significant
consequences in the Atlantic than it does in the Northeast Pacific where there is
almost no potential for interbreeding between cultured Atlantic salmon and wild
Pacific salmon (NRC, 1997). This procedure is not defined for purposes of evaluating
the environmental consequences of the various hazards. It is designed to estimate
the value of assessing the environmental cost associated with each hazard given the
current state of knowledge. The assumption is that it is more profitable to spend
time on analyses that will lead to dependable estimates of major stressors than it is
to examine hazards for which there is insufficient information available upon which
to base reliable estimates or on hazards that are not likely to significantly adversely
affect the environment. That does not mean that low scoring hazards should not be
researched. That determination is better assessed as the product of the probability and
consequences of occurrence.
Accurate accounting of the costs associated with the hazards listed in Appendices
1 and 2 would be a major undertaking that is beyond the scope of this paper. As an
exercise to show the level of detail required, the following assessment will address
the environmental costs associated with nearfield organic enrichment in marine
environments as this is a well studied hazard giving a relatively high confidence for
the assessment. The Total Score in column 6 is a relative measure of the benefit to be
derived from conducting a risk assessment. Highest total scores are achieved for well
studied hazards that can cause high environmental costs. Well studied hazards for
which there is scientific consensus will result in high confidence risk assessments. On
the other hand, lower confidence will be achieved in assessing controversial hazards
until the opposing points of view are better reconciled. The scores in Table 1 can be
ranked to determine the order in which risk assessments should be undertaken at
the current time. However, in terms of future research needs, hazards that can create
significant environmental costs and that have a high probability of occurrence are those
that should receive priority in terms of research funding.

TABLE 1

Estimates of environmental hazards and possible costs associated with salmon aquaculture
in the Northeast Pacific. Each metric is evaluated qualitatively on a score of one to five. The
total score is the sum of the first three multiplied by the fourth (Confidence) and represents a
relative measure of the benefit to be derived from conducting a risk assessment
Empirical
evidence

Probability of
occurrence

Consequences of Confidence in
occurrence
the assessment

Total
Score

Freshwater eutrophication

4

4

4

3

36.0

Marine sediment enrichment

4

5

3.5

3.5

43.8

Marine water eutrophication

3

1

2

4

24.0

Sediment contamination by Zn & Cu

3

3

3

2

18.0

Depletion of dissolved oxygen

2

1

1

4

16.0

Disease transfer from cultured to
wild fish

2

2

5

1

9.0

Genetic interaction between
Atlantic & Pacific salmon

1

1

2

5

20.0
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ENVIRONMENT COSTS ASSOCIATED WITH ORGANIC ENRICHMENT FROM
SALMON AQUACULTURE
The purpose of the following sections is to show the amount of effort and detailed
work, analyses required to effectively estimate environmental costs associated with
only this one type impact of salmon aquaculture.
The locations of the 45 salmon farms included in the database upon which the
following discussion is based are described in Figure 3. All of these sites have relatively
cool water varying between approx. 6 or 7oC in winter and 16oC in summer. In 2003,
British Columbia and Washington State produced approximately 65 000 tonnes of
mostly Atlantic salmon (Salmo salar) and small amounts of coho (Oncorhynchus
kisutch) and chinook (Oncorhynchus tshawytscha) salmon. Salmon farms in the
Northeast Pacific are generally located in water depths of 18 to over 100 ms with
average current speeds varying between 3 and >25 cm/sec. Maximum harmonically
driven current speeds vary between 10 and 125 cm/sec.
Dissolved oxygen
Weston (1986) reviewed the effects of salmon culture on ambient concentrations of
dissolved oxygen (DO) and concluded that salmon farms could decrease these levels
by 0.3 ppm. Brooks (1991, 1993a, 1993b, 1993c, 1994a, 1994b, 1995a, 1995b, 1995c)
observed decreases of as much as 2 ppm in water passing through a large, poorly flushed
farm in Puget Sound. Statistically significant reductions in DO were not observed by
Brooks (1994b, 1995b, 1995c) at farms in well-flushed passages. In no cases were
DO levels within 6 m of the downstream farm perimetres depressed below 6 mg/L, a
minimum level for optimum culture of salmonids. Winsby et al. (1996) suggested that

FIGURE 3

Site map describing the general location of 45 salmon farms monitored between 1991 and
2005 that have generated data forming the basis of the analysis presented herein
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depressed oxygen levels were associated with the water column immediately overlying
anaerobic sediments and that salmon farming had minimum potential to adversely
oxygen concentrations in the water column. These results suggest that salmon farms
do not currently impose a cost on Northeast Pacific environments associated with
the consumption of oxygen. However, naturally depressed oxygen concentrations
associated with upwelling have severely stressed cultured fish, leading, in a few cases,
to mortality. This affects the overall environmental cost of salmon production because
the dead salmon represent a wasteful sink of valuable resources associated with feed
and other fixed costs that are not realized as human food. This issue is presented as
an example of the importance of management (siting) on the environmental costs
associated with Category III hazards.
Dissolved nutrient loading in the Northeast Pacific
Salmon and most other fish excrete 75 - 90 percent of their ammonia and ammonium
waste across gill epithelia (Gormican, 1989) or in concentrated urea (Persson, 1988; and
Gowen et al. 1991). Brett and Zala (1975) reported a constant urea excretion rate by
sockeye salmon of 2.2 mg N/kg per hour. Nitrogen and phosphorus are also dissolved
from waste feed and feces during and after their descent to sediments. All of these
dissolved forms of nitrogen are readily available for uptake by phytoplankton. Silvert
(1994a) suggested that 66 to 85 percent of phosphorus in feed is lost in a dissolved form
to the environment at salmon farms. However, phosphorus is plentiful in Northeast
Pacific marine environments (Figure 4) and seldom limits primary production (Brooks,
2000a; 2006).
Statistically significant increases in soluble nutrients at salmon farms have
infrequently been observed in Puget Sound (Rensel, 1989; Brooks, 1994a; 1994b;
1995a; and 1995b). Prior to 1995, Aquatic Lands Leases (ALLs) for salmon farms in
Washington State required monitoring of NO3, NO2 and total ammonia (NH3 + NH4).
Worst case concentrations observed between 1989 and 1995 are summarized in Table
2. Consistent with these results, monitoring by Pease (1977); Rensel (1988 and 1989),
and Parametrix (1990) documented small increases in dissolved nitrogen within and on
FIGURE 4

Dissolved inorganic nitrogen, orthophosphate and chlorophyll a recorded in the Straits of
Juan de Fuca at Admiralty Head (WDOE, 1998; 2002)
Nutrient and Chlorophyll data for A DM002 during 1995-96
All fits are distance w eighted least squares
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TABLE 2

Water column dissolved inorganic nitrogen (µmoles/L) and unionized ammonia (in parentheses
measured in mg/L) in the vicinity of salmon farms in Puget Sound, Washington (Brooks, 1993a;
1993b; 1993c; 1994a; 1994b; 1995a; 1995b; 1995c)
Farm

Dissolved Inorganic Nitrogen (µM)
100’ upstream

20’ upstream

100’ upstream

A (1995)

9.58

14.87 (0.0002)

11.43

B (1994)

21.34

22.87 (0.0004)

23.04

C (1989)

22.51

25.83 (0.0003)

23.87

D (1994)

12.54

11.80 (0.0003)

12.15

E (1995)

5.47

5.16 (0.0002)

5.18

F (1995)

10.70

10.83 (0.00001)

11.85

G (1995)

6.06

6.21 (0.0002)

5.71

H (1994)

9.78

11.34 (0.0001)

10.80

the perimeter of salmon farms. However, all of these authors agreed that the quantity
of dissolved nitrogen added by even several farms would have no measurable effect on
phytoplankton production. Gowen, Weston and Ervik (1988) studied a Scottish loch
with restricted water exchange to the open sea and a large salmon farm. They concluded
that the farm had no measurable effect on phytoplankton density. Similar results have
been found in other salmon farming regions (Soto and Norambuena, 2004).
In general, the variability between replicate samples taken at the 6 m downstream
station was as great, or greater, than observed increases in nitrogen between upstream
and downstream stations. No significant increases in nitrogen were observed at any
of the 30 m downstream stations at any time. The greatest increase in reported DIN
between upcurrent and downcurrent stations was 0.09 mg/L or 8 percent of the mean
DIN values observed by Weston (1986) in Puget Sound and the highest observed level of
toxic unionized ammonia (NH3) reported by Rensel (1989) inside salmon netpens was
0.0004 mg/L, which is lower by a factor of 87.5 than the U.S. Environmental Protection
Agency (USEPA) chronic exposure (4-day) concentration limit of 0.035 mg/ L at pH
= 8 and T = 15oC when sensitive salmonid species are present.
Burd (1997) estimated that upwelling delivered approximately 2 000 tonnes of
nitrogen to coastal British Columbia and Puget Sound environments each day. River
inputs added 100 tonnes and sewage inputs were estimated at 70 tonnes. At that time
British Columbia salmon farms were producing approx. 22 000 tonnes of salmon/year
and it was estimated that they added another 6 tonnes of DIN/day. Scaling linearly to
current production of 58 000 tonnes suggests that in 2005, salmon farms contributed
approx. 15.8 tonnes DIN to coastal environments or 0.7 percent of the total 2 185.8
tonnes.
Other factors affecting primary production
In the Pacific Northwest, wind-driven vertical-mixing drives a significant proportion
of the standing biomass of phytoplankton below the compensation depth where cell
respiration equals photosynthesis and where phytoplankton populations no longer
multiply. Where water freely circulates, flood tides replenish nutrients from offshore
upwelled water. When coupled with the atmospheric and geographical factors that
reduce light availability, the result is that primary productivity is generally light
limited, not nutrient limited. This is especially true during winter months. In other
words, there is insufficient light to use the nutrients already available in the water
column. Adding nutrients to a light limited system does not increase plant growth.
There are sheltered, poorly flushed, shallow embayments with long residence times
(>10 to 20 days) where salinity and temperature induced stratification results in a
stable water column allowing phytoplankton to remain above the compensation depth.
When these conditions appear in the spring or summer, significant blooms can occur
following several days or weeks of clear sunny weather. These blooms eventually
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wane because winds increase vertical mixing; cloud cover reduces the available light;
or nutrients are depleted in the surface water. In this last situation, nutrient input from
intensive aquaculture could further stimulate plant growth, exacerbating the problem.
In addition, shallow bays having significant freshwater input and minimal flushing, are
not considered good sites for net-pen grow out operations. However, they might be
deemed appropriate as smolt introduction sites.
The last point to consider in this discussion is that nitrogenous compounds
are released from fish farms into currents that generally average greater than 4 to
12 cm/sec and acoustic Doppler current meter studies at British Columbia salmon
farms have revealed net transport (resting current) speeds of 1.0 to 5.0 cm/sec. At
temperatures of 10–15oC, it takes one to two days for an algal cell to divide, even if all
of its photosynthetic needs are met (Brooks, 2000). An algal bloom may result in cell
densities increasing from a few thousand cells/ml to a million or more. That requires
eight or nine cell generations, which takes a minimum of 8–16 days. In open bodies of
water, moving with a net speed of even 2 cm-sec-1, a phytoplankton population would
move 14 km from the location at which nutrients were added during creation of a
bloom. Recall that the barely significant increases in nitrogen observed 6 m downstream
from farms in Puget Sound were generally not detectable 30 m downstream. Within a
single algal cell division (one to two days), the water passing through the farm would
have traveled at least 1.7 km. It is difficult to conclude that nutrient additions from a
farm, generally undetectable at 30 m downstream, would have any affect on primary
production even if the water body was nutrient limited.
Supporting these theoretical arguments are studies conducted by Banse, Horner
and Postel (1990); Parsons et al. (1990); Pridmore and Rutherford (1992); Taylor
(1993); Taylor, Haigh and Sutherland (1994); Taylor and Hatfield (1996) and Taylor
and Horner (1994) who examined phytoplankton production and blooms of noxious
phytoplankton in the Pacific Northwest and concluded that nitrogen levels and
phytoplankton production at salmon farms were determined by ambient conditions
and that aquaculture added little to the abundant nutrients supplied in upwelled water.
These conditions are specific to the Northeast Pacific and the conclusions should not
be extended to other regions without careful consideration. This issue was reviewed
because it is an example of the importance of siting in minimizing the environmental
costs associated with Category II hazards.
Benthic effects associated with solid waste
From an environmental point of view, it is sedimented waste that currently appears
to carry the highest environmental costs in association with fed aquaculture. This is
a Category II hazard that appears to create quantifiable and inevitable environmental
costs in the near-field.
Waste feed. The amount of waste feed depends on feeding efficiency, which is
principally influenced by feed composition, feeding methods, water currents at the
site, and net-pen configuration. Beveridge, Phillips and Clarke (1991) stated that up
to 30 percent of feed was lost during the early years of salmon farming. Rosenthal,
Scarratt and McInerney-Northcott (1995) noted higher losses for wet feeds (up to
35 percent), than for dry feeds. Weston (1986) suggested that less than 5 percent of
dry feed was lost at Puget Sound salmon farms. This is consistent with the research
by Gowen and Bradbury (1987), who reported dry feed losses of 1–5 percent. Findlay
and Watling (1994) reported maximum feed loss rates of between 5–11 percent, and
that the average feed wastage was <5 percent. Dry and semi-moist feeds are now used
exclusively in the Northeast Pacific and current feed loss rates are estimated at between
3 percent and 5 percent (J. Mann, EWOS Canada Ltd., personal communication).
Modern monitoring systems incorporating feedback cones and underwater video or
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acoustical devices described by Mayer and McLean (1995) are now commonly used to
monitor feeding behavior in efforts to minimize losses of uneaten feed from net-pens.
Most of the current feed loss is associated with abrasion and breakage in automatic
feeders, which can result in the disintegration of 4–5 percent of the pellets. Optimum
feeding systems, with short delivery distances that are operated by compressed air
valves, may reduce disintegration to <0.5 percent of the pellets (J. Mann, EWOS
Canada Ltd., personal communication). The results of this review are reasonably
consistent and indicate that at this time, 5 percent or less of the dry feed delivered to
cultured salmon in net-pens is lost to the environment. These low rates are due to the
combination of improved feedback technologies and the practice of quickly feeding
the fish to satiation once or twice each day. Improvements in feed delivery systems
to minimize pellet disintegration will probably reduce losses further. This assessment
will assume feed losses are 5 percent. It should be noted that wasted feed is accounted
for in the computation of the economic food conversion ratio (FCR), but not in the
calculation of a biological FCR.
Fish feces. Weston (1986) estimated that 25–33 percent of the feed consumed by fish
was ejected as feces. Modern diets are approximately 87–88 percent digestible (J.
Mann, EWOS Canada Ltd., personal communication). The remaining ash consists
primarily of calcium and inorganic phosphate, and represents 8.0–8.5 percent of the
feed. This implies that approximately 12.5 percent of the weight of ingested feed will
be ejected in feces. Subtracting the 87.7 percent that is digested and assimilated by the
fish and 8.25 percent for ash, leaves about 4 percent of the feed that is ejected as labile
organic material in the feces. If 5 percent of the feed is uneaten (Findlay and Watling
1994) and feces contribute organic matter equivalent to 4 percent of the feed weight,
then approximately 8.8 percent of the labile organic compounds delivered in feed is
discharged from the net-pen structure in particulate form, contributing to biological
oxygen demand (BOD) in sediments.
Fish carcasses as organic wastes. Winsby et al. (1996) reviewed the mortality of fish at
BC salmon farms in 1994. Their data suggested approximately 2 000 tonnes of salmon
died at farms that year, or approximately 9 percent of the total production of 22 000
tonnes. They concluded that most of the salmon carcasses were removed to government
approved compost disposal locations. No inappropriate disposal of salmon carcasses
has been documented in the literature. Losses of farmed salmon are generally restricted
to individual fish, which may have been attacked and killed by predators; died as a
consequence of toxic algal blooms; or as a result of disease. Codes of Practice require
physical removal of carcasses on a daily basis and therefore they do not contribute to
BOD in the environment.
Quantification of solid organic waste from salmon aquaculture. Ackefors and Enell
(1989) estimated the total organic output from salmon farms on the order of 2.5 tonnes
wet weight/tonnes of fish produced. Gowen, Weston and Ervik (1991) cited three
studies assessing the flux of carbon through salmon net-pens. In all three cases the
harvested fish retained 21–23 percent of the carbon in feed and it was estimated that
75–80 percent of the carbon was lost to the environment mostly in a dissolved form as
CO2. Merican and Phillips (1985) estimated that 35.6 percent of the carbon, 21.8 percent
of the nitrogen, and 65.9 percent of the phosphorus were lost to the environment in
solid form. Other estimates of the total suspended solids output from intensive netcage culture of fish by Kadowaki et al. (1980); Warrer-Hansen (1982); Enell and Lof
(1983); and Merican and Phillips (1985) range from 5–50 g suspended solids/m2-day.
All these publications are more than 15 years old and therefore these values do not
reflect recent improvements in fish feed and feeding technologies.
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Gowen and Bradbury (1987) estimated organic waste sedimentation rates of
27.4 g/ m2-day under Irish salmon farms, and an average of 8.2 g/m2-day immediately
adjacent to the perimeter of the net-pens. Gowen et al. (1988) measured average rates
of 82.2 g dry weight/m2-day on the perimeter of a net-pen in Washington, and Cross
(1990) estimated an average overall sedimentation rate of 42.7 g TVS/m2-day with a
maximum of 94.5 g total volatile solids (TVS)/m2-day at seven salmon farms in BC.
More recent work by Findlay and Watling (1994) in Maine measured sedimentation
rates on the perimeter of salmon farms at between 1.0–1.6 g carbon/m2-day, and
Hargrave (1994) summarized sedimentation rates from less than one to over 100 g
carbon/m2-day from salmon cage operations.
Brooks (2001) derived a theoretical estimate of contemporary TVS loading near fish
farms. Given a feed with 11 percent moisture content and FCR of 1.2, the feed provided
(1.2 kg x 89 percent dry matter) or 1.07 kg dry feed/kg of fish produced. When coupled
with the previously given estimate for the percent labile organic waste of 8.8 percent
this equals 0.094 kg solid organic waste/kg of fish produced. A salmon farm producing
1 500 tonnes of salmon during a 16 to 20 month production cycle would therefore
discharge 141 tonnes of particulate organic waste on a dry weight basis. Furthermore,
assuming a fish density of 10 kg/m3 in cages 15 m deep and a grow-out cycle of 18
months, the annual sediment load on average would be:
(10 kg fish/m3 x 15 m deep x 0.094 kg TVS/kg fish)/548 days = 25.7 g TVS/m2-day
The load would, in reality, be lower at the beginning of the grow-out cycle and
increase towards maximum biomass. Brooks (2001) analyzed sediments collected in
canisters deployed 5 m above the bottom at varying distances from seven farms in BC
and at reference stations. The mean loading of volatile solids on the perimeter of these
farms was 39.2 g TVS/m2-day. The mean deposition of volatile material at the control
stations was 6.3 g TVS/m2-day and the contribution by the farm was approximately
32.9 g TVS/m2-day. These studies were completed near peak salmon biomass and
the observed values would therefore be greater than the theoretical average of 25.7 g
TVS/m2-day calculated above. Nonetheless, these observed and theoretical values are
reasonably close.
Site specific models, such as DEPOMOD (Cromey, Nickell and Black, 2002) are
now used in British Columbia to predict the deposition of organic carbon associated
with proposed salmon farms. Figure 5 is an example of the model’s output. Several
comparisons between DEPOMOD predictions and empirical evidence in the form
of sediment physicochemical changes have been made by Brooks (unpublished).
In general, these comparisons show remarkably similar patterns of responses when
resuspension is turned off in the DEPOMOD program. The model only predicts
deposition rates of organic carbon and it does not yet include modules predicting more
meaningful physicochemical or biological responses.
Sediment physicochemical response to salmon farm inputs
Findlay and Watling (1994) developed a simple model for estimating aerobic carbon
degradation rates (g C/m2-d) based on the minimum two hour-average bottom current
speed (cm/s). They estimated that at low bottom current speeds (<0.1 cm/s) a theoretical
maximum aerobic degradation rate of approx. 4.0 g C/m2-d could be achieved. The
predicted aerobic carbon degradation rate appears to asymptotically approach a value
of approx. 22 g C/m2-d at bottom current speeds greater than 10 to 12 cm/s. Time
weighted 15 m deep current speeds at many BRITISH COLUMBIA salmon farms
averaged 3.5 to 9 cm/s and the two hour minimum mean surface current speeds are
generally < 3 cm/s (Brooks, unpublished). Even assuming that bottom current speeds
equal near surface speeds, the model of Findlay and Watling (1994) predicts a maximum
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FIGURE 5

Output from the DEPOMOD program (Cromey, Nickell and Black, 2002) for a salmon farm
located over a rocky bottom in British Columbia
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carbon assimilation rate of approx. 17 g C/m2-d at 3.0 cm/s. The sedimentation rates
reported by Brooks (2001) at seven British Columbia salmon farms generally exceeded
this value and therefore it should be expected that the assimilative capacity of sediments
in the vicinity of salmon farms is exceeded and that changes in sediment chemistry will
occur while the excess carbon is being assimilated. Those effects are well document in a
voluminous literature describing similar benthic responses from around the world. The
following paragraphs describe sediment physicochemical responses to organic inputs
recorded in this literature.
Organic content of sediments. Factors affecting the accumulation of waste include
fish biomass and feeding rates; fish food and fecal material particle sizes and densities;
netpen configuration; water depth; current speeds; and the degradation rate of
sedimented carbon which depends primarily on the availability of oxygen and sulfate.
The proportion of farm derived TVS observed in sediments integrates all of these
factors. In addition to farm waste, there are numerous sources of natural TVS including
terrigenous material, eelgrass and macroalgae, senescent plankton, etc. Many of these
natural sources are refractory creating lower biological oxygen demand (BOD) than
labile farm waste. As demonstrated by Brooks (2001), these differences in the nature of
TVS confound the use of sediment carbon as an indicator of benthic effects.
There is a diverse literature describing sediment organic content adjacent to
salmon farms in other parts of the world (Ye et al., 1991; Holmer and Kristensen,
1992; Johnsen, Grahl-Nielson and Lunestad, 1993; Hargrave et al., 1995; 1997; Lu
and Wu, 1998; Karakassis et al., 1999). These reports demonstrate consistent, but
highly variable, increases in carbon under and immediately adjacent to salmon farms.
This literature also suggests that waste deposits from fish farming are locally patchy
with significant variability in replicates from the same sample station. Brooks (1999)
described the spatial extent and temporal behavior of TVS in sediment adjacent to a
British Columbia salmon farm that produced 1 200 tonnes of Atlantic salmon in 1996.
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FIGURE 6

Total volatile solids observed in sediments under the Moonbeam salmon farm as a function
of time (lines) and distance (metres) from the perimeter of the farm on the downcurrent
transect (300 oM) and at a remote control station
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Figure 6 describes the proportion TVS observed in sediments from just before peak
biomass in August 1996 through a six-month fallow period, which ended in October
1997. Sediment TVS adjacent to the netpen perimeter declined rapidly from a peak of
35 percent at peak biomass to values indistinguishable from background by June 1997,
three months following completion of harvest. Increased TVS extended to at least
75 m. Samples were not collected beyond 75 m because the sediment texture changed
at that point from muddy sand to sandy gravel, which continually fouled the grab.
Brooks (2000b) reported the results of evaluating 676 sediment samples collected at 34
British Columbia salmon farms between 1996 and 2000. The TVS data are summarized
in Figure (7). Each of the large filled circles represents the TVS value equal to the
upper 90th percentile observed at British Columbia reference stations with percent
fines (< 63 μm fraction) equal to 22.5 percent (lower right), 42.5 percent (center) or
62.5 percent (upper right). Exceedances of this 90th percentile TVS benchmark occurred
at distances up to 80 m in fine-grained sediments; to 60 m at sites with approx. 42.5
percent fines and to 140 m downcurrent from sites located in erosional environments
with < 22.5 percent sediment fines. The biological implications of exceeding the upper
90th percentile TVS observed at a reference station sharing the same water depths and
grain size distribution were not investigated in that study, but Brooks (2001) provides a
detailed description of the macrobenthic response to a suite of physicochemical
endpoints. Figure (7) strongly suggests that salmon farm effects extended beyond 100
m and Brooks (2001) found measurable, albeit small, effects at distances up to 205 m
from farms near peak biomass.
Sediment carbon and nitrogen. Sediment carbon and nitrogen monitoring was required
by the Washington State Department of Natural Resources as a condition of Aquatic
Land Leases for salmon farms between 1989 and 1995. Because phosphorus is seldom
limiting in marine environments, it has not been measured in association with marine
aquaculture in either Washington State or British Columbia. Figure 8 describes
sedimented organic carbon and Figure 9 is for sediment nitrogen at four Northeast
Pacific salmon farms selected because they represent a range of hydraulic regimes
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FIGURE 7

Sediment TVS as a function of distance from the perimeter of British Columbia salmon
farms located in environments characterized by different proportions of silt and clay in the
sediment grain size distribution. The circles filled in blue represent the upper 90th percentile
TVS observed at British Columbia reference stations having 22.5, 42.5 and 62.5 percent
sediment silt and clay
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with maximum harmonically driven current speeds varying between 10 cm/sec in
Port Angeles, Washington (Brooks, 1995a) to 125 cm/sec at Orchard Rocks in Rich
Passage, Washington State (Brooks, 1995b). Arrow Pass is located in the Broughton
Archipelago of British Columbia and data there was collected as part of a two year
study reported in Brooks (2000). The point that needs to be made is that significant
differences in sediment carbon and nitrogen were not observed as a function of distance

FIGURE 8

Percent sediment carbon observed downcurrent from four Northeast Pacific salmon farms
with maximum harmonically drive current speeds varying between 10 and 125 cm/sec
(Brooks 1995a; 1995b; 1995c and 2000b)
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FIGURE 9

Percent sediment nitrogen observed downcurrent from four Northeast Pacific salmon farms
with maximum harmonically drive current speeds varying between 10 and 125 cm/sec
(Brooks, 1995a; 1995b; 1995c; 2000b)
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from the Clam Bay netpens where Vmax = 60 cm/sec (Brooks, 1995c) or at Orchard
Rocks (Vmax= 125 cm/sec) suggesting that these endpoints were not sensitive indicators
of the biological effects that have been observed there (Brooks, 1995a; 1995b; 1995c;
2000b).
Table 3 is a matrix of Pearson Correlation Coefficients describing the covariance of
transformed (ArcSin(Sqrt(Percent/100))) sediment carbon and nitrogen with sediment
carbon, maximum current speed and distance from the netpen’s perimeter. Statistically
significant correlations are bolded. Sediment carbon and nitrogen concentrations were
highly correlated (p = 0.94), suggesting that both are associated with intact organic
molecules and not necessarily with inorganic nitrogenous bi-products of the catabolism
of waste (NH4+, NH3, NO3, NO2). Sediment carbon was not significantly correlated
with either current speed or distance. However, the insignificant correlations indicated
that carbon decreased with increasing current speed and distance from the farms.
Sediment nitrogen was significantly and negatively correlated with both current speed
and distance. However, the correlation with distance is poor suggesting that it is not
a sensitive indicator of chemical change. These data suggest that neither carbon nor
nitrogen were sensitive indicators of benthic effects at these farms and that sedimented
carbon (measured as either TVS or TOC) was a reasonable surrogate for sedimented
nitrogen. It is acknowledged that these endpoints have proven useful in other parts of
the world. However, due to the paucity of data for Northeast Pacific aquaculture sites,
they will not be further discussed in this report.
TABLE 3

Matrix of Pearson Correlation Coefficients describing the relationship between sediment carbon
and nitrogen and maximum current speed and distance from the netpen perimeters described
in Figures 9 and 10 (Brooks, 1995a; 1995b; 1995c; 2000b). Percent carbon and nitrogen were
transformed (ArcSin(Sqrt X/100)) for the analysis
Correlations (1996 Sediment Carbon and Nitrogen)
Marked correlations are significant at p < .05000
N=75 (Casewise deletion of missing data)
Variable

Maximum Current Speed
(cm/sec)

Distance
(m)

TCarbon

TCarbon

-0.16

-0.20

1.00

TNitrogen

-0.35

-0.26

0.94
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Sediment oxidation reduction potential (Redox). Oxygen is delivered to sediments by
diffusion from the overlying water column, and by mechanical infusion of overlying
water into the sediments. This last transport mechanism is important in coarse-grained
sediments with high porewater volume. Infusion is also enhanced by bioturbation.
Mechanical infusion becomes less important as the sediment modal grain size decreases
and likely has little affect on sediment redox potentials in fine-grained sediments
containing >60 percent silts and clays. However, healthy infaunal communities can
infuse oxygen and sulfate into the top 4 to 6 cm of fine-grained sediments. Oxygen is
consumed biologically by prokaryotes and eUnited Kingdomaryotes and chemically
through chemical oxidation in sediments. In sediments with high organic content,
bacterial catabolism of organic materials can create significant BOD along aerobic
pathways. When this BOD equals the diffusion and infusion of oxygen from the
overlying water column, the sediments are at their assimilative capacity for organic
matter. As organic inputs increase further, oxygen levels drop, and the sediments
become reducing – leading to the exclusion of some infauna. Therefore, unlike TVS,
reduced redox potential affects infaunal communities, regardless the form of TVS.
There is a rich literature describing oxygen uptake in sediments and the resulting
redox potential measured using ORP probes and field meters. Measurements of
sediment redox potential have been found to be highly variable (Brown, Gowen and
McLusky, 1987; Hargrave et al., 1993; 1995; Wildish et al., 1999), which detracts from
their use in regulatory programs (Wildish et al., 1999). Henderson and Ross (1995)
noted that, “Eh, sulphide and carbon values across the whole study area showed
remarkable variation, as other workers have reported and could not be easily used to
generalize on the degree of impact.” However, GESAMP (1996) lists redox potential
as having moderate usage, low cost and high value. Brown, Gowen and McLusky
(1987) observed seasonal trends in sediment redox at salmon farm sites with highest
levels reported in February followed by a decline in May and August. Sediment redox
was constantly reducing within three metres of the cages (-146 to -186 mV), seasonally
reducing at 11 m from the cages (-185 mV in May) and positive Eh was observed in
February and August. Sediment redox was positive at all stations in all seasons at a
distance of 15 m and beyond. Hargrave et al. (1993) observed similar seasonal trends
with increased oxygen uptake, increased ammonium flux, and increased abundance
of Capitella capitata during summer months (July through September). Interestingly,
there appeared to be a direct relationship between the abundance of C. capitata
and sediment redox. Pamatmat et al. (1973) observed oxygen consumption rates in
Puget Sound that ranged from 4 to 56 ml O2/m2-hr. Bacteria, meiofauna and infauna
accounted for 10 to 50 percent of this consumption and chemical oxidation accounted
for the rest. These authors observed that oxygen uptake in sediments under the Clam
Bay salmon farm were significantly higher at 125 ml O2/m2-hr. However, the oxygen
consumption rates declined significantly with distance and reached reference levels
within 30 m of the farm. Meijer and Avnimelech (1999) used microprobes to examine
oxygen tension in sediments and water in organically enriched freshwater fishponds.
They found that absent bioturbation, oxygen penetrated the sediments only to a depth
of a few millimetres. The calculated oxygen consumption of 45 to 50 mg O2/m2-h was
related primarily to biological (bacterial) activity. Negative Eh values were reported at
all sediment depths > approx. 2.0 mm with high fish production. Redox potential was
positive above a sediment depth of 20 mm at low levels of production and sediment
redox was positive at all depths less than 30 mm when nitrate was added to the ponds.
The other interesting point made in this paper is that even though sediments were
highly reducing at depths greater than 1 to 2 mm, the overlying water was essentially
oxygen saturated at a height of 1.0 mm above the sediments – emphasizing the
independence of oxygen concentrations in the water and in sediments – even when the
sediments were anaerobic. A similar conclusion was reached by Cross (1990) who did
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not observe decreased dissolved oxygen concentrations in bottom water at seven of
eight farms surveyed when compared with local reference stations. Reduced bottom
water dissolved oxygen concentrations of 3.1 to 3.5 mg/L were observed at the eighth
farm. In contrast, EVS (2000) reviewed other reports indicating that sediment oxygen
demand can lead to depressed oxygen levels in the overlying water (Gowen, Weston
and Ervik, 1991; Tsutsumi et al., 1991).
In summary, sediment redox potentials are dependent on sediment grain-size
distribution, depth of the benthic boundary layer, bioturbation, organic loading and
oxygen tension in the overlying water column. A variety of conditions have been
observed, but the literature suggests increased oxygen demand and the potential for
reducing conditions in sediments within 10 to 15 m from many (but not all) salmon
farms. The literature also suggests that BOD will increase in summer and decrease in
winter in enriched sediments. This will result in lower redox potential and increased
biological effects in summer and lower responses in winter. The literature also suggests
a great deal of variation for redox readings in sediments from a single sample station.
No information was obtained that would help partition the variance into instrument,
method, technician or true environmental compartments.
Sediment free sulfides (S=). Numerous sources of organic carbon contribute to sediment
accumulations in coastal waters. These include authochthonous sources like benthic
diatoms and dead infaunal organisms and allochthonous sources such as planktonic
detritus, drift macroalgae, eelgrass and terrigenous inputs – particularly in forested
regions. These organic materials are degraded aerobically on the surface of sediments.
However, oxygen penetration in muddy or sandy sediments is typically restricted to
the top few millimetres or centimetres (Heij et al., 1999 or Wang and Chapman, 1999).
Below that depth, the oxidation of organic matter rapidly depletes free oxygen and
organic matter is oxidized by the reduction of sulfate to sulfide by Desulfovibrio and
Desulfotomaculum bacteria (Kristensen et al., 2000). The importance of sulfate reduction
should not be underestimated (Luckge et al., 1999). Kristensen et al. (2000) observed
that sulfate reduction rates in the top 10 cm of sediment under netpens accounted for 75
to 118 percent of the CO2 flux across the sediment water interface. They also observed
that sediment metabolism beneath the netpens (525 to 619 mM CO2/m2-d) was ten
times higher than at a local control station (24 to 70 mM CO2/m2-d). In the absence of
sufficient sulfate, further catabolism of organic matter is accomplished by methanogenic
bacteria, producing ammonium (NH4+) by stripping oxygen from NO4. Figure 10 is a
simplified diagram describing the cycling of sulfur in marine sediments. Other pathways
involving organic sulfur have been omitted and only major pathways included. It should
be noted that hydrogen sulfide (H2S) dissociates in water as a function of pH (i.e. 2H2S ⇒
2HS- + H2). At pH 6.0, 91 percent of sulfide is in the hydrogen sulfide form. At pH 7.0
this decreases to 50 percent and at pH = 8.0, typical of seawater, only 9 percent of sulfide
is in the H2S form (Wang and Chapman, 1999). The S2- form readily complexes with iron
in seawater (Heijs et al., 1999) and has rarely been observed as a dominant free form of
sulfur in marine environments (Wang and Chapman, 1999).
Chanton, Martens and Goldhaber (1987) observed that the quantity of sulfate
reduced by heterotrophic bacteria was greater than the quantity of reduced sulfur
buried in the form of iron sulfide or pyrite. That is because much of the total soluble
sulfides (S=) were oxidized to sulfate in the aerobic zone of the sediments or at the
sediment water interface in the presence of the sulfur oxidizing bacterium Beggiatoa.
One can think of sulfate as a recyclable fuel that drives the engine. The end products of
anaerobic metabolism in sediments are buried iron sulfide and pyrite, carbonate, and a
variety of forms of soluble sulfur (S=) including hydrogen sulfide. These soluble sulfur
compounds continue the cycle until either the organic substrate is exhausted or the
soluble sulfides are bound by metals and sulfate is exhausted. Dissociated sulfides (S= or
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HS-) and hydrogen sulfide (H2S) comprise most of the soluble sulfides measured using
silver/sulfide probes. These soluble forms plus FeS represent the acid volatile sulfide
(AVS) portion, and all of this plus pyrite is referred to as chromium reducible sulfur
(CRS). Just as it is important to maintain adequate oxygen for aerobic respiration,
it is equally necessary to maintain adequate sulfate levels in sediments to sustain the
anaerobic pathways described in Figure 10. Once the supply of sulfate is depleted,
Desulfovibrio sp. bacteria can no longer catabolize complex organic matter and the
system shifts to slower methanogenic processes. Therefore, sediment characteristics
that enhance the diffusion and/or infusion of seawater will not only sustain aerobic
metabolism at high levels of organic input, but they will sustain anaerobic pathways
for longer periods of time when the assimilative capacity is exceeded.
Kristensen et al. (2000) observed that decreased sulfide concentrations as a function
of depth to 15 cm were associated with a lack of carbon substrate and not due to
reduced sulfate concentrations. Data in Cranston (1994) from areas with low organic
inputs also revealed adequate sulfate concentrations – even in very deep sediments.
However, Cranston (1994) also presented data for a site with high organic carbon
content where sulfate was depleted and a significant portion of the carbon residue was
buried. That is likely why some salmon farms, located in fine-grained sediments, take
a long time to remediate. In some environments, both free oxygen and sulfur pathways
are overwhelmed by the oxygen demands of first, aerobic organisms, and then of
sulfur reducing bacteria. It appears that the top few millimetres are where most of
the action occurs with respect to both aerobic and anaerobic catabolism. The colonies
of Beggiatoa bacteria are a healthy sign in that they are catalyzing the breakdown of
underlying organics by efficiently oxidizing sulfide and recycling sulfate back into
surficial sediments.
FIGURE 10

Major sulfur pathways in marine sediments
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The capacity of the various pathways illustrated in Figure 10 depends on a number
of factors including the availability and supply of divalent cations, including iron
(Fe2+ and Fe3+), plus sulfate and oxygen in sediments. Heijs et al. (1999) provides a
methodology for partitioning sulfide along some of these pathways. Seawater and
marine sediments typically contain sufficient amounts of sulfate to fuel the catabolism
of natural organic compounds. Cranston (1994) determined the concentration of
ammonium, sulfate and organic carbon as a function of depth in deep (200 meter long)
cores from Halifax Harbor. Cores containing low concentrations of organic carbon
(<0.4 percent) also contained significant quantities of sulfate (>10 to 20 mM SO4) to
depths of at least 200 metres. These cores contained small concentrations of ammonium
(NH4+) suggesting that sulfate reduction was responsible for most of the catabolism.
Sediments containing intermediate quantities of organic carbon (0.4 percent <TOC<2.5
percent) demonstrated sulfate depletion beginning 20 centimetres below the surface
with zero sulfate at 80 m below the surface. These cores contained up to 2.5 to 3.0 mM
of NH4 indicating the increasing importance of methanogenic pathways in the presence
of increasing organic content that depleted the sulfate pool. Lastly, cores containing
5.0 to 6.0 percent organic carbon were depleted of SO4 below a depth of 20 cm where
HN4+ concentrations were 2.5 to 6.0 mM. Consistent with this pattern, organic carbon
was exhausted at depth in the lightly loaded sediments but persisted at all depths where
carbon concentrations were 5 to 6 percent. These observations are important to the fate
of organic carbon at salmon farms where surface sediment accumulations of 25 to 35
percent percent are not uncommon. At these organic carbon concentrations, particularly
in fine-grained sediments, which inhibit the intrusion of oxygen to re-oxidize sulfide
to sulfate, the supply of sulfate to fuel Disulfovibrio catabolism of organic carbon may
become depleted. Under these circumstances, the system would essentially stall. Sulfides
would be converted to iron sulfide and pyrite. When the supply of Fe2+ and Fe3+ ions
is exhausted, soluble sulfide in the sediments would essentially remain at a static level
and further carbon degradation would occur only along energetically more expensive
and therefore slower methanogenic pathways. This hypothesis would explain the long
chemical remediation times and persistence of elevated sulfide concentrations at a few
farms located over fine-grained sediments (Brooks et al., 2004). This hypothesis would
also suggest that increasing the flow of sulfate and oxygen into these sediments would
restart the aerobic and perhaps more importantly the sulfate-sulfide engines resulting
in reduced remediation times. This hypothesis should be explored by evaluating the
entire sulfur pool in sediments at slowly remediating sites to determine if sulfate is
exhausted and if the pool of dissociated Fe2+ and Fe3+ ions has been depleted.
Chanton et al., 1987 observed seasonal changes in dissolved sulfide flux with large
summer increases annually for four years in North Carolina sediments not associated
with aquaculture. They observed hydrogen sulfide concentrations as high as 2 000 μM
at sediment depths of 1.0 cm during summer with a peak of 5 000 μM S= during August
at a depth of 7.0 cm. Sulfide concentrations were significantly lower in winter with less
than 200 μM S= at depths to 8.0 cm. Sulfides then increased to approx. 1 000 μM S= at
13 cm depth in May. Similar seasonal summer increases were observed by Kristensen
et al. (2000) in Wadden Sea sediments who ascribed them to changes in temperature.
Vosjan (1975 cited in Kristensen et al., 2000) observed that sulfate reduction was ten
times higher at 18oC than at 4oC in Wadden Sea sediments. If temperature is the driving
factor, then the relatively constant (8 to 10oC) temperatures found in deep British
Columbia water under most salmon farms should mediate the seasonal changes, which
could otherwise present a significant problem for regulatory programs.
Several authors (Brooks, 1999; Johnsen, Grahl-Nielson and Lunestad, 1993) have
organoleptically (smell) evaluated sediments for the presence of hydrogen sulfide. As
reported by Brooks (2001), biologically significant concentrations of free sulfide (>450
μM) are frequently undetected using this sensory technique and it is not recommended.
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Sediment concentrations of total sulfide (S=) collected between 1996 and 2000
(Brooks, 2000b) and are summarized in Figure 11. It should be emphasized that the
sulfide probes used in collecting this data measure the total soluble sulfide (HS-, H2S,
and S=) available in sediments – they do not measure FeS- or FeS2 concentrations.
Sulfide concentrations exceeding 4 000 μmoles were restricted to distance importance,
sediment sulfide concentrations exceeding 600 micromoles were observed as far as
135 m from the perimeter of netpens. Note that higher sulfide concentrations were
observed at greater distances (130 to 140 m) from farms located in depositional areas
characterized by fine-grained sediments, than from farms located in erosional areas.
Sediment sulfide data has been reported by Kristensen et al. (2000) and Holmer
and Kristensen (1992) for sediments close to commercial netpens in the Wadden
Sea. Hargrave et al. (1995) reported sulfide concentrations at 2.0 cm depth intervals
in Bay of Fundy sediments from under salmon farms and at reference stations. All
reference station sediments contained > 800 to 1 000 μmoles S= at sediment depths
>14 cm and more generally at sediment depths >4.0 cm. Surficial sediment (0 to 2.0 cm
depth) concentrations of sulfide were less than 280 μmoles. This is consistent with
the previous review indicating that anaerobic conditions should be expected in finegrained reference stations at sediment depths greater than 1.0 to 2.0 cm. It is only the
surficial sediments that are typically aerobic.
In contrast to reference conditions, Hargrave et al. (1995) recorded mean (+ 95
percent confidence interval) surficial sediment sulfide concentrations of 1 084 + 475 with
a range of 180 and 4 200 μm adjacent to salmon farms. Wildish et al. (1999) reported
1998 surficial (2.0 cm depth) sediment concentrations of sulfide at Bay of Fundy salmon
farms that averaged 2.3 times higher at 3 280 + 472 μmoles with a range of 20 to 36 000
μmoles. The differences may have attributable to different salmon production levels
during the two studies or to slight differences in analytical technique. Wildish et al.
(1999) also report sulfide concentrations in surficial sediments under intensive mussel
cultures that averaged 11 476 + 3 046 μmoles with a range of 180 to 57 000 μmoles and
FIGURE 11

Contour plot describing sediment sulfide concentrations (micromoles) as a function of the
percent fines in sediments and distance from the perimeter of farm netpens
3D Contour Plot (Distance Weighted Least Squares)
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Brooks (2005c) reported sulfide concentrations between 12 800 and 15 300 μM under
raft cultured mussels in Washington State. These latter findings support the hypothesis
that the intensive culture of all species can result in exceeding the assimilative capacity
of local sediments leading to high concentrations of sulfide. The results of Brooks
(2001) are generally consistent with those of Wildish et al. (1999) and suggest that
sediment concentrations of sulfide under and on the perimeter of intensive aquaculture
operations vary with production levels and with local bathymetry and hydrodynamics
and that they can reach concentrations > 20 000 μmoles. Brooks (2001), Brooks and
Mahnken (2003a), Brooks et al. (2003c) and Brooks, Stierns and Backman (2004) are
the only reports found in the literature that have examined sediment physicochemical
characteristics at distances greater than 100 m from salmon farms.
Biological response to physicochemical changes in sediments
Brooks (2001) reported that both sulfides and redox potential were well correlated with
nearly all endpoints describing macrobenthic communities near salmon tenures and at
reference locations in British Columbia. Free sediment sulfides measured immediately
in the field were the most reliable predictor of biological effects and subsequently
became the focus of the British Columbia Marine Netpen Waste Regulation. Figure 12
describes the log transformed number of taxa observed by Brooks et al. (2004) in
Carrie Bay sediments. In general, marine macrofauna are sensitive to increases in
S= with a lower low effects thresholds of a few tens of micromoles. Free sulfides at
reference stations are generally < approx. 350 μM. However, sulfides are elevated
where ever there are large accumulations of animals including natural shellfish beds in
intertidal environments and around piling, which frequently support large and diverse
communities of organisms (Goyette and Brooks, 1998; 2000).
In contrast to the diversity of animals, their abundance is frequently increased
near fish culture operations (Figure 13). At least eight species of annelids, mollusks
and crustaceans have been identified proliferating in enriched sediments. Reference
sediments in deep water typically support 50 to 60 types of organisms in an abundance
FIGURE 12

The number of macrofaunal taxa observed in 0.1 m2 van Veen grab samples sieved on
1.0 mm screens at Carrie Bay in 2000, 2001 and 2002. A 50 percent reduction in the maximum
number of taxa observed in these surveys occurred at a sulfide concentration of 447 μM S=
Scatterplot (Carrie Bay 2003 170v*183c)
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FIGURE 13

Abundance of macrofauna as a function of free sediment sulfides (μM) at seven British
Columbia salmon farms reported in Brooks (2001)
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of about 4 500 animals/m2 (WDOE, 1996). Macrofaunal abundance reached 189 000
animals/m2 at some farms in Clayoquot Sound, British Columbia (Brooks, 2001). The
most abundant organism was the crustacean Nebalia pugettensis, which has also been
found proliferating around piling in Puget Sound (Brooks, 2004). Figures 14 and 15

FIGURE 14

Number of taxa observed in 0.1 m2 modified van Veen grab samples at the Upper Retreat
salmon farm in British Columbia as a function of distance (m) from the netpen’s perimeter
Log(Taxa + 1) versus distance at Focused Study Farm F
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FIGURE 15

Number of organisms observed in 0.1 m2 modified van Veen grab samples at the Upper
Retreat salmon farm in British Columbia as a function of distance (m) from the netpen’s
perimeter
Log (N+1) Transformed Abundance as a function of distance at Farm F

Log(Abundance + 1) = 1.08 + 1.57*(1-exp(-0.025*distance) R^2 = 0.98
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describe the number of taxa and abundance of macrofauna as a function of distance
from the perimeter of a salmon farm in British Columbia located in an area of relatively
slow currents. At the time of the study, the farm was producing 1 500 tonnes of salmon
during each 20 month growout period followed by a six month fallow. There has been
no proliferation of any taxa at this farm. The macrobenthic community was dominated
by mollusks, which are less likely to proliferate than are annelids.
The question arises as to the maximum cultured biomass that can be grown at a
site without exceeding the sediment’s assimilative capacity for labile organic matter.
Figure 16 describes a methodology developed by Brooks (2001) for assessing this
question. However, the method is backward looking – not predictive. It requires a
comparison of time series of sulfide concentrations and/or redox potentials with fish
biomass during a production cycle.
In general, numerous studies of this kind have found that free sulfides increase
rapidly during the early stages of production when salmon biomass is still small and
feed rates are low. In the case of Upper Retreat, a performance standard allowing 1,000
μM S= at 100 m distance from the netpen would have restricted production to < 120 000
kg. It should be stated that the author monitors several broodstock holding sites in
British Columbia where the maximum biomass is generally <50 000 kg. Detectable
effects have rarely been observed in sediments at these sites. The spatial extent and
degree of benthic effects do not appear to increase linearly with increasing production.
Current production rates in British Columbia have increased to 3 500 to 4 000 tonnes
per farm. Ongoing monitoring has not observed significant increases in the benthic
footprint of these farms (Brooks, unpublished). However, chemical remediation times
at these higher production levels have not been determined.
The reports cited in this paper generally result from studies of farms representing
worst cases where adverse benthic effects have been observed. Brooks (1994b and
1995b) documented sediment chemistry and infauna down current from a salmon farm
located in a well-flushed passage in Washington State with maximum current speeds
in excess of 125 cm-sec-1. The water was shallow (15-18 m MLLW) with sediments
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FIGURE 16

Free sediment sulfide concentrations observed at the Upper Retreat salmon farm in British
Columbia as a function of distance from the netpen’s perimeter and biomass of salmon in the
netpens when the samples were collected
Farm F Sediment sulfide as a function of fish biomass and distance
Sulfide = 1739 - 34.0*Distance + 0.023* Biomass + 0 .098*Distance^2

- 7.03e-5*distance*biomass - 1.19e-8*biomass^2
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dominated by large gravel, cobble and rock mixed with small amounts of sand, silt,
clay and broken shell. The site was used for final grow-out as part of a complex, which
produced approximately 3 000 tonnes of Atlantic salmon per year. Monitoring results
demonstrated the positive environmental effects associated with this farm, which had
been operating continuously for more than 10 years in the same location at the time of
the study. A total of 3 953 infaunal organisms distributed in 116 species were observed
at the 60 m control station in 1994. The abundance and diversity of benthic infauna was
enhanced at all stations closer to the farm with a maximum of 7 350 animals distributed
in 173 species observed at the 30 m station. On the periphery of the farm, 4 207 animals
were observed, distributed in 142 species. Annelids dominated the infaunal community
and Capitella capitata (16 percent) and Prionospio steenstrupi (17 percent) were
abundant in the immediate vicinity of the farm. However, arthropods and surprisingly
mollusks (Mysella tumida and Macoma spp.) were well represented in these samples.
The abundance and diversity of infaunal organisms was positively correlated with
sediment TOC, suggesting that organic carbon was limiting the infaunal community
is this area. Significant numbers of fish, shrimp and other megafauna were observed
during each annual video survey at this site, which appeared to function as an artificial
reef. Three salmon farms located in close proximity to each other all shared the same
characteristics. They appeared to attract megafaunal predators and to enhance the
infaunal and epifaunal communities.
Changes in the local fish community
Salmon farms are known to function as fish aggregating structures. The structures attract
numerous fish species, which frequently take up residence between the containment
and predator nets. There are no published reports documenting this community.
Brooks (1994b and 1995b) identified large numbers of pile perch (Rhacochilus vacca),
shiner perch (Cymatogaster aggregata), herring (Clupea pallasi), lingcod (Ophiodon
elongatus), bay pipefish (Syngnathus leptorhynchus) and several species of sole

164

Comparative assessment of the environmental costs of aquaculture and other food production sector

(Pleuronichthys spp.) at a well-flushed net-pen site in Washington. At another site
nearby, located over a sandy bottom, sea cucumbers (Parastichopus californicus) and
geoducks (Panopea abrupta) had proliferated. All of these populations were closely
associated with the farms (within 30 m). It should be added that one of these facilities is
located in shallow water (15-18 m MLLW) and fast currents (115 cm/sec). The second
facility is located in a moderately well flushed environment with maximum currents of
60 cm/sec and water depths of 22-30 m MLLW.
Chemical and biological remediation of sediments
Chemical and biological recovery of sediments under salmon farms is well documented
in the literature by, inter alia, Ritz, Lewis and Ma Shen (1989), Anderson (1992),
Mahnken (1993), Brooks (1993a), Brooks (1999), Brooks et al. (2003c), Brooks, Stierns
and Backman (2004), Lu and Wu (1998), Karakassis et al. (1999) and Crema et al. (2000).
Brooks et al. (2003c) have defined chemical and biological remediation as follows:
Chemical remediation
Chemical remediation is the reduction of accumulated organic carbon under and
adjacent to salmon farms to a level at which aerobic organisms can recruit into
the area. It appears that initially high levels of sedimented organic carbon decline
exponentially and approach baseline conditions asymptotically. Chemical remediation
is accomplished through chemical, biological and physical processes.
Biological remediation
Biological remediation is defined as the restructuring of the infaunal community
to include those taxa representing > 1 percent of the abundance observed at a local
reference station. Recruitment of rare species representing < 1 percent of the reference
area abundance is not considered necessary for biological remediation to be considered
complete.
At two sites where long-term fallow studies were conducted by Brooks (2000b) and
Brooks, Stierns and Bakman (2004), sediment concentrations of volatile solids declined
rapidly as soon as harvests were started and reference physicochemical conditions were
achieved within four to six months of fallow. Remediation at the Arrow Pass farm can
be inferred from the temporal series of TVS curves in Figure 6. Figure 17 describes
the temporal and spatial history of free sediment sulfides at the Upper Retreat salmon
farm where chemical remediation was considered complete in 4 to 6 months. Brooks
(unpublished) has continued to monitor the Upper Retreat salmon farm during an
extended fallow period and it appears that biological remediation was complete after
approximately 15 to 18 months of total fallow (six months for chemical remediation
and 9 to 12 months for biological remediation).
Not all Northeast Pacific salmon farms remediate this quickly. Carrie Bay was a
salmon farm that appeared to create more extensive and dramatic benthic effects than
any other site in the Broughton Archipelago of British Columbia. As soon as the extent
and degree of the benthic impacts became known to management, they terminated
operations there and the site was voluntarily studied during a seven year fallow period.
This farm was located in a highly depositional area and benthic conditions were
exacerbated by poor feeding practices. Brooks, Stierns and Backman (2004) found
that chemical remediation was nearing completion but was not yet complete after five
years in fallow. The sulfide history at this site during the fallow period is described
in Figure 18. Chemical remediation was proceeding steadily, but was not complete
in 2002 following five years in fallow. Regression analysis suggested that seven years
would pass before sediment chemistry at this site returned to baseline conditions.
Future studies may extend the range of times required for chemical and biological
remediation. However, at present, it appears that most salmon farm sites chemically
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FIGURE 17

Free sediment sulfide history for all transects as a function of date and distance from Upper
Retreat’s netpen perimeter
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FIGURE 18

Distance weighted least squares contour plot describing concentrations of free sediment
sulfides near the Carrie Bay salmon farm between 1999 and 2003
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remediate in six months to a year in the Northeast Pacific and that biological remediation,
as defined above, occurs during the next invertebrate recruiting season, which is a year
or less depending on the season when chemical remediation is complete.
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ASSESSING THE ENVIRONMENTAL COSTS ASSOCIATED WITH BENTHIC
EFFECTS NEAR SALMON FARMS
Brooks (2001) estimated the lost fin-fish production associated with the diminished
macro-invertebrate biomass within the footprint of seven salmon farms in the Broughton
Archipelago. Macroinvertebrate wet tissues were weighed on a four place balance as
part of the community inventories at these sites. The biomass observed at the local
reference station was assumed to have been diminished within the average footprint
observed at salmon farms (i.e. an area of 1.6 hectares where sulfide concentrations
exceeded 4 000 μM). This biomass was assumed to replicate itself once per year and
it was assumed that all of this production was consumed by a food fish at the next
higher trophic level with an efficiency of 0.10. The loss of wild fish was most heavily
influenced by benthic productivity at the reference station, which varied by a factor of
approximately 6. Between 32 and 1 475 kg of wild fish production were predicted to
be lost at these sites where between 175 010 and 1 800 000 kg of Atlantic salmon were
present when the surveys were completed. The ratios of cultured salmon to lost wild
fish production varied between approximatelly 1 000 and 34 000 (Table 4).
Overall view of nearfield effects
A detailed description of the nearfield benthic effects associated with salmon aquaculture
in the Northeast Pacific has been presented to assess a portion of the environmental costs
associated with this form of food production. From an overall perspective, the results
presented herein suggest that there was an average loss in production of 306.9 + 484.5
kg of wild fish at these farms where an average of 1 081 684 + 492 374 kg of salmon was
present at the time of the surveys. The production of Atlantic salmon was, on average,
12 624 + 12 521 times greater than the lost biomass of wild fish. The marine grow-out
phase lasts approximately 18 to 20 months and adding another 24 months for chemical
and biological remediation suggests that the sediments were negatively affected for 44
months. Several conservative assumptions (from the environment’s point of view) were
necessary to define these costs and the actual loss of wild production in the near field
will likely be less, on average, than 307 kg of fish during a complete production and
fallow period lasting 44 months (84 kg/year for 3.7 years).
This analysis accounts only for the near-field effects of enrichment. Brooks (2001)
did not detect either physicochemical or biological effects at distances >205 m from any
British Columbia salmon farm. However, as the intensity of fed aquaculture within an
ecosystem increases, the potential for small, but cumulative, effects from several farms
may change natural productivity in the far-field. These far-field effects are difficult
or impossible to detect using point in time surveys. Detection requires long-term
monitoring to establish trends. Management of cumulative effects requires inventories
of all of the contributors to the effect and different management techniques, such as
Total Maximum Daily Loading (TMDL) approaches. Far field effects can be serious and
need to be avoided. Computer modeling may provide the best approach to determining
TABLE 4

Production of Atlantic salmon and estimated loss of wild fish due to reductions in the benthic
invertebrate community biomass at salmon farms described in Brooks (2001)
Farm

Reference Station
Biomass
(kg macrofauna/1.6Ha)

Wild fish lost
(kg)

Salmon produced
(kg)

A

300.4

110

175 010

1 589

B

172.4

59

650 000

11 024

C

121.0

38

1 100 000

28 646

D

106.0

32

1 100 000

33 951

E

543.8

311

1 800 000

1 475

F

611.7

1475

1 425 153

966

G

333.3

123

1 321 627

10 717

Ratio Cultured. Wild
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the assimilative capacity of an ecosystem and this information is necessary to manage
the overall scale of aquaculture. At present, far-field effects have not been observed
at the relatively low density of netpen operations in the Pacific Northeast. They are
therefore a Category IV hazard and a quantitative environmental cost assessment is not
possible at this time.
PUTTING THE ENVIRONMENTAL COSTS OF SALMON PRODUCTION IN PERSPECTIVE
WITH THE COSTS ASSOCIATED WITH OTHER FORMS OF FOOD PRODUCTION
Assessing the environmental costs of other food producing activities is being undertaken
by other contributors in these proceedings. However, the following comments are
provided in an attempt to put the costs of salmon aquaculture into perspective with the
environmental costs of producing an equivalent amount of beef.
Beef cattle production
Image 1 is a photograph of an old growth forest
IMAGE 1
in the Canadian Rockies. These forests and
Old growth forest on Horsefly Lake in the Canadian
their associated wetlands support small, but
Rockies
diverse, communities of plants and animals. The
organic debris created by wind-thrown oldgrowth cedar, Douglas fir, true firs, hemlocks
and birch trees creates a dense detrital food
web that support marvelous communities of
fungi, ferns, mosses and lichens. Many of
the Douglas fir trees are five and six feet in
diameter. They do not have a limb on them for
perhaps the first hundred feet of their 200 foot
heights and they are (by actual tree-ring counts)
several hundred years old. The creation of such
a forest takes centuries, if not eons.
Image 2 describes a beef cattle farm on the
Olympic Peninsula in Washington State, which
was once home to a similar forest. Its remnants
are seen in a few mature Douglas fir trees and
in the eight to twelve foot diameter cedar
stumps left from the original logging, which
occurred in the middle of the
19th century. Today, about half
IMAGE 2
Whispering Ridge farm on the Olympic Peninsula in Washington
of the farm has been replanted
State, which was once covered with old growth forests
to Douglas fir and half remains
as pasture for Angus beef cattle
(Image 3). The hanging weight
of a black Angus steer is about
70 percent of its live weight
and rendering the carcass into
edible meat further reduces the
yield to about 42 percent of the
animal’s live weight. Gutted and
bled Atlantic salmon represent
84 percent of their live weight.
Assuming that the heads are
not consumed, the yield of
salmon filets is approximately
50 percent of the live weight
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(Gary Robinson, Marine Harvest,
personal communication). Therefore a
salmon farm producing 2 500 tonnes of
live salmon would supply 1 250 tonnes of
edible filets which are equivalent to 5 411
steers weighing 550 kg each. In the Pacific
Northwest, one acre of actively managed
pastureland will support one cow for
7.5 months (7.5 animal month units or
AMUs). It takes approximately 30 months
(30 AMU) to produce a marketable steer
and the 5 411 steers require 162 338
AMU or 8 658 acres (3 504 hectares) for
2.5 years. As noted earlier, the benthos
under well sited salmon farms chemically
remediates in six months to a year and
biologically remediates in another year.
In contrast, in the Pacific Northwest, it
will take hundreds or a thousand years
for the pastures seen in Image 2 to remediate back to the original old growth forest
seen in Image 1.
Table 5 compares the near field land use costs associated with raising equivalent
amounts of edible beef and Atlantic salmon. The table does not assess the possible
water column eutrophication associated with tonnes of fish and cattle waste that enters
aquatic environments each year. Nor does it assess the ammonium released to the
atmosphere, contributing to global warming, or the differences in oxygen resulting
from photosynthesis of a mature old growth forest in comparison with pastures. A
meaningful life cycle analysis that considers all of the environmental costs associated
with both forms of food production would have to be accomplished with the same
rigor provided herein for near-field effects and it would span volumes. That is beyond
the scope of this report. However, this limited assessment suggests that the landscape
directly affected for cattle production is several hundred times greater than it is for
production of the same amount of food in salmon aquaculture.
IMAGE 3

Black angus cattle grazing on pasture that was once
old growth forest, but which was removed in an
effort to feed Washington State’s growing population
in the later part of the 19th and early part of the 20th
centuries

Harvesting of the ocean’s natural bounty
An accurate assessment of the environmental costs associated with recreational and
commercial fishing must take into account not only the physical destruction associated
with bottom trawling and the poorly accounted for bicatch that is discarded. It must
include, among other factors, an accounting of the costs associated with lost production
to derelict fishing gear. In 2004, a group of Washington State sport fishermen used
side-scanning sonar to identify over 2 000 derelict (lost) shrimp and crab pots in three
embayments on the North Olympic Peninsula (Port Angeles Harbor, Sequim Bay and
Discovery Bay). They were able to successfully retrieve 292 of these pots. Anecdotal
evidence suggests that 40 percent of the pots were not equipped with sacrificial closure
devices designed to deteriorate in relatively short periods to stop long-term entrapment
of sea-life. Image 4 describes the contents of just one of these pots and many similar
photographs are available.
TABLE 5

Comparisons of the physical footprints associated with production of 1,250 tonnes of the
edible portions of Atlantic salmon or beef cattle
Type of food

Edible portion

Live weight

Yield

Spatial footprint

Atlantic salmon

1 250 000 kg

2 500 000 kg

0.50

1.6 hectares

Remediation time

2 years

Angus beef cattle

1 250 000 kg

2 976 190 kg

0.42

6 982 hectares

200 plus years

Environmental costs of salmon culture and other food systems in the Northeast Pacific

169

Using grant money from Washington
IMAGE 4
State, the fishermen obtained the services
One of over 2 000 lost prawn and crab pots identified
using side-scanning sonar in three embayments along
of a larger vessel and were able to retrieve
the Straits of Juan de Fuca in Washington State. As of
masses of lost trawl and gill nets (Image 5).
2004, 292 of these derelict traps had been retrieved
Lost fishing gear is a world-wide problem
that has not been quantified or effectively
managed by any jurisdiction that the author
is aware of. The recreational fishermen
responsible for the program described here
commented that the Department of Fish and
Wildlife estimated that the several thousand
lost pots were killing approximately
10 percent of the allowable prawn and crab
harvests. The same problem occurs in other
areas.
The point in this discussion is not to
decry cattle farming or commercial and
recreational fishing. The point is to put
a portion of the environmental costs
associated with Atlantic salmon production
in perspective with the environmental costs
IMAGE 5
associated with these more traditional ways of
Mass of derelict fishing nets retrieved from the
Straits of Juan de Fuca in Washington State
producing food and to assert that the path to
containing hundreds of kilograms of dead and
sustainability requires fixing the tough problems
dying fish
first and then moving down the scale of effects to
fine-tune food production in an effort to achieve
true sustainability.
CONCLUSIONS AND RECOMENDATIONS
There are costs associated with every form of
food production. Certainly the loss of topsoil at
rates that are 17 to 80 times faster than it is being
replenished in association with the production
of grains needed to bake loaves of bread is
not sustainable. Wild stocks of fish are being
depleted in an effort to supply humankind’s
demand for aquatic protein. Almost none of
these more traditional ways of producing food
have received the scrutiny that aquaculture has.
For instance, what are the long-term costs associated with soil loss around the world?
What are the environmental costs (as defined in this paper) associated with derelict
(lost) nets and pots? The scrutiny of these issues is so low that no literature was
found quantifying lost fishing gear, let alone the environmental cost in terms of fish
and shellfish that dies in these traps each year. In this respect, some of the current
emphasis on eliminating environmental effects associated with aquaculture is akin to
Nero playing his fiddle while Rome was burning. The path to sustainability can only
be achieved through a holistic and scientifically rigorous approach to managing earth’s
resources. A systematic approach to these assessments requires the following:
• An acknowledgement that there are environmental costs associated with all forms
of food production;
• Identification of the direct and indirect environmental costs associated with all
forms of food production;
• Prioritization of the identified costs of food production;
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• Focused research to minimize (not eliminate) costs associated with the least
sustainable production methods.
Regional nature of costs
It should be emphasized that environmental responses depend not only on the hazards
associated with food production, but also on specific environments. For instance,
adding nutrients to open Northeast Pacific ocean water does result in a significant
response. Adding the same amount of nutrient in another region or in closed estuaries
in the Northeast Pacific might result in significant effects.
Identifying real effects versus effects “per se”
An assessment that allows quantification of actual effects rather than effects per
se associated with food production is needed. That requires development of an
understanding of the environmental response to the agricultural activity. For instance,
the discharge of nutrients in water from shrimp culture ponds is an effect per se. The
environmental cost of that effect requires an understanding of background nutrient
concentrations in the receiving water and other conditions (turbidity, light availability,
etc.) affecting primary productivity. Direct measurement of natural productivity
is the most direct and sensitive way of measuring environmental costs. Surrogate
endpoints, such as free sulfides and redox potential are far less time consuming and
expensive than macrofaunal community assessments. However, these are effects per
se until quantitative cause and negative affect relationships with valuable resources are
demonstrated. For instance, the discharge of nutrients can have positive or negative
effect on primary production and unless the actual response is understood, it is not
possible to assess the cost with confidence.
Uncertainty associated with environmental cost assessments
As shown in this paper, several effects associated with Category II hazards are
reasonably well understood and based on empirical evidence. Other Category II
hazards, such as the environmental response to exceedances of an ecosystem’s carrying
capacity are less well understood. The environmental response to many, if not most,
Category IV hazards are not well understood and cannot be quantified. Development
of the understanding required to quantify environmental costs typically requires years
of effort and significant investment of resources. In the absence of empirical data,
estimates must be made on qualitative determinations, which increase uncertainty in
cost assessments (Figure 19). The point is that quantifying the costs associated with
various food producing sectors will take decades and future investments in research. In
these instances, people and organizations interested in sustainable food production can
either throw up their hands in frustration or they can make best use of the information
and experience available to complete the assessments. This is conceptually illustrated
in Figure 19. The advantage of this approach is that it allows at least a qualitative
understanding of the costs of food production and it allows us to focus our energy on
mitigating the most pressing costs.
Transparency
It is important that the identification and prioritization of environmental costs
associated with food production be conducted in a transparent manner. That implies
acknowledging, and where possible quantifying, the uncertainty described inFigure 19.
Every report assessing the environmental costs associated with food production should
include an acknowledgement of the costs included in the assessment and those that are
excluded.
The body of this report has focused on the effects associated with organic
enrichment from salmon aquaculture to illustrate the level of detail and years of work
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FIGURE 19

Relationship between the uncertainties of cost comparisons between food producing sectors
and the uncertainty of the assessments

Guesses carry a high level of uncertainty
Informed scientific opinions result in intermediate uncertainty
Well informed theories can further reduce levels of uncertainty
Empirically derived models provide the first level of quantitative assessments
Empirically derived models consistent with theory result in the least uncertainty

necessary to understand just one facet of the costs associated with a single hazard.
Understanding these costs is not a trivial pursuit. However, achieving sustainable
use of earth’s resources is an important goal that must be undertaken in a systematic
way if future generations will not look back at the 21st century and condemn us for
unwise use and management of these resources. A beginning can be made by bringing
together multidisciplinary teams of scientists to define the scope and context of the
problem. Such an effort will help guide existing and future work to focus on the most
pressing problems. This need and approach is frequently cited and often discussed.
Unfortunately programs to accomplish it are infrequently, if ever, implemented.
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APPENDIX 1

Environmental costs and possible
hazards associated with salmon
farming
1. Energy (damming of rivers; hydrocarbon pollution, CO2, nitrous oxides,
acidification)
2. Metals (copper and zinc from structures and feed)
3. Aquatic feed stuffs such as fishmeal (FM) and fish oil (FO) (management of
reduction fisheries; bycatch; modification of wild food-webs; infrastructure costs;
energy for catching, processing and distributing FM & FO; disposition of waste;
concentration of persistent organic pollutants (PCBs);
4. Terrestrial feeds (Land use; loss of biodiversity; wind and water erosion; energy
costs for production of fertilizers and crops; eutrophication; contamination of
groundwater and surface waters by pesticides associated with runoff; physical
disruption of the landscape; surface water depletion; groundwater depletion; CO2,
N2, and NH4+ inputs to the atmosphere;
5. Construction of infrastructure (Human and environmental energy required to
construct and maintain infrastructure including netpens; vessels; processing plants;
office buildings).
6. Social costs (Changes in nature of work in rural areas; development of governmental
bureaucracies needed to manage environmental costs; environmental compliance
costs; intrusion into areas where jurisdictional authority is in dispute; change from
small entrepreneurial seafood production associated with a family fishermen owning
a small capture vessel to multinational corporate production.)
7. Atlantic salmon production
Hatchery phase:
Costs of constructing infrastructure
Water use
Introduction of pesticides and pharmaceuticals
Eutrophication in flow-through systems
Genetic modification of stocks – loss of vigor
Electricity use
Petroleum use
Feed use
Juvenile growout to smolting:
Occupies space in freshwater
Eutrophication of lakes
Organic enrichment of sediments
Pesticides and pharmaceutical inputs to surface and groundwater

Appendix 1 - Environmental costs and possible hazards associated with salmon farming

All of the factors involved in the production of feed
Wild animal control and inadvertent loss to nets and etc.
Saltwater growout to harvest:
Benthic enrichment effects (loss of diversity and biomass of benthic
organisms)
Physical modification of the environment (anchoring and the netpens
themselves)
Copper contamination of the water and sediments
Saltwater growout to harvest continued:
Zinc contamination of the water and sediments
Eutrophication in the water column (stimulation of phytoplankton &
macroalgae)
Pesticides and pharmaceuticals (pharmaceutical and antibiotics transfer to
wild fish)
Contribution to atmospheric CO2 associated with energy use
Depletion of dissolved oxygen
Accumulation of metabolic waste (NH4)
Genetic pollution and introduction of exotic species
Production waste – particularly harvest blood and disposal of mortalities
Disposal of human waste in remote areas
Energy and resources required to construct infrastructure
Ecosystem modification associated with escapee interactions with the
environment
Disease transfer between wild and cultured stocks (both ways).
Processing:
Land use
Blood
Offal
Electrical power use
Equipment – infrastructure
Refrigeration and refrigerants
Packaging
Shipping
Ammonia and CO2 associated with composting
Waste disposal (landfills)
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APPENDIX 2

Hazards associated with various
types of aquaculture. Hazards
identified by GESAMP 31 that are
associated with the coastal culture
of bivalves, finfish, shrimp and
macroalgae

Bivalve aquaculture
a. Extractive – carrying capacity becomes a concern as production increases
(Category 2)
b. Benthic effects can be significant (Category 2)
c. Nutrient cycling can be affected (Category 4)
d. Potential for genetic interaction is actually higher than for fin-fish
(Category 4)
e. Potential to change hydrodynamics and sedimentation patterns (Category
4)
f. Has a relatively high potential for beneficial effects, eg habitat for eider
ducks, juvenile fish, etc (Category 2)
g. Habitat modification such as addition of shell to sediments, displacement
of seagrasses and/or macroalgae (Category 2)
h. Disease spread associated with intensive culture – particularly
monocultures. This can pose a hazard to both the cultured and sympatric
populations of uncultured bivalves (Category 4)
i. Use of pesticides, e.g. carbaryl (Category 3)
j. Predator control; skate, starfish, eider ducks, crabs (Category 1)
k. Zoonoses – disease transfer to humans PCP, DSP, Vibrio parahaemoliticus,
Vibrio vulnificus (Category 3)
l. Harvesting (bottom disturbance during oyster dredging; turbidity during

Appendix 2 - Hazards associated with various types of aquaculture.

mechanical harvesting in intertidal areas) (Category 3)
m. Navigation hazards (Category 1)
n. Debris associated with Styrofoam, and plastic protective netting and cages
(Category 1)
o. Aesthetics, visual impacts and/or exclusion of other stakeholders from
intertidal areas (Category 1)
Finfish aquaculture
a. Sedimentation of waste (Category 2)
b. Dissolved waste – eutrophication (Category 2)
c. Internal effects possible but fairly easily managed – oxygen; metabolites.
May be different for other cultivation species (Category 3)
d. Susceptible to a number of environmental factors, which may create or
complicate environmental hazards. Examples include phytoplankton, low
dissolved oxygen (Category 4)
e. Disease transmission to and from wild stocks (Category 4)
f. Genetic interactions with wild stocks – escapes – depends on locality
(Category 4)
g. Pharmaceutical/pesticide use (Category 3)
h. Antifoulant use and net cleaning (Category 3)
i. Biocide use such as in foot-baths (Category 3)
j. Habitat modification associated with presence of structures – fish ponds
and cages, shore-side developments and jetties (Category 1)
k. Predator control – seals, sea lions, otters, etc. (Category 1)
l. Noise (generators, ADDs, etc.) (Category 1 for generators, Category 4 for
ADDs)
m. Aesthetics, visual impacts (Category 1)
Shrimp culture
a. Internal risks to the cultured species associated with nutrients and
metabolites (Category 2)
b. Nutrients can enter adjacent waterways – especially when the shrimp
are harvested. However, waters in areas of shrimp culture are typically
eutrophic already in association with rice farming and other activities and
the added nutrients do not significantly further degrade water quality.
Nutrients could be a problem in estuaries. However, turbidity generally
reduces primary productivity mitigating the potential for eutrophication.
(Category 2)
c. Habitat destruction, such as removal of mangroves, can be a primary
hazard associated with shrimp production. The effects of this hazard on
natural production can vary significantly in association with the location
of the mangroves. (Category 1)
d. Ponds can become acidic associated with sulfides excavated during pond
construction. This can result in reduced pH in downstream areas. Effects on
estuaries – salt marsh, etc. due to the construction of ponds. (Category 1)
e. Disease transmission to and from wild stocks is a hazard that is
acknowledged but not well studied or understood. (Category 4)
f. Antibiotic use, including uncertainty of fate in the environment.
(Category 3)
g. Pesticide use in adjacent agriculture may adversely affect the culture.
Emphasize the need to manage risks to the stocks as well as risks caused
by the cultured stocks (Category 1 or Category 4).
h. Interactions with wild stocks. Depletion for production of juveniles. This
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i.
j.
k.

may be particularly important with the introduction of new species such
as Penaeus vannamei which may interact genetically with native species
and/or which may escape. (Category 4)
Salinisation, salt intrusion (Category 3)
Depletion of wild stocks for production of juveniles (harvesting of
broodstock or larvae). Associated by-catch problems. (Category 3)
Disposal of mud from the bottom of ponds between growing cycles.
(Category 1)

Sea weed cultivation
a. Competition for space with other resource users. There can be a very large
demand for space to attain a commercially viable scale (Category 1)
b. Changes in hydrodynamics, for example altering sedimentation patterns
(Category 4)
c. Competition for nutrients with other primary producers (Category 4)
d. Losses of product during bad weather leading to nuisance on the sea bed
and beaches (Category 3).
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ABSTRACT
An overview is given of existing approaches and applications to account for the flow of
materials within and in association with low input farming of fish and livestock, notably
of carp and poultry. Statistical methods describe or quantify the effect of environmental
and management factors on fish growth and yield, and the interactions between these
variables. Other methods are bioresource-flow accounting (“resource-flow diagrams”),
energy and nutrient flow budgeting, mass balance modelling and dynamic simulation
modeling. Some of these tools were specifically designated to assess sustainability,
notably of integrated agriculture-aquaculture farming systems, others to enable a wide
range of system-analytical functions and purposes.

INTRODUCTION
Common forms of low input aquaculture and livestock production systems are usually
classified as “mixed” farming systems, i.e. in association with other enterprises on the
same farm, usually with some degree of integration. Few types exist as “extensive/
grazing” systems (zero input category). Farming operations in the “intensive” category
require high levels of inputs, notably feed, electricity and/or fuel energy, capital,
infrastructure, and know-how. The latter two categories of production systems, by
definition, are not included within the scope of this paper, but may be studied with the
described methods.
In developing countries, low input farming of carp and poultry are conducted outside
the formal economy, with the major focus of the household on staple crop production
and on cash crops. Livestock and fish are partly managed for home consumption, but
usually are kept for cash generation. However, rural farmers often perceive these highvalue enterprises in a “living cash bank” function, to be marketed in times of need
of greater cash amounts (costs for medical treatment, weddings, funerals, etc.). From
1
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their perspective, low input rearing and maintenance of these enterprises is adequate.
Therefore, many farmers in rural areas are not motivated to provide higher inputs for
faster growth and shorter production cycles in quick succession (which are technically
feasible given adequate resources and knowledge). Enterprise level improvements are
weighed against costs at the farm level and in respect to social obligations.
Low input carp culture
Carp cultivation in low input systems in developing countries is conducted mostly in
polyculture to exploit available natural food niches for higher production (Figure 1).
Leading countries are China (Huang, Xu and Qiao, 2001), India (Nandeesha and Rao,
1989), Vietnam and Bangladesh (Gupta et al., 1999).
Low input poultry farming
Poultry in rural smallholder farms are usually free roaming with possible night time
confinement to pens. Food is usually scavenged as well as provided from the household
in form of kitchen wastes or specific grain provisions. Spilling of feed around the farm
homestead is common. Random manure droppings are characteristic during daytime
when not confined in pens with no opportunity to collect these for recycling.
Collection of manure in pens shows that nitrogen in poultry wastes declines with
the level of restricted feed given from 1.28 g N/duck/day, for birds fed ad libitum to
0.55 g N/duck/day for ducks restricted to 50 percent of ad libitum feeding levels (Little
and Satapornvanit 1997). With higher density and numbers of farming, required feed
inputs increase drastically, in the case of ducks and geese feed in-take is supplemented
by flock grazing on harvested fields and open areas, if enabled by the farmers.
Integrated poultry-fish farming systems
In low input systems, carp and poultry enterprises are often linked, either vertically
on the same farm, or horizontally between farms and small businesses. The main
purpose of integration is the reuse and recycling of otherwise unused wastes, either
on-farm or near-farm, always within affordable means of transport. Therefore in this
paper, the main focus is on integrated agriculture-aquaculture (IAA) systems (Pullin
and Shehadeh, 1980; Little and Muir 1987; Edwards, Pullin and Gartner, 1988; NACA
FIGURE 1

Qualitative representation of trophic niches exploited through polyculture of Chinese and
Indian carp species (from IIRR and ICLARM, 1992)
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1989; IIRR and ICLARM, 1992; Edwards, 1993; Little, 1995; Edwards et al., 1996;
Mathias, Charles and Hu, 1998; FAO, 2000; FAO, IIRR and ICLARM, 2001; IIRR et
al., 2001; Edwards, Little and Demaine, 2002; Little and Edwards, 2003).
The pivotal role of farm ponds as a nodal nutrient storage point, digester of organic
material and sediment trap has a long history (Pullin and Prein, 1995). The beneficial
function of IAA in Natural Resource Management (NRM) through benign nutrient
use and reduced environmental impact was conceived as an additional reason for its
promotion in the context of rural development. The rationale was to minimize the
effects of necessary production increases through land use intensification for agriculture
based development (Lightfoot, Pingali and Harrington, 1993; Pullin, Rosenthal and
Maclean, 1993; Pullin, 1998).
These systems increase the overall food production of a given farm, and can
replenish nutrient fertility in depleted crop fields to where nutrients are recycled back
from the pond, compost and manure pits, thereby decelerating the rate of productivity
decline observed in many farming areas, notably in Africa. However, IAA systems are
labor demanding for the transport of these material flows to the sites to be fertilized.
Therefore, mainly homestead gardens, inner crop fields and homestead ponds are
recipients of recycled materials, while outer crop fields and remotely located ponds do
not receive nutrient inputs due to the high labor requirement.
To date, the expansion and adoption of IAA has been most successful in Asia, mainly
based on a combination of carp polyculture receiving poultry manures, as well as other
wastes and inputs such as pig manure, grains and grasses; increasing in recent years has
been the addition of formulated feeds (Little and Edwards, 2003; Prein, 2002),
Environmental effects of low-input livestock-fish systems, particularly in manure
fed ponds are usually very low due to the usually small scale on actual smallholder
farms, the low intensity and high diversity, the high level of recycling of nutrients
within the system, as well as the high contribution of primary production to overall
system productivity (Little and Edwards, 2003; Kwei Lin et al., 1997; Edwards,
1993; Colman and Edwards, 1987). On the contrary, integrated farming with manure
utilization is deemed to have less environmental impact than non-integrated farms
(Lightfoot and Pullin, 1995).
Rice-fish
Concurrent fish-in-rice paddy culture is based on a long tradition in Asia, mainly
stocking carp species and animal manures as inputs (Lu and Li, 2006; Halwart and
Gupta, 2004; FAO, IIRR and ICLARM, 2001; Liu and Cai, 1998; Halwart, 1998;
Gupta et al., 1998; Cagauan, 1995; dela Cruz, 1994; dela Cruz, 1992). The system has
to operate under a balanced management between the rice and fish components with
respective requirements, and economic conditions: e.g. scheduling and quantity of
inorganic fertilizer dosage is reduced and specifically tuned to avoid effects on fish;
pesticide use is excluded; water management is arranged for adequate water heights
(which also assists in weed suppression) and flood duration after the rice crop is
harvested (to achieve a longer fish culture period, and to benefit from remaining food
sources in the field.)
Alternating rice-fish culture, i.e. rotating high yielding rice culture in the dry
season (often with irrigation) and fish culture (during the annual flood season) is
spreading in river floodplain areas of annual rice field inundation, such as in south
and southeast Asia (Dey and Prein, 2005; Dey, and Prein, 2005; Prein and Dey, 2006).
Carp-dominated polycultures thrive together with naturally occurring small species
behind larger fence-enclosed floodplain areas managed by communities. Usually no
nutrients are applied as the system benefits from residual nutrients in the fields from
the preceding rice cultivation cycle, as well as from new nutrients brought in by the
river’s floodwaters. It has been observed that rice farmers reduced their fertilizer
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applications in these systems. Occasionally, rice bran is fed to the fish in the final weeks
before harvest when waters have receded and fish have aggregated in a smaller area of
the enclosed floodplain.
Sewage-fed and biogas slurry-fed systems
Wastewaters from biogas production and sewage are also considered low-input systems
growing mainly carp species, often in polyculture (Edwards, 1985, 1992; Edwards and
Pullin, 1990; Prein, 1990; Mukherjee, M. 2003; Preston, 2005). These systems were
established to utilize nutrients that would otherwise be released into the environment,
untreated, and therefore have an improving effect on the environment.
OVERVIEW OF METHODS FOR COMPARISON OF MATERIAL FLUXES IN IAA
SYSTEMS
A range of tools exist that have been applied for the assessment of effects of low-input
aquaculture systems on the environment, either within the ponds themselves, or the
natural environment external to the ponds.
Statistical analyses
Cause-and effect relationships resulting from material inputs (aside from other inputs)
have been conducted on low-input integrated carp polyculture systems, such as
analysis of variance, multiple regression, path analysis, canonical correlation analysis,
principal component analysis and factor analysis (Milstein, Wahab and Rahman, 2002;
Milstein et al., 2003; Prein, Hulata and Pauly, 1993). Analyses essentially considered
inorganic and organic fertilization dosage and fish crowding effects from the fish
production activity within the ponds. Some statistical methods can also have graphical
representations of results, such as for path analysis (Figure 2) and canonical correlation
analysis (Figure 3), which assist in interpretation and visualization of the studied
FIGURE 2

Path diagram of nine variables controlling fish growth in length (L-GRO) with interactions
between environmental (uncontrollable) variables RAD (solar radiation), WIND (wind
speed), CLOUD (cloud cover), WATEM (water temperature) and management (controllable)
variables MANU (manure loading rate), OXY (early morning dissolved oxygen), POND
(pond size), DENS (fish stocking density), ML (mean length of fish) in experiments in the
Philippines. Straight lined one-headed arrows denote direct causal effects where numbers
on these arrows are standardized regression coefficients describing the amount of
variation in the predicted (dependent) variable explained by the predictor (independent)
variable. Curved two-headed arrows represent correlations between two independent
variables and numbers on these are correlation coefficients (r2) between them. See Prein
(1993) for detailed descriptions. More explanation needed on the figures
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FIGURE 3

Relationships affecting fish growth as graphical representation of results from canonical
correlation analyses of commercial carp polyculture farms in Israel, with positive and
negative effects of environmental and management variables, as well as between-species
interactions (from Milstein & Hulata 1993). Species: common carp (Cyprinus carpio), silver
carp (Hypophthalmichthys molitrix), tilapia (Israeli strain hybrid of Oreochromis niloticus
x O. aureus), grey mullet (Mugil sp.). CGRDAYS = common carp culture period (days),
CWTI = common carp initial stocking weight, SGRDAYS = silver carp culture period (days),
SWTI = silver carp initial stocking weight, AREA = pond area, DEPTH = average pond depth,
TOTDEN = total stocking density of polyculture, CDEN = common carp stocking density,
tilapia stocking density, PELLETS = cumulative total of pellet weight fed, SORGHUM =
amount of sorghum fed, MANURE = amount of chicken manure added to pond as fertilizer,
SEASON = duration of culture period, ranging from March until November

relationships and interactions between independent and dependent variables. These
methods have been chiefly applied to analyses of growth and production as a result of
environmental and management factors within the production systems themselves.
Budget analysis / material flows analysis
Budget analyses of Chinese integrated agriculture-aquaculture systems focusing on
the operational enterprises were conducted by Ruddle and Zhong (1989); Zhong
(1995) and Zhong, Wang and Wu (1997). Pond production is driven by plant residues
(grass, vegetable leaves), animal manure (silkworm droppings, pig manure), grains and
formulated fish feeds. A large area around the ponds is required to grow mulberry leaves
to feed the silkworms. Most nutrients added to the pond end up in the pond mud as
detritus, and are recycled to the dikes for fertilization of the mulberry bushes, elephant
grass and vegetables, requiring considerable amounts of labor and energy, yet leading to
high rates of nutrient use efficiency. Losses to the environment are minimal.
Material flow analysis based on nitrogen flows was conducted to study environmental
sanitation aspects of the VAC integrated system in Vietnam which consist of three
main agricultural production components: food gardening, fish rearing and animal
husbandry (Montangero and Thai, 2005). Domestic sewage is utilized for manuring
of crops and ponds, however the majority of nutrient inputs stems from mineral
fertilizers. The study found that 80percent of the nitrogen reaching the households as
food is released to the farm components as nutrients and to the off-farm environment
resulting in pollution.
Resource flow diagrams (RFD)
This method was originally designed (Noble, Lightfoot and Bage, 1991; Lightfoot,
Noble and Morales, 1991; Lightfoot et al., 1993c) as a pictorial tool for farmer
participatory diagnosis and planning of changes (e.g. new recycling flows between
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FIGURE 4

Resource flow diagram of IAA farm in Ghana, before (hatched arrows) and after (solid line arrows)
integration of a fish pond. Not increase in recycling flows including use of livestock manure and
plant wastes as input to fish pond, but also recycling of nutrients in pond mud to crops

existing enterprises) and new technology adoption by the farmer (e.g. new enterprises,
such as fish culture in rice fields or ponds, enabling additional flows). Subsequently, the
tool has become an integral component of a farmer participatory whole-farm diagnosis,
intervention planning, monitoring and evaluation procedure named RESTORE (see
below, and Lightfoot, Noble and Morales, 1991; Lightfoot, Prein and Lopez, 1994;
Lightfoot, Prein and Ofori, 1996).
The RFDs focus on internal flows, i.e. of on-farm nutrients from wastes and
byproducts and auto-consumed products (Figure 4). In previous applications, external
inflows (i.e. near-farm as well as from further away, such as in the case of inorganic
fertilizers) and external outflows (i.e. products for sale as well as discharged wastes that
leave the managed farm area to markets or through streams or into ground water) were
not considered within the concept. However, in the course of varied applications it was
found that tracking and accounting for these flows was vital for the understanding and
budgeting of whole farm nutrient flows (see below).
The utility of relatively simple resource flow diagrams (RFDs) as an approximation
to farm-level material flow analysis is established from applictions to mixed farming
systems studied in a research-for-development context in Asia (Lightfoot et al., 1993a,
1993c; Prein et al., 1999, 2002) and Africa (Lightfoot and Noble, 1993; Ofori and Prein,
1996).
Whole farm natural resource management, monitoring and evaluation tool
Low input carp and poultry farming are usually one of several components of mixed
farms, and even occur together on the same farm. Therefore, given the diversity,
complexity and variability of mixed farms in developing countries, their assessment
as discrete components in partial analyses is not useful when the purpose is to assess
their utility in enhancing the livelihood of farm households when all other household
resources (including land and labor) need to be considered together. Consequently, a
whole farm analysis (and material budgeting) was developed as a tool package to enable
comparative analyses between farms, and over time (Lightfoot et al., 1993a, 1993b;
Lightfoot and Pullin, 1995).
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RESTORE (Research Tool for Natural Resource Management, Monitoring and
Evaluation) is a whole-farm monitoring and evaluation tool for assessing all on-farm
and off-arm natural resources accessed and utilized by a particular household, and for
measuring and economically valuing material flows in terms of biomass (Lightfoot,
1993a, 1993b; Lightfoot and Noble, 1993). It consists of a specifically compiled package
of farmer participatory field-based appraisal and data collection techniques, as well as
an analytical software package (Lightfoot et al., 1996). The outputs of the software
analyses are financial budgets for the whole-farm as well as its management sub-units
(termed ‘natural resource types’) and sustainability indicators (see below).
As a first step, a priori assessments (usually on an annual basis) of a range of farms
are made before an intervention occurs (e.g. adoption of aquaculture or a major
technological improvement to existing enterprises). Subsequently, these farms are
monitored over a few years in the same manner and analyzed with the same protocols,
enabling the impact assessment of the intervention over time, usually in annual steps.
The above mentioned RFDs likewise are one contributing component of the analyses.
The approach includes the derivation of sustainability indicators (see below) which
enable comparisons across farms and over time.
Sustainability indicators
The indicators are (Lightfoot et al., 1996): 1) Diversity: number of enterprises,
approximating stocks; 2) Recycling: number of actively managed material flows,
including a material description (quality); origin/source and target enterprise/flow
direction; biomass (usually in kg); frequency of flow; value of material flow; 3)
Capacity: total biomass of material products from the farm (usually in t/ha); 4)
Economic efficiency: profit-cost ratio (approximating “outputs vs. inputs”). These
effects can be displayed in sustainability indicator diagrams (see Figure 5).
FIGURE 5

Diagram of sustainability indicators for IAA farm in Malawi over seven production years
showing effect of variations in environmental (e.g. drought in 1994-1995) and managerial
factors (diversity in farm enterprises, recycling flows in number and volume), in response
to market opportunities, leading to inter-annual variability in economic performance (data
from D. Jamu, pers. comm.; see Dey et al. 2006, 2007 for details). “no” = number of species
(diversity) or number of managed nutrient flows (recycling)
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The approaches focus only on the farms themselves within their agroecological and
socioeconomic context, and mainly measure the ability of the farm with its enterprises
to provide food and income. However, the measurement of the maintenance of an
acceptable environment is an inductive process of the application of the tools over time,
namely under the assumption that overall production and component productivities
should only reduce over a multi-year trend if the environment is negatively affected.
Here other additional assessments are necessary, i.e. of additional parameters on the
farm and of impacts beyond the farm (e.g. nutrients, agrochemicals and water quality
and quantity).
Negative effects of farm management on the environment are considered to lead to
negative feedback on farm productivity and, with monitoring over time, be detectable
in a farm’s sustainability indicators (Lightfoot et al., 1996; Bimbao and Prein, 1999).
Steady state models of trophic flows: ECOPATH
For analyses at the ecosystem level, and applying a steady state assumption, a modeling
software tool is now widely used to study trophic relationships based on material
flows between the main component groups of an ecosystem’s food web, and to derive
comparative indicators that characterize key attributes of the ecosystem (Christensen
and Pauly 1993, see also www.ecopath.org ). The ‘internal currency’ of the approach is
commonly nitrogen content of the components’ biomasses and material flows, but also
energy content and other nutrients have been used.
ECOPATH analyses of low-input IAA systems
Chinese integrated farms based on carp polyculture systems were modeled with
ECOPATH by Ruddle and Christensen (1993) (Figure 6). Tilapia polyculture systems
on smallholder farms in Malawi were modeled by van Dam et al. (1993).
ECOPATH analyses of rice-fish systems
Nutrient flow models using ECOPATH on fish-in-rice paddy culture were established
for irrigated systems in the Philippines (Dalsgaard, 1995, 1997; Dalsgaard and
Oficial, 1995, 1997, 1998; Dalsgaard and Christensen, 1997; Dalsgaard, Lightfoot and
Christensen, 1995; Dalsgaard and Prein, 1999; van Dam, Lopez and Prein, 2002). These
all concluded that nitrogen flows are higher in IAA systems compared to non-IAA
farming (Figure 7).
FIGURE 6

Quantified material flows resulting from ECOPATH analysis of low-input integrated systems
in China, with carp polyculture receiving pig manure, silk worm dung, elephant grass and
vegetable leaves aside from commercial feed as inputs. Note that greatest biomass results
in detritus deposits in pond bottom (from Ruddle and Chistensen, 1993). Numbers on flow
arrows and in tabular listing are in tons/ha/y
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FIGURE 7

ECOPATH diagram of nitrogen flows arranged in trophic levels (ordinate) of hypothetical
rice-based IAA farming system in the Philippines. Values in kgN/ha/y on 1ha total area
(from Dalsgaard and Prein 1999). B = biomass, P = production

Dynamic simulation models
Zweig (1992) established ecological-economic dynamic simulation models for the
design and analysis of IAA systems, leading to reliably predicted estimates of nutrient
flows in Chinese integrated systems. A dynamic model for the simulation of yields,
nutrient cycling and resource flows on Philippine small-scale farming systems
(FARMSIM) was developed by Schaber (1997). Nutrient flow efficiency in ponds
based on nitrogen flows on Malawian integrated farms were developed by Jamu and
Piedrahita (2002a, 2002b).
The most widely known simulation software for pond aquaculture systems is the
POND software tool (Bolte and Nath, http://biosys.bre.orst.edu/pond/pond.htm).
POND is a computer program that has been developed to guide decision making
processes relevant to warm-water pond aquaculture systems, intended to function as
decision support systems. POND was written to provide educators, extension agents,
managers, planners and researchers with a tool for rapidly analyzing aquaculture
systems under different management regimes, and to assist in the development of
optimal management strategies, including nutrient inputs and flows. POND can
simulate input and output processes but with a focus on the pond environment.
Environmental costs associated with low input carp and poultry farming
Nutrient outputs to the environment from low input carp and poultry farming are
generally low (Table 1). Water use is essentially non-consumptive and losses involve
evaporation and seepage from the pond. Nitrogen, phosphorus and potassium are
retained and accumulated in fish and in pond sediments. Impacts from nutrient losses
are from leaching to the groundwater below the pond through leaky pond bottoms
and during water discharge for draining, in which sediment particles and nutrients are
released.
Other inputs are occasional vitamin mixes and antibiotics, now seen on many
smallholder farms in developing countries. Poultry chicks may be vaccinated.
Agrochemicals such as herbicides, pesticides, hormones, and other growth promoters
are not used, or are minimized in low-input carp-poultry systems. Not considered here
are factors such as solar radiation and evaporative transpiration of water.
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TABLE 1

Types of material flows (carriers of N, P, K, organic carbon, or energy) in low input carp and
poultry farming systems
Inflows

Amount

Outflows

Amount

Water: rainfed, irrigation

++

Evaporation, seepage, draining

++

Fertilizer, organic

++

Excreta from fish, poultry

+

+

Detritus from pond bottom (draining,
removal for recycling)

++

Feed, plant residues

+

Seepage to sediments and groundwater

++

N-fixation

++

Volatilization

+

Off-farm manure sources

+

(recycling)

+

Eggs; consumable / marketable fish,
birds; feathers; bones

Fertilizer, inorganic

Fingerlings / chicks

+

DISCUSSION
In general, low input carp and poultry systems are semi-intensive operations with
diversification of enterprises enabling integration, greater resource use efficiency,
and higher profits to farmers (Bosma et al., 2005). In rice-fish systems based on low
input carp culture organic matter, total nitrogen and phosphorus content of the rice
field soil increase by 15.6 to 38.5 percent (Lu and Li, 2006). Nitrogen and organic
carbon in ponds accumulate when these are fertilized with higher amounts of pig
manure than in ponds with low amounts of manure (Nhan et al., 2005), i.e. added
manure is stored in the pond, not lost to the environment. Nitrogen and phosphorus
accumulation is higher in manure-fed pond systems, with losses to the environment
higher when formulated feed is given to the same carp polyculture system (Rahman,
2005).
In general, there is a wide portfolio of powerful methods for analysis of material
flows in low input IAA systems. However, with increasing analytical performance
these methods require detailed, regularly collected data which are sometimes very
tedious and costly to collect. Some methods permit the use of proxies (e.g. ECOPATH)
as first approximations. Although the general understanding is that IAA systems are
more beneficial environmentally than existing monoculture systems (e.g. IAA systems
recycle nutrients internally 4-20 times more than monoculture systems, Dalsgaard and
Oficial 1997, 1998; Dalsgaard and Prein 1999), the increasing diversity of IAA systems
and their establishment in new farming systems and environments (e.g. Africa, Latin
America, the Pacific, parts of Asia) requires that these coming developments be
comparatively studied with standardized methods such as those outlined above.
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ABSTRACT
In order to explore the possibility of using Material Flow Analysis (MFA) to evaluate
comparatively the environmental cost of shrimp farming and rice farming in coastal
areas, this exploratory report provides an overview of the different shrimp and rice
farming systems currently use worldwide. Then, the most important environmental
issues surrounding each system are presented in terms of material flows. Whilst the
authors recognised that a comprehensive analysis of the rice or shrimp farming sectors
should include the whole production chain, in this report the system boundary is the
farm enterprise. The report shows that it is possible to adapt MFA methodology to
provide quantitative data on environmentally relevant flows, but this in itself does not
provide a measure of the impact of these flows on the environment. There are two
inherent weaknesses of the method. Firstly, it is oriented towards material inputs and
considers only a limited number of emissions. Secondly, it depends upon the notion that
the resultant impact of all inputs and outputs can be deduced from their aggregate mass.
This ignores obvious differences in the environmental impact of different materials. In
order to make any meaningful comparison between shrimp and rice production systems
there is a need to modify MFA methodology to allow for consideration of disaggregated
data on environmentally relevant flows.

INTRODUCTION
The coastal zone is home to 40 percent of the world’s population and supports much of
the world’s food production and industrial, transportation and recreation needs, while
also delivering vitally important ecosystem services. The environment within this zone
1
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is under pressure and has undergone rapid change in recent times. Changes occurring
in the state of the environment include altered nutrient, sediment and water fluxes;
degradation of habitats and loss of biodiversity; pollution of soils, groundwater and
surface water. These in turn affect human welfare through their effects on productivity,
health and amenity. One of the key issues is land-use change; in particular the rapid
growth of shrimp aquaculture. Natural habitats – principally mangrove forests and salt
marshes – have been extensively cleared and converted to shrimp farming. However, it
is important to recognise that recent expansion of shrimp farming has also encroached
onto agricultural lands – principally paddy lands. Gowing, Tuong and Hoanh (2006)
review the evidence of environmental and social impacts of this change and identify
conflicts between agriculture, aquaculture and fishery interests within tropical coastal
zones.
MATERIAL FLOW ANALYSIS
Material flow analysis (MFA) may have some merit in this context as a tool for
evaluating environmental impacts of alternative resource use strategies. The analysis
of material and energy flows can be traced back to the second half of the nineteenth
century (Fischer-Kowalski, 1997), but current approaches rely on methods developed
in the late 1960s and early 1970s (Ayres and Kneese, 1969; Boulding, 1973). The aim
is to trace the physical flows of raw materials, products and wastes associated with
particular economic activities. MFA can be applied on several spatial scales; the national
level is most common and is most developed in terms of methodology (Eurostat, 2001;
Mathews et al., 2000). However, MFA can also be applied to supra-national entities
such as the European Union (Eurostat, 2002) or to sub-national entities such as
economic sectors, cities or regions (Brunner, Daxbech and Baccini, 1994).
Grunbuhel et al. (2003) use MFA to assess the environmental performance of a
village in Thailand where rice is the dominant crop (see Figure 1). Natural resources
extracted from the immediate environment (including timber from forests, crops from
agricultural land and gardens, game from hunting and gathered products) represent
the main inputs. These are aggregated as “domestic extraction”. “Imports” include all
finished products and resources purchased in the market, either locally or outside the
community. The third input category, labelled “additional inputs”, includes oxygen
and water. Outputs to the immediate environment, either land or air, are aggregated
as “domestic processed outputs”. DPO to air include CO2 produced in combustion
FIGURE 1

Results of MFA in Sang Saeng village (Thailand) as determined by Grunbuhel et al. (2003)
Inputs (t/cap.a)

Stock (t)

Outputs (t/cap.a)

Sang Saeng’s System Boundary

Humans
9.7

Additional
output 1.9
Exports 0.8

Additional
input

DPO Air
2.0

Livestock
50.3

12.2

Artifacts
3,173.7

DPO Land
10.8

Imports 1.4
Domestic
extraction
2.9

NAS
1,2*

* In t/cap, aquals 205.2t absolute

*t/cap.a= tonnes per person (capita) per year

Environmental costs of shrimp farming and rice farming in coastal areas

processes (fuel engines and wood burning) and respiration of humans and animals, and
methane gas produced by domestic animals (water buffaloes and cattle). DPO to land
consist mainly of faeces produced by both humans and animals, part of which is spread
onto domestic fields as fertilizer. “Exports” include produce (mostly agricultural)
extracted and processed in the community, and sold outside the community (mainly
rice and livestock).
This example is typical of the general approach to MFA in which material flows are
commonly calculated and presented in five main categories:
• Non-renewable raw materials such as minerals and fossil fuels;
• renewable raw materials such as plant biomass (cultivated and wild);
• soil;
• water;
• air (for combustion or as raw material).
The two inherent weaknesses of the method are apparent. Firstly, it is oriented
towards material inputs and considers only a limited number of emissions (because of
the complexity of the systems studied). Secondly, it depends upon the notion that the
resultant impact of all inputs and outputs can be deduced from their aggregate mass.
This ignores obvious differences in the environmental impact of different materials.
In order to make any meaningful comparison between shrimp and rice production
systems there is a need to modify MFA methodology to allow for consideration of
disaggregated data on environmentally relevant flows.
A comprehensive analysis of the rice or shrimp farming sectors would include
the whole production chain including upstream and downstream considerations.
Upstream considerations would include activities producing inputs such as fertilizers
and pesticides, while downstream considerations bring in activities of handling, storing
and processing output. In this paper the system boundary is the farm enterprise, we
also consider different levels of farming intensity, as each level will need and produce
different material flows.
Shrimp farming systems
Shrimp farming is one of the most profitable and fastest-growing segments of the
aquaculture industry (FAO, 2002; 2003). Latest estimates suggest there are now in
the order of one billion consumers who purchase cultured shrimp, with the industry
continuing to expand (World Bank et al., 2002). However, its rapid expansion has
been coupled with rising concerns over the environmental and social impacts of its
development, and controversy associated with shrimp culture in shrimp producing
and importing countries has been growing. As an integral part of the so called “blue
revolution”, shrimp farming has integrated coastal ecosystems into the global food
production system, and, as in the earlier green revolution, there is mounting criticism
over its social, economic and environmental consequences.
Shrimp farming is a sector with a very high degree of diversity, involving a wide
range of species, farming systems and production practices, and farming locations.
There are significant differences between and within countries regarding the levels of
production intensity and yields, farm numbers and their sizes, and the various types
of resources utilized (Barg et al., 1999). Basically the level of intensification determines
the classification of the systems, though Raux and Bailly (2002) propose a typology
based on both technical criteria and on modes of organization. Globally, four growout production systems are generally recognized, which share some characteristics, but
differ in other aspects; below the most common shrimp farming systems used in the
current literature are described. However such classification of shrimp farming systems
is difficult, and can be rather arbitrary, given that there are additional characteristics
and different criteria and terminologies in use. Farms may also use monoculture or
polyculture systems (polyculture systems are usually common with low input systems);
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they may be operated as mixed systems (e.g. shrimp and mangrove farms); or by alternate
cropping, involving one crop of shrimp followed by a harvest of another species or crop
(eg rice-shrimp alternate cropping systems in Bangladesh, India, and Viet Nam). The
size of farm is also very variable. In Asia, small-scale farms dominate shrimp farming
in many countries, which is in contrast to many farms in the Western Hemisphere (i.e.
Brazil, Ecuador, Mexico). Thus, an important consideration when discussing shrimp
farming is the diversity of farming systems in operation as well as their location.
Extensive systems (including tambak)
Shrimp farms with low stocking densities, typically located in tropical water
impoundments ranging from 2 ha to >100 ha and located along estuaries, bays, and
coastal lagoons. Stocking densities are low, not over 25 000 postlarvae (PL) per ha
that are normally collected in the wild. The tides provide a water exchange rate from
0percent to 5 percent per day (Rönnbäck, 2001). Shrimp feed on naturally occurring
organisms, which may be encouraged with organic or chemical fertilizer. Lime may be
applied if soils are acidic and, sometimes, animal manures or other organic materials
are used to stimulate production of natural food for the shrimp. Construction and
operating costs are typically low and production rarely surpasses 400 to 500 kg/ha in
production cycles that last 100–140 days (Jory and Cabrera, 2003).
Semi-intensive systems
Shrimp farms that operate at medium stocking densities. In many cases ponds (2 to
30 ha) are built above the high-tide line and include a pumping station and water
distribution canals and reservoirs, and use of formulated feeds. Pond preparation is
more elaborate, with dry-out once or twice a year, tilling and liming and fertilization
with N, P and Si compounds to promote natural production (Jory and Cabrera,
2003). Stocking rates range from 100 000 to 300 000 wild and/or hatchery produced
postlarvae per ha. Water exchange rates typically used are 0 percent to 25 percent of
pond volume per day. Formulated and pelleted feeds with 20 percent-40 percent crude
protein are usually applied 1-3 times per day. Yields range from 500 to 5 000 kilograms
(head-on) per hectare per year.
Intensive systems
Shrimp farms operate with high stocking densities (more than 300 000 PL per ha).
Typical ponds are 0.1 to 2 ha, with preparation before stocking and more elaborate
management with feed applied 6-8 times a day. Mechanical aeration is needed
throughout the cycle, usually with increasing number of units and longer hours of
operation as the cycle progresses. Generally 4-12 hp/ha is used, with the amount
increasing as the biomass of shrimp increases. In Asia several chemicals, including
calcium peroxide, burnt lime, zeolite, chlorine, iodine, formalin and bactericides, are
applied to ponds to prevent water quality deterioration and disease (Jory and Cabrera,
2003). Sophisticated harvesting techniques and easy pond clean-up after harvest permit
year-round production in tropical climates. Yields of 5 000 to 20 000 kg (head-on) per
hectare per year are common.
Super-Intensive systems
Systems with very high stocking densities. These include the highest level of
environmental control, to the point of some being located indoors in greenhouses
and other structures. Annual production can reach 20-100 mt/ha and higher, but
currently there are only a few of these farms, in Thailand, the United State of America,
and possibly a few other countries (Rosenberry, 2001). Examples of these advanced
farms and technology include the pioneer Belize Aquaculture Ltd (BAL) in Belize
and the Ocean Boy Farms in Florida, United States of America (Burford et al., 2003).
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TABLE 1

Shrimp farming systems in four Asia countries
Taiwan Province of China

Thailand

Production (tonnes)

Indonesia

100 000

30 000

25 000

225 000

Farming area (ha)

300 000

50 000

7 000

80 000

333

6 000

3 571

2 813

6 000

1 000

2 000

20 000

percent extensive

80

35

0

5

percent semi-intensive

10

50

50

10

percent intensive

10

15

50

85

Production (kg/ha)
No. of farms

Philippines

Source: adapted from Kongkeo, 1997

Pond management is based on zero water exchange, heavy aeration (up to 50 or more
hp/ha) and the promotion of a bacteria-dominated and stable ecological system. At
BAL, feeding rates have exceeded 350 kg/ha/day, which encourage bacterial flocs2 to
develop (Browdy et al., 2001). The flocs remove nitrogenous waste products from the
water and the shrimp feed on the flocs. These systems are believed by some experts to
represent the future of shrimp farming (Rosenberry, 2001).
According to the latest estimates there are at approximately 1 251 450 hectares
devoted to shrimp farming worldwide (Raux and Bailly, 2002). Indonesia, Viet Nam
and China have the most land devoted to shrimp farms. In terms of percentages by
intensification is very difficult to get information due to high degree of diversity,
however GAA (1998) estimates that approximately 10 percent of the world farms
are currently using intensive or super-intensive production strategies. There are
some marked regional differences in Asia, for example Thailand presents an intensive
nature (Barbier and Cox, 2004) while Viet Nam, India, Bangladesh and Indonesia are
characterised by extensive development. Table 1 shows the percentage of extensive,
semi-intensive and intensive systems in four Asian countries.
Rice farming systems
Rice is the largest irrigated crop and ranks second only to wheat as the most extensively
grown crop in the world. Rice provides 23 percent of global human per capita energy
and 16 percent of per capita protein. Rice is grown in four ecosystems, which are
broadly defined on the basis of their water regime as: irrigated, rain-fed lowland,
upland and flood-prone ecosystems. They cover 55 percent, 25 percent, 13 percent and
7 percent of the world’s rice area respectively and account for 76 percent, 17 percent,
4 percent and 3 percent of the world’s current rice production. Asia accounts for
90 percent of the world’s rice area and over 90 percent of production. The distribution
of rice land between these ecosystems for the main rice producing countries of Asia is
summarized in Table 2.
Irrigated rice
This is grown in levelled and bunded3 fields with an assured irrigation supply for one
or more crops a year. Rice is transplanted or direct seeded into puddled4 soil. Fields are
flooded to shallow depth with anaerobic soil during crop growing season. Two subecosystems are recognized: (i) are as served only by supplementary irrigation in the wet
season; (ii) areas with wet season and dry season cropping.
Rain-fed lowland rice
This grows in bunded fields that are flooded for at least part of the cropping season
to water depths that may exceed 50 cm for no more than 10 consecutive days. Rain2
3
4

“floc”: living microbial food organisms
surrounded by a embankment
soil particles pack together resulting in poor air movement and poor drainage
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TABLE 2

Rice ecosystems in the main rice-producing countries in Asia (wet/dry season -WS/DS)
Harvested area (‘000 ha)
Irrigated

Rainfed lowland

Flood-prone

Upland

Total

WS

DS

0-30

30-100

India

15 537

4 123

11 985

4 447

1 364

5 060

42 516

China

20 490

9 146

1 990

0

0

499

32 125

2 963

2 963

2 872

1 006

2

1 209

11015

351

2 267

3 271

2 873

1 220

697

10 679

Indonesia
Bangladesh
Thailand

274

665

6 382

1 778

342

203

9 644

Viet Nam

1 630

1 630

1 963

651

177

322

6 373

Myanmar

1 812

1 386

2 033

478

362

214

6 285

Philippines

1 175

1 029

911

341

0

165

3 621

Pakistan

2 125

0

0

0

0

0

2 125

Cambodia

140

165

1069

349

152

24

1899

Nepal

706

24

406

166

118

68

1488

Korea, Rep.

776

0

326

0

0

1

1103

Sri Lanka

377

251

213

26

0

0

867

49 211

24 003

34 056

12 131

3 737

8 853

131 991

Total

WS/DS refers to Wet/dry season.

0-30/30-100 refers to depth of floodwater (cm).

Source: IRRI (2002). Rice Almanac, 3rd edition. Manila, International Rice Research Institute

fed lowland systems are characterized by lack of water control and have no access
to irrigation. Fields are level to slightly sloping. Soils alternate at variable intervals
between aerobic and anaerobic conditions. Four sub-ecosystems are recognized: (i)
favourable rain-fed lowland; (ii) drought-prone; (iii) submergence-prone; (iv) drought
-and submergence-prone.
Upland rice
It grows in fields where there is no attempt made to impound water and no natural
flooding. It grows like any other upland crop under aerobic soil conditions and
depends on rainfall. Landforms vary from flat to undulating and steeply sloping.
Flood-prone rice
It is subject to submergence of more than 10 consecutive days by standing (stagnant)
water ranging in depth from 50 cm to more than 300 cm. Areas in coastal plains and
deltas subject to tidal influence are also affected by salinity.
For the present purpose we need to consider the rice land area that offers the
potential of conversion to shrimp aquaculture. All such land falls within either irrigated
or flood-prone ecosystems. Land suitable for brackish water shrimp production lies
within the coastal zone and is subject to tidal influence. Much of this land will be
categorised as flood-prone eg Mekong Delta in Viet Nam and Cambodia, Chao-Phraya
delta in Thailand and Ganges-Brahmaputra delta in Bangladesh. A special category is
tidal swamp land where acid sulphate soils are widespread.
Material flows in rice production systems
At the scale of the individual rice farming enterprise we can identify the environmental
issues which are readily presented in terms of material flows (Figure 2):
Water
Lowland rice is mostly transplanted or direct (wet)-seeded into puddled, bunded
fields under flooded conditions. Water input (rain + irrigation) is required to match
outflows due to evapotranspiration (ET) and drainage. Typical ET rates vary from 4
to 7 mm/day5 (Tuong, 1999). Drainage includes seepage and percolation losses at rates
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FIGURE 2

Material flows in rice farming systems
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varying from 1 to 5 mm/day in clay soils up to 25 to 30 mm/day in sandy soils, together
with runoff losses when pond depth exceeds overflow level. Runoff may also include
controlled release of impounded water at certain times for crop management. For a
typical 100 day season of modern high yielding rice, total water input varies from 700
to 5 300 mm, with 1 000 to 2 000 mm as a typical value (Tuong and Bouman, 2003).
Water ‘losses’ by seepage and percolation for a 100 day crop are typically in the
range 100 mm to 3 000 mm while runoff is often closely matched to rainfall, reflecting
inefficient use of this input. However, it should be recognised that analysis at the level
of an individual field neglects to consider the possibility that water may be reused at
another location. Reliable data on the scale effect are scarce (Tuong and Bouman, 2003),
but in many river basins multiple reuses can occur and coastal zones may suffer severely
from reduced flows due to upstream development (Atapattu and Molden, 2006). On
the other hand, where the rice production system is located within the coastal zone,
opportunities for reuse are very limited.
The relationship between the hydrology and chemistry of the flooded soil system has
been described by many authors and is reviewed by Greenland (1997) and Kirk (2004).
The majority of paddy fields are on alluvial fans and river terraces with well drained
high-yielding paddy soils (pseudogleys). In these soils seepage and percolation losses
are in the range of 500 to 1 500 mm. Within the coastal zone we are concerned with
areas in lower parts of deltas and valley bottoms where soils are mostly stagnogleys
and there is little or no vertical percolation. However, lateral seepage flows and surface
runoff flows will still occur. In considering soil nutrient balance for sustainability
analysis, Greenland (1997) neglects these flows on the assumption that inflows balance
outflows and net loss is nil. We cannot ignore them as we are concerned with what he
calls “boundary positions” from which there is a net loss to the wider environment.
Nutrients
Nutrient loading from diffuse agricultural pollution is a growing problem in water
quality management. Nitrogen and phosphorus are of most concern because they can
cause eutrophication in lakes and rivers. Nitrate seldom forms or persists in paddy soils
because of reduced conditions and losses of N by leaching are generally in the form
of ammonium and are lower than in upland soils. In contrast, losses of P are greater
because solubility is increased in reduced conditions. Nevertheless, P concentration is
generally an order of magnitude lower than N concentration.
In order to achieve a rice yield of 5 t/ha farmers typically apply 100 kg /ha of N
(Greenland, 1997 p130; Fischer, 1998). Although N supply drives productivity, poor N
fertilizer use efficiency is characteristic of irrigated rice systems with fertilizer N losses

208

Comparative assessment of the environmental costs of aquaculture and other food production sector

generally in the range from 10percent to 65 percent. Cassman et al. (1998); Cassman,
Gines and Dizon (1996) and Cassman, Kropff and Gaunt (1993) reported apparent
N fertilizer recovery rates at 36 percent to 39 percent in favourable conditions. With
good management on research stations, it is possible to achieve recovery efficiency of
50 percent. Low efficiency is largely attributed to rapid losses of applied N from NH3
volatilisation and denitrification.
Nutrient outputs from several studies in Japan and Korea, where fertilizer inputs
are relatively high, were compared by Yoon, Ham and Jeon (2003) who showed that
net output of N and P generally increased with rainfall amount. One of the important
aspects of this study was to quantify the surface drainage of water, and export of
nutrients, from rice fields treated with different fertilization rates. In all treatments,
surface drainage constituted about half the total water loss. Fertilization rate itself did
not affect nutrient loss by surface drainage. Saving water by limiting inflow could be
a possible strategy to reduce surface drainage and nutrient losses. Bouman and Tuong
(2001) reported that by reducing ponded water depth from 5–10 cm to the level of
soil saturation did not reduce land productivity, and they found that 23 percent water
savings caused only 6percent yield reductions. Less water inflow, however, needs careful
field management because rainfall does not necessarily meet the water requirements for
rice culture, and very accurate and timely water delivery would be required.
Agronomic practices can affect the effluent loads (Suspended Solids – SS, organic
matter, nutrients, etc.). Cabangon et al. (2004) studied the effect of irrigation method and
N-fertilizer management on rice yield, water productivity and nutrient-use efficiencies
in typical lowland rice conditions in China. Alternate wetting and drying irrigation
(AWD) has been reported to save water compared with continuous flooding (CF) in rice
cultivation (Tuong and Bouman, 2003), but there was some concern that rice cultivation
with AWD has very low fertilizer-use efficiency. Apparent Nitrogen Recovery (ANR)
actually showed no significant difference between AWD and CF. Conditions in this
experiment were typical of coastal zone with the soil in the root zone remaining moist
most of the time and the perched water table seldom deeper than 20 cm.
The mechanisms of hydrology and water chemistry in paddy fields are rather
complex and are modified by management practices. It is therefore difficult to
generalise about nutrient flows and to make progress with MFA there is a strong case
for adopting a modelling approach. Existing models can predict daily ponded-water
depth, surface drainage flow, and nutrient concentrations (see for example GLEAMS,
Chung, Kim and Kim, 2003 and PADDIMOD, Jeon et al., 2004).
Pesticides
Greenland (1997) notes that uniform planting of modern high-yielding rice varieties
combined with multiple cropping has led to increasing pest problems and increasing
use of herbicides, fungicides and insecticides. Quantities used, and therefore amounts
released into the environment, are much less than for nutrients, but they represent a
more serious cause for concern (Greenland, 1997; p 215). Phuong, (2002) reports that
pesticide use is the main cause of environmental pollution in the Mekong delta and
most water samples there contain residues.
In recent years modelling has become an integral part of the pesticide registration
process and efforts have been made to develop suitable models for risk assessment in
rice areas (Miao et al., 2003; Karpouzas, Capri and Papadopoulou-Mourkidou, 2005,
2006; Karpouzas et al., 2005; Inao et al., 2001, 2003). As with nutrients, such models
offer a way forward with MFA for pesticides. Field scale models such as RICEWQ
(Williams et al., 1999) or PADDY (Inao and Kitamura, 1999) can be used to simulate
pesticide concentration in water and soil, but local pesticide runoff is not reflected in
the wider aquatic environment as a result of degradation and adsorption by sediment.
This requires coupling a field-scale pesticide fate model to a transportation model.
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Such coupled models have been successfully tested against data derived from surface
water and groundwater monitoring, but, because of the diversity of compounds
actually used, this can be done only for selected representative pesticides. The same
problem arises with MFA for pesticides, although Phuong (2002) proposes aggregating
different types on the basis of a toxicity scale.
Greenhouse gases
As well as carbon dioxide, the other major greenhouse gases (GHGs) are methane
and nitrous oxide, both of which are emissions from flooded rice fields, although only
methane in amounts considered significant for global warming (Neue et al., 1995).
Rice is the only agricultural crop that emits methane that is produced by the anaerobic
decomposition of organic matter in the soil. The processes governing methane
emissions from rice fields are described by Kirk (2004), who reports that estimates of
the source strength improved greatly in the past decade. Initial estimates in the 1980’s
assumed emission rates very much higher than current estimates, which are accepted by
Intergovernmental Panel on Climate Change – IPCC (1997) as 200 kg CH4 per hectare
per season for “irrigated and continuously flooded lowland rice ecosystems”. IPCC
(1997) proposes scaling factors for drought-prone and flood-prone rice ecosystems of
0.4 and 0.8, respectively.
Wassman et al. (2000) reported a coordinated programme to collect field
measurements on methane emissions from rice fields in five Asian countries. Even
under identical treatment conditions of continuous flooding and no organic fertilizers,
emission rates varied from 15 to 200 kg CH4 per hectare per season, thus reflecting the
influence of other environmental and management variables. Soil type, temperature,
recycling of crop residues, cultivation practices and water management all influence
methane emission rates.
Several models have been developed in recent years to estimate emission rates
under specified conditions. Early models (Anastasi, Dowding and Simpson, 1992;
Huang, Sass and Fisher, 1998) used tool pools to represent soil organic matter with
differing potential decomposition rates and modified them to represent the influence
of soil texture and temperature. Matthews, Wassman and Arah (2000) and Matthews
et al (2000a, 2000b) developed the mechanistic MERES model based on CERES-Rice
model. The DNDC model (Li, Aber and Stange, 2000) is a generic model of carbon and
nitrogen biogeochemistry in agricultural ecosystems, which has been validated against
field data from China, Japan and Thailand. As with other aspects of MFA such models
offer the best prospect of achieving a differentiated picture of environmental impact of
rice production systems.
Material flows in shrimp production systems
The shrimp farming production process has different types of environmental impacts
that arise from the consumption of natural resources (land, water, seed and feed) and
the subsequent release into the environment of waste products, chemical residues,
parasites and feral animals (Beveridge, Phillips and Macintosh, 1997; Kautsky et al.,
2000). Effects may be direct, through release of toxic chemicals, the transfer of diseases
and parasites to wild stock, and the introduction of exotic and genetic material into the
environment, or indirect through loss of habitat and changes in food webs (Rönnbäck,
2001).
At the scale of the individual shrimp farming enterprise we can identify the
environmental issues that are readily presented in terms of material flows (Figure 3):
Water use
Shrimp farming requires large amounts of clean water to support the farmed animals,
replenish oxygen and remove wastes; each tonne of shrimp produced in intensive farms
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FIGURE 3

Material flows in shrimp farming systems
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requires about 50 to 60 million litres of water (Gujja and Finger-Stich, 1996). However,
there is still a notion that water is a relatively free good. For example water use in the
industry is always presented in percentage of exchange rate and, with the exception of
a few cases, the amount of water is never related to production; as Clay (2001) reflects,
we never hear about water conversion ratios in the shrimp farming literature. There is
also the added issue in shrimp farming of the use of freshwater to reduce salinity; this
water is then mixed with saline water and discharged as brackish water; in this case we
can argue that this freshwater is totally consumed by the system. As argued by Brummet
(2007) aquaculture systems differ from agriculture in that the water necessary to fuel the
production system is not completely consumed by the system and, in some cases, the
quality of water released is good and readily available for other uses. However, in the
specific case of shrimp farming we can argue that is this is not the case. The use of earthen
ponds increases evaporation and seepage. For example, ponds in sand/loam soils or
under high temperatures have a very high evaporation and seepage; as much as 1 percent3 percent of the pond volume may be lost per day (Kautsky et al., 2000). Water loss
by seepage and evaporation in Thailand averages 23 cm in the final month of the crop,
compared with 103 cm for Indonesia and 58 cm in the Philippines (Kongkeo, 1997).
According to the experts the general trend around the world is to reduce water
exchange rates. In Asia some operations use three percent or less water exchange per
day and in Latin America five percent or less a day, down from 15 percent or more
which was common in the past. BMP advised a 2 percent-3 percent exchange per day
for traditional systems and 67 percent exchange per 130-day cycle in closed systems
(Boyd, 2003) and also to base water exchange on objective reasons.
Super-intensive systems, such as Belize Aquaculture Ltd. – BAL (see page 9) are
reported to be very water-efficient. There is no water exchange and most water is
recycled. McIntosh et al. (1999) estimate that about 2 m3 of water are required per
kilogram of shrimp produced. Boyd and Clay (2002) support this figure; they observed
a harvest of 22 675 kg of shrimp from a 1.6 ha pond. The pond was 2 m deep and had
been filled 1.6 times. So a total of 51 200 m3 of water was used, working out to 2.26 m3
of water per kilogram of shrimp. This contrasts with water use in semi-intensive farms
in Madagascar where Boyd et al. (2006) found that 94 318 m3 of water was required for
each tonne of shrimp produced; so 94.5 m3 of water is needed for each kilo of shrimp
produced.
In terms of freshwater use we know that in Taiwan Province of China (Taiwan PC),
for example, 90 percent of pond water supply is mixed open sea water with underground
freshwater; pond salinity is kept constant at 10-15 ppt pumping underground water
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(Kongkeo, 1997). Other countries such as Indonesia, Philippines and Thailand also
mix sea water with freshwater, although not in the proportions of Taiwan PC (46, 10
and 4 respectively). According to Barraclough and Finger-Stich (1996) in a Thailand
district an average 33 m3 of fresh-water per day is pumped in for each tonne of shrimp
produced.
Nutrient and solid budget
Nutrient loading from shrimp farming effluent is widely seen as a key environmental
management problem in semi-intensive and intensive ponds. Two components of
shrimp farm discharges have particular potential to cause environmental degradation:
nitrogen (N) and phosphorus (P). The main inputs of N and P are fertilizers and feeds
that are applied to ponds to promote shrimp production (Boyd, 2003).
In a study of intensive shrimp farms in Thailand, Briggs and Funge-Smith (1994) found
that 95 percent of the nitrogen and 71 percent of the phosphorus applied to the ponds
was in the form of feed and fertilizers and only 24 percent of the nitrogen and 13 percent
of the phosphorus was incorporated into the shrimp harvested. The remainder N and P
was retained in the pond and ultimately exported to the surrounding environment. The
authors report that effluent water contained 35 percent of the nitrogen and 10 percent
of the phosphorus discharged and that a major portion of the nitrogen (31 percent) and
most of the phosphorus (84 percent) was retained in the sediments.
Nitrogen waste presents particular problems because some dissolved N components
are toxic to aquatic animals and must be maintained at low concentrations in the
production pond itself (Lorenzen, 1999). N locked into sediments may be re-suspended
and discharged when the pond is drained for harvesting. In the case of phosphorus
waste there are concerns because phosphorus enrichment of surface waters may lead
to eutrophication (Naylor et al., 2000).
Several studies show that discharge loads are affected by many factors including
water exchange rates, intake loads, management style and expertise, and farm design
(Boyd, 2003; Jackson, Preston and Thompson, 2004; Teichert-Coddington, Martinez
and Ramirez, N/D). There are also large seasonal differences for nutrient budgets. For
example, Teichert-Coddintong, Martinez and Ramirez (ND) found in semi-intensive
farms in Honduras that production was significantly higher during the wet than
dry season, even though the total quantity of feed added to ponds was not different
between the seasons. They concluded that the conversion of feed and protein to shrimp
flesh was significantly more efficient during the wet season.
They also found, that nitrogen conversion ratios were directly correlated with feed
conversion ratios. Nitrogen discharge from ponds increased linearly with increasing
feed conversion ratios. The nitrogen conversion ratio was also correlated with
percentage of nitrogen in the feed. The authors argued that nitrogen conversion is less
efficient with increasing protein content of feed. In their study higher protein levels in
shrimp feeds did not result in better feed conversion efficiency either.
To investigate the impact of farming intensity and water management on nitrogen
dynamics Lorenzen, Struve and Cowan (1997) tested a conceptual mathematical
model. The model was applied to Thai commercial shrimp farms and they found
that assimilation by phytoplankton with subsequent sedimentation or discharge
is the principal process of ammonia removal. When inputs of ammonia exceed the
algal assimilation capacity, nitrification and volatilization of excess ammonia become
significant. In terms of intensity the model shows that in low density farms (43 PL/m2)
almost all dissolved nitrogen (87 percent) is assimilated by phytoplankton and is either
sedimented or discharged in particulate form. In high density farms (98 PL/m2) total
ammonia nitrogen (TAN) exceeds the capacity of phytoplankton for assimilation (only
54 percent is removed) and volatization and discharged dissolve nitrogen become an
important removal process.
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Antibiotic use
Recent studies have found that large number of antibiotics are used in the shrimp farming
industry not only to treat diseases but also as prophylaxis (Gräslund, Holmström and
Wahlström, 2003). Traces of antibiotics above European, Canadian and US permissible
levels have been found in farmed shrimp since 1990 (Rönnbäck, 2002), but the most
publicized case has been the detection in 2001 of chloramphenicol in farmed shrimp
from China, Viet Nam and Southeast Asia imported into the European Union. This
find prompted a food safety scare and product recall (SNI, 2005).
According to Holmström et al. (2003) a large number of antibiotics are used in
Thai shrimp farming. The study found that 56 percent of the farmers interviewed used
antibiotics, 86percent of them as a preventive measure and 27 percent as an antiviral.
The study also found that several of the antibiotics used are antibiotics used in human
medicine, a factor that can contribute to the risk of resistance development.
Le and Munekage (2004) surveying residues of antibiotics such as trimethoprim
(TMP), sulfamethoxazole (SMX), norfloxacin (NFXC) and oxolinic acid (OXLA)
in water and mud in shrimp ponds on mangrove areas in Viet Nam, found these
antibiotics in all samples of both shrimp ponds and surrounding canals. Their results
show antibiotics concentration varied widely between the water and the bottom mud.
They found that the highest concentrations occurred in the mud (wet weight). Table 3
illustrates the difference in concentrations between water column and bottom mud.
Interestingly they also found that there is only a slight difference in the antibiotic
concentrations between improved extensive ponds and intensive ponds. This is,
according to the authors, an indication that the potential pollution by antibiotics in
both types of shrimp ponds varies little. This is also the case in other studied locations
where concentrations were quite high and do not vary much.
In a similar study (also in Viet Nam), Quan, Thanh and Van-Ha (2003) found much
smaller concentrations of antibiotics, the results of this study however showed that only
in the intensive system there is a clear difference in antibiotics concentration between
water and mud. In the improved extensive system there was no clear difference in
antibiotic concentration between water and mud. Authors’ findings also showed two
very important aspects, that antibiotic residues can be found not only in shrimp ponds
but also in the surrounding areas and that antibiotic concentrations may vary greatly
between water and mud.
It is also important to note that only 20-30 percent of antibiotics are absorbed by
shrimp (Quan, Thanh and Van-Ha, 2003); so, a big percentage of antibiotics applied are
released into the environment. Some types of antibiotics are able to stimulate growth
of plankton and continue to be gradually accumulated through nutrient chains. Most
antibiotics can exist for a long time in residues, leading to the development of some
antibiotic resistant bacteria (Rönnbäck, 2002).
Energy use
Energy requirements and use in the shrimp farming industry are not very well
documented. Normally the issue is addressed as an economic factor and the data
TABLE 3

Levels of antibiotic residues (ppm) in shrimp ponds water and mud,Viet Nam
Antibiotic

Water (surface layer)

Water (bottom layer)

Wet bottom mud
(depth 5 cm)

Minimal
level

Maximum
level

Minimal
level

Maximum
level

Minimal
level

Maximum
level

TMP

0.08

1.04

0.08

2.03

9.02

734.61

SMX

0.04

2.39

0.04

5.57

4.77

820.49

NFXC

0.06

6.06

0.08

4.04

6.51

2 615.96

OXLA

0.01

2.5

0.01

2.31

1.81

426.31

(Adapted from Le and Munekage, 2004)
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is presented as dollars spend on fuel (diesel) per crop (see for example: Valderrama
and Engle, 2002), however authors such as Larsson, Folke and Kaustky (1994),
Kausky et al. (1998) and Troell, (1997) give a good insight of the direct industrial
energy requirements shrimp culture, these authors also describe other indirect energy
requirements such as the fossil fuel energy needed to produce feed and fertilizer and to
transport it to the shrimp farm. For example Larsson, Folke and Kaustky (1994) found
that the total industry energy use of semi-intensive shrimp farm in Colombia was 669
GJ per ha of pond. According to this study the industrial energy input per J of edible
protein is 40.3; the direct fuel energy per J edible protein is 13.9. This is comparable
with other food production systems such as mussel culture (10) or vegetable crops 2-4
(Larsson, Folke and Kaustky, 1994, page 672)
We also know that every ton of shrimp harvested requires approximately 1.5 times
as much industrial energy to rear as an equivalent amount of cage-cultured salmon
(129-205 GJ/t) compared with 97-107 GJ/tonne of salmon (Folke and Aneer, 1988).
For each kilogram (wet weight) of shrimp produced about 1.5 litre of diesel fuel is
required, mainly to power the pumping of freshwater into the cultivation ponds
(Larsson, Folke and Kaustky, 1994, p 671). To produce 1 J of edible shrimp protein
requires GPP of 295 J, whereas 1 J of farmed salmon requires a solar energy subsidy as
large as 1204 (Folke and Aneer, 1988).
According to Tyedmers and Pelletier, 2007 (this report) energy dependence of
culture systems varies with intensity; this is typically a direct consequence of the high
energy cost of providing feed inputs to intensive culture systems. Results from a superintensive farm in Belize, however, show a different picture. According to Boyd and
Clay (2002) the electricity required to produced 13 600 kg/ha/crop is 59 227.5 kWh/
crop; so electricity for aeration will amount to 4.35 kW/h per kilogram of shrimp.
The authors compare this number with their previous estimate for intensive farms in
Thailand where the average production rate was 5 000 or 6 000 kg/ha, and electricity
was about 4.5 kWh per kilogram of shrimp. These authors also reflect on the fact that
pumping costs for the Belize Aquaculture production system were much less than for
traditional shrimp aquaculture systems that use water exchange and that energy use
for vehicles is much less per unit of shrimp production than for large semi-intensive
ponds because much shorter travel distances are involved. With these considerations,
the authors concluded that, it is likely that the intensive Belize Aquaculture production
system uses less energy per kilogram of shrimp produced than the semi-intensive
systems that are common throughout Latin America (Boyd and Clay, 2002). It is
important to note here that these authors’ results are specifically on the energy use for
aeration and do not consider energy inputs needed to produce the feed; if these are
considered the most likely outcome is that the super-intensive farm in Belize is using
the same or more energy as used by intensive and semi-intensive systems.
DISCUSSION
A summary analysis of material flows in rice and shrimp production systems is
presented in Table 4. Given the degree of variability within each of these systems,
this should be seen as indicative and is presented here as a basis for comparing their
environmental impacts. It can be seen that material flows do not differ greatly, but it
should be noted that shrimp value is approximately 20x rice value (a tonne of shrimp
vs a tonne of rice). Key points to emerge are:
• Due to the greater storage volume and need for regular exchange of stored water,
shrimp systems use more water. However, only part is drawn from freshwater
resources and if this component is considered alone, then water use is comparable
with rice systems.
• Release of nutrients (N and P) into the wider environment is an issue only for more
intensive systems and is much the same for both shrimp and rice production.
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TABLE 4

Indicative material flows6 (per season)
Material

Yield

Shrimp
Low intensity

Rice
High intensity

Low intensity

High intensity

500 – 2 000

3 000 – 6 000

1 000 – 2 000

3 000 – 5 000

50 000 – 100 000

150 000 – 300 000

10 000 – 50 000

10 000 – 50 000

Nutrients
kg/ha

-

N 50-250
P 20-200

-

N 50-60
P 5-10

Bioactive8
chemicals

-

?

-

?

GHG

?

?

200 kg/ha

200 kg/ha

Energy use

-

4.5 kWh per kg

-

-

kg/ha
Water use7
m3/ha

• Release of bio-active chemicals is also an issue that affects only the more intensive
systems. The nature of these chemicals differs between rice (pesticides) and
shrimp (antibiotics). Quantities involved are much less than for nutrients and data
on actual amounts released is problematic, but it seems likely that the two systems
are broadly comparable.
• Release of greenhouse gases, particularly methane, is a significant issue for rice
which has received considerable attention in the last decade such that good
estimates of emissions are available. Equivalent data for shrimp systems is not
readily available.
• Energy for pumping and aeration is an issue for more intensive shrimp systems.
Energy use in rice production is closely related to the level of mechanisation of
farm operations and therefore also tends to increase with intensity of the system.
The analysis presented here and summarised in Table 4 relates to the environmental
performance of rice and shrimp production systems at the level of an individual farm
enterprise. A comparative analysis of rice and shrimp farming sectors at a higher
level of aggregation (regional or national) would include consideration of the whole
production chain. Upstream considerations would include activities producing inputs
such as fertilizers for rice and feed for shrimp. Downstream considerations would
include activities of handling, storing and processing output. Such life-cycle analysis
(LCA) may well change the comparative performance of the two systems. Mungkung
et al. (2006) has shown that there are very important upstream and downstream issues
in the shrimp production chain. In areas where shrimp farms depend on the capture
of wild seed, the high mortality provoked in the by-catch species, can have a major
consequences for biodiversity and capture fisheries production. For example in India
and Bangladesh where the collection of wild Penaeus monodon seed supports the
shrimp farming industry, up to 1 000 fish larvae and other shrimp fry are discharged
for every penaid shrimp collected. Given that a yearly seed collection of one billion
P. monodon in Southeast Bangladesh, the amount of by-catch destroyed is staggering
(Primavera, 1998).
We have shown that it is possible to adapt MFA methodology to provide
quantitative data on environmentally relevant flows, but this in itself does not provide
a measure of the impact of these flows on the environment and also the associated
environmental cost. Where guideline figures have been agreed, as in the case of nitrate
levels in drinking water, then a basis exists against which performance can be judged.
However, MFA does not provide a direct measure of degradation of the environment.
6

7
8

Values are presented on area basis but yields are broadly similar for shrimp and rice production systems
so conversion from basis of per hectare to per kg is the same for both.
For shrimp production only part is fresh water (assume 25 percent)
Antibiotics for shrimp production; pesticides for rice production.
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The impacts of both rice and shrimp production on biodiversity are numerous from
the alteration of wild fish and crustacean habitats due to modified water flows and
quality, to the introduction of pathogens and parasites and the transfer of alien
species. The sensitivity of environmental receptors and environmental risks should be
considered alongside data derived from MFA in order to allow informed judgement of
likely impact. Methodologies exist to assess assimilative capacity of the environment
(Gowing, Tuong and Hoanh, 2006).
While the analysis has been presented here in comparative terms, it should be noted
that we are not dealing with a simple either/or analysis. Both production systems exist
in coastal zones but they exhibit distinctly different environmental requirements. Rice
production systems occur within a fresh water environment, while shrimp production
systems occur within saline/brackish environments, therefore they are not necessarily
competing activities. Seasonal variation in the fresh/brackish interface within estuarine
and deltaic environments may allow for alternating rice/shrimp co-production
systems. Otherwise, conversion between the two alternative production systems will
require environmental manipulation as in the case of the Mekong delta in Viet Nam. It
then becomes important to consider both social and environmental impacts (Gowing
et al., 2006) since different stakeholders are likely to be affected differently. Poor
people, whose livelihoods are at least in part dependent on access to common property
resources, may well be disadvantaged by such change.
In presenting a comparative analysis, we have not considered prior land use, but one
of the most widely reported environmental concerns of shrimp farming is the siting of
ponds on fragile ecosystems such as mangroves According to some reports, globally,
shrimp farming may be responsible for up to 25 percent of the mangrove clearance that
has taken place since 1960 (Clay, 1996). In regions where shrimp farming has become
important it is estimated that up to 50 percent of the mangrove destruction is due
to shrimp aquaculture (FAO/NACA, 1995). Mangrove loss and its degradation has
become one of the battlegrounds between local communities, environmentalists and
the defenders of the shrimp farming industry.
CONCLUSIONS
The achievement of sustainable development in coastal zones will depend upon adoption
of appropriate evidence-based policy particularly regarding land-use planning. The
decision whether to promote rice and/or shrimp production systems will depend at
least in part on an assessment of their environmental impacts. Material flow analysis
(MFA) may have some merit in this context but two inherent weaknesses of the
standard method are apparent. Firstly it considers only a limited number of materials
and emissions. Secondly it depends upon the notion that the resultant impact of all
inputs and outputs can be deduced from their aggregate mass. This ignores obvious
differences in the environmental impact of different materials.
In order to make a meaningful comparison between shrimp and rice production
systems, there is a need to modify MFA methodology to allow for consideration
of disaggregated data on environmentally relevant flows. We have shown that this
is achievable and much relevant information is available in published sources. A
preliminary evaluation based on this information indicates that in general shrimp and
rice production systems exhibit broadly similar material flows when considered at the
level of the farm enterprise.
As proposed by Eriksson, Elmquist and Nybrant (2005), there is a need to adopt
a systems analysis approach based on material flow models, which offer the best
prospect of achieving a differentiated picture of variable production systems. Since the
flows of resources and emissions depend greatly on environmental and management
variables, there is no merit in attempting a generalised comparison of rice versus shrimp
production systems. There is a strong case for an initiative to assemble a consistent set
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of models for this purpose and to test them against appropriate field data particularly
referring to environmental effects and associated costs
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ABSTRACT
Using published data, 20 crop and 19 fish production systems were compared for
efficiency of water and nutrient (nitrogen) use. In agriculture, rain-fed cassava was most
efficient, followed by rain-fed beans, pivot-irrigated maize and rain-fed wheat. Intensive
vegetable production uses water most efficiently to produce edible dry matter. Maize,
wheat and crop legumes are most efficient at producing protein. Cassava produces energy
most efficiently. For aquaculture, sharp-tooth catfish in fed raceway-ponds are most
efficient, followed by tilapia in fed cages and tilapia in sewage-fed ponds. Herbivorous
and omnivorous fish are more efficient to produce than carnivores. Aquaculture is of
comparable efficiency to crop production only in terms of edible dry matter output per
cubic meter of water and crude protein production per kilogram of nitrogen. Aquaculture
in arid areas is of comparable efficiency with agriculture only when it is highly intensive
and/or strongly integrated with other farm enterprises.

INTRODUCTION
The global natural resource base is increasingly under pressure from the food needs and
demands for economic growth of expanding human populations. In addition, increasing
competition in local, regional and international markets is forcing commercial farmers
to reduce production costs while increasing outputs. Together, these factors are driving
a global interest in more efficient food production systems.
The importance of improving management of natural resources requires that we
find a proportionately robust and straightforward means of measuring the efficiency
of farming systems. For most farming businesses, efficiency is measured in economic
terms; that is, the amount of money spent on a farming activity (including costs of
inputs, labour, management, opportunities on land and capital, etc.) is compared to the
amount earned through the sale of produce. In biophysical terms, however, efficiency
1

r.brummett@cgiar.org
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is measured by the amount of water, carbon, nitrogen, phosphorus and energy that
a farming system uses to grow food and process waste materials, compared to the
weight of food produced. These two sets of criteria may yield very different estimates
of efficiency.
When markets are efficient estimators of real prices for inputs, outputs and
environmental goods and services, economic efficiency can approximate biophysical
efficiency. However, this is seldom the case. Most farming systems especially neglect
the costs of many environmental goods and services in their calculation of the bottom
line (Berg et al., 1996; Kautsky et al., 1997). These costs may include:
• oxygen requirements for decomposition of organic wastes;
• assimilation of fertilizer runoff, especially phosphorus and nitrogen;
• ecological impacts of pesticides and herbicides;
• human health consequences of antibiotic use in animal feeds;
• production of CO2;
• land and natural resources required for feed production;
• biodiversity trade-offs in land and water allocation; and
• negative environmental impacts of introduced alien or genetically modified
organisms.
Measuring “efficiency” as a proxy for sustainability may consequently be easier if
one looks at the biophysical materials that flow in and out of farming and other natural
resource management systems. However, this “materials flow” approach may easily be
confounded by the large number of environmental and production system variables
that characterize modern farming, including:
• soil (composition, structure, slope);
• solar radiation (intensity, periodicity);
• temperature (extremes, duration);
• wind (direction, intensity, frequency);
• evaporation rate;
• rainfall (timing, intensity, amount);
• water quantity and quality;
• fallowing, crop rotation, intercropping;
• variety or genetic strain; and
• production cycles per year.
The time of cropping, for example, depends upon a number of variables, some of
which are more important in certain crops than others (e.g., photoperiod, ambient
temperature, timing of rainfall, media type in greenhouses). In addition, a number
of crops are rotated or intercropped, making generalizations risky. An example from
fish farming is polyculture, in which a mixture of species is grown together at rates
determined empirically to conform to the size of the various feeding niches available in
the pond. There is no obvious way to correct for so many variables over all crops at all
latitudes in which the arid zones are located, so a few critical indicators are needed.
Given the availability of published data, I attempted to find common factors that
could be used to compare the wide range of farming systems that need to be looked at.
Six key parameters were identified:
• edible or usable dry matter produced per unit of water used
• edible or usable dry matter produced per unit of unit of nitrogen used;
• crude protein produced per unit of water used;
• crude protein produced per unit of nitrogen used;
• digestible energy produced per unit of water used; and
• digestible energy produced per unit of nitrogen used.
The balance of this paper will focus on these six parameters and attempt to relate
them to the relative efficiency of various food production systems. The overall aim is
to provide a practical means of comparing the efficiency and environmental costs of

Environmental costs of fish farming and crop production in arid areas

aquaculture and crop production, with a focus on species cultivated in arid areas.
In terms of nutrient inputs, fish are generally the most efficient animals to produce
(Olah and Sinha, 1986). As poikilotherms, fish do not use energy to heat their bodies.
Since they excrete ammonia, fish use minimal energy in protein catabolism and excretion
(Goldstein and Forster, 1970). Also, because they are generally neutrally buoyant, fish
do not need heavy bones (Tucker, 1969). Channel catfish (Ictalurus punctatus), for
example, gain 0.85 g of weight for every gram of feed consumed, compared to 0.48 g in
chickens, the present most efficiently farmed warm-blooded animal, and 0.13 in beef
cattle (NRC, 1983, Lovell, 1989). In terms of consumptive water use, fish use no more,
and in many cases less, than do other animals (Brummett 1997).
For plant crops, with which fish production competes both for nutrient inputs
and for fresh water, the situation is less clear. This review is aimed at illuminating the
differences in biophysical efficiency of fish farming as compared to crop production in
dryer parts of the world, where water and other critical inputs are often in short supply.
The main comparators used for inputs are water and nitrogen; for outputs, dry matter
of human food, crude protein and energy are used.
EFFICIENCY AND ENVIRONMENTAL COSTS OF CROP PRODUCTION
Agriculture is highly variable in its scale and intensity, making generalizations difficult.
Very small-scale, artisanal systems often use no fertilizers or irrigation, resulting in
minimal production and generally low efficiency. Larger-scale systems rely on more
inputs, but produce disproportionately more outputs per unit of input, thus making
them more efficient. Also, larger-scale cropping systems are more uniform throughout
the world, facilitating generalization. These more efficient, larger-scale systems are thus
used for purposes of comparing crop agriculture with aquaculture.
Table 1 shows the amounts of water and nitrogen necessary to achieve average yields
from a representative variety of dry zone crops produced under a range of irrigation
and input regimes. Table 2 shows the estimated efficiency of production in terms of
water and nitrogen use per kg of edible dry matter, kg of crude protein and kcal of
digestible energy available to humans. In terms of edible dry matter output per unit of
water, drip-irrigated cucumber is the most efficient, followed by drip-irrigated tomato
and furrow-irrigated onion. Per unit of nitrogen, rain-fed cassava, rain-fed wheat and
pivot-irrigated sorghum are the most efficient. In terms of crude protein production
per unit of water consumed, pivot-irrigated maize ranks highest, followed by rain-fed
beans and rain-fed soya bean, while in terms of nitrogen, rain-fed beans are better than
pivot-irrigated maize which in turn is better than rain-fed wheat. In terms of digestible
energy per unit of water, rain-fed cassava, pivot-irrigated maize and rain-fed beans
seem most efficient; in terms of nitrogen, rain-fed cassava, rain-fed wheat and rain-fed
beans are the best.
The crops most frequently in the top three for each category are rain-fed beans (four
times), rain-fed cassava (three times) and pivot irrigated maize (three times). With a
simple proportional weighting index (three points for first place, two for second and
one for third), rain-fed cassava might be considered the most efficient overall with nine
points, rain-fed beans and pivot-irrigated maize tie for second with seven points and
rain-fed wheat comes third with five points.
In general, intensive vegetable production, especially in greenhouses with drip
irrigation, are the most efficient way to use water to produce edible dry matter. Maize,
wheat and crop legumes (beans and soya bean) are most efficient at producing protein.
Cassava is by far the most efficient crop in terms of energy production.
EFFICIENCY AND ENVIRONMENTAL COSTS OF AQUACULTURE
Fish production systems are different from agriculture systems in that the water
necessary to fuel the system is not completely consumed. Consumption is highest
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TABLE 1

Water and nitrogen inputs compared to outputs of dry matter, crude protein and energy, under various
production systems for representative row crops produced in dry areas. Values are based on reported
use in larger-scale commercial farming systems (generally >50 ha) except for pearl millet, which is almost
exclusively a smallholder crop. Data from: NRC (1983); ARNAB (1989); Göhl (1992); Adeola, King and
Lawrence (1996); Martin, Slack and Pegelow (1999); Cavero et al. (2001); Raemaekers (2001); Broner and
Schneekloth (2003); Fasuyi and Aletor (2005)
Inputs
Production System
Pearl millet
(Pennisetum
glaucum)
Maize
(Zea mays)*

Water
(m3/m2)

Wheat
(Triticum spp.)

Edible yield
(kg/m2)

Crude
protein
(percent)

Digestible
energy
(Kcal/kg)

0.5

1.6

0.05

92

11.0

3 400

Rainfed

0.66

15.0

0.12

89

9.6

3 800

1.2

15.0

0.36

89

9.6

3 800

0.83

15.0

0.6

89

27

3 800

Flooded

1.5

20.0-60.0

0.9

89

7.9

2 600

Upland

1.0

5.0-10.0

0.2

89

7.9

2 600

Rainfed

0.8

2.4

0.2

90

13

3 300

Furrow irrigated

1.3

13.4

0.6

90

13

3 300

Pivot irrigated

1.2

11.9

0.7

90

13

3 300

Rainfed

0.5

0.9

0.07

88

13

3 400

Furrow irrigated

0.9

18.0

0.6

88

13

3 400

Pivot irrigated

Sorghum
(Sorghum bicolour)

Nitrogen
(g/m2)

Rainfed

Furrow irrigated

Rice
(Oryza sativa)

Outputs
Edible dry
matter
(percent)

Cassava
(Manihot esculenta)

Rainfed

1.25

4.4

2.2

39

1.2

11 000

Beans
(Phaseolus vulgaris)

Rainfed

0.7

7.0

0.4

90

22.6

3 470

Soya bean
(Glycine max)

Rainfed

0.85

20.0

0.25

90

40

1 390

Cucumber
(Cucumis sativus)

Greenhouse (drip
irrigation)

0.2

13.1

7.9

3.8

0.6

120

Tomato
(Lycopersicon
esculentum)

Greenhouse (drip
irrigation)

1.6

104.0

34.6

6.2

1.2

200

Furrow irrigated

3.6

9.0

3.0

6.2

1.2

200

Onion
(Allium cepa)

Furrow irrigated

0.5

10.2

2.4

19.7

1.6

380

Citrus
(Citrus spp.)

Furrow irrigated

1.8

4.2

3.0

~35percent
juice

<1percent

35 000

Groundnut
(Arachis hypogaea)

Rainfed

0.6

<2.0

0.084

91

22

2 600

* Refers to grain maize, which is more commonly produced in less developed countries than sweet corn.

in earthen ponds where seepage and evaporation can sometimes be considerable,
especially in hot, dry, windy areas. Flow-through raceways must pass large quantities
of water through the production unit, but the quality of water released from these
systems is good and readily available for other uses, especially crop irrigation. Cages
and recirculating systems consume virtually no water. Fish average about 76 percent
water and this value was used as the consumptive use for those systems where water
was not consumed by the production system (Lovell, 1989). For systems receiving
pelleted feeds, the water requirements of the crops grown to produce those feeds is
added to the amount used during the culture cycle (Piemental et al., 1997).
While the proximate analysis of fish is dependant upon the feed or fertilizer used in
the system, the composition of fish flesh in terms of protein and energy varies within a
relatively narrow range compared to plant crops. For purposes of this paper, an average
crude protein value of 18.7 percent and energy value of 300 kcal/kg, calculated on the
basis of proximate analyses of 77 fish species, were used (Herzberg and Pasteur, 1981;
Hepher, 1988; Tidwell et al., 2000; Garduño-Lugo et al., 2003).
Table 3 shows output of dry matter in terms of water and nitrogen inputs for a variety
of fish species and production systems. Table 4 shows the efficiencies of various fish
production systems. In terms of edible dry matter per m3 of water, fed carp polyculture
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TABLE 2

Efficiency of various crop production systems as measured by edible output, crude protein production, and
digestible energy
Culture species

Production
system

Pearl millet
Rainfed
(Pennisetum glaucum)
Rainfed
Maize
Pivot Irrigated
(Zea mays)*
Furrow Irrigated
Flooded
Rice
(Oryza sativa)
Upland
Rainfed
Sorghum
Pivot Irrigated
(Sorghum bicolour)
Furrow Irrigated
Rainfed
Wheat
(Triticum spp.)
Furrow Irrigated
Cassava
Rainfed
(Manihot esculenta)
Beans
Rainfed
(Phaseolus vulgaris)
Soya bean
Rainfed
(Glycine max)
Cucumber
Greenhouse
(Cucumis sativus)
(Drip Irrigated)
Greenhouse
Tomato
(Drip Irrigated)
(Lycopersicon
esculentum)
Furrow Irrigated
Onion
Furrow Irrigated
(Allium cepa)
Citrus
Furrow Irrigated
(Citrus spp.)
Groundnut
Rainfed
(Arachis hypogaea)

Edible output
(kg dry matter)
per m3 water

per kg N

Crude protein
(kg)
per l water

Digestible energy
(kcal)

per kg N

per m3 water

per kg N

0.09

28.75

10.12

3.16

313

97 750

0.16
0.65
0.27
0.53
0.18
0.23
0.53
0.42
0.12
0.59

7.12
35.60
21.36
20.03
23.73
36.00
52.94
40.30
68.44
29.33

15.53
174.76
25.63
42.19
14.06
24.75
68.25
45.64
16.02
76.27

0.68
9.61
2.05
1.58
1.87
3.96
6.88
4.43
8.90
3.81

615
2460
1015
1388
463
743
1733
1371
419
1995

27056
13 5280
81 168
52 065
61 707
118 800
174 706
132 985
232 711
99 733

0.69

195.00

8.24

2.34

7550

2 145 000

0.51

51.43

116.23

11.62

1785

178 457

0.26

11.25

105.88

4.50

368

15 638

1.50

22.92

9.01

0.14

180

2 750

1.34

20.63

16.09

0.25

268

4 125

0.05

20.67

0.62

0.25

10

4 133

0.95

46.35

15.13

0.74

359

17 614

0.01

2.50

0.00

0.00

204

87 500

0.13

38.22

28.03

8.41

331

99 372

TABLE 3

Water and nitrogen inputs and average outputs of dry matter under a variety of production systems
for representative fish species produced in dry areas. Values are based on reported use in larger-scale
commercial farming systems (generally >100 tonnes per annum) except for fertilized pond tilapia, which
is almost exclusively a smallholder crop. Data from: Little and Muir (1987); Hepher (1988); Lovell (1989);
Phillips, Beveridge and Clarke (1991); Brummett and Noble (1995); Jarboe and Grant 1996; Mahboob, Sheri
and Raza (1996); Brummett (1997); Hecht (1997); Hertrampf and Piedad-Pascual (2000); Boyd (2005)
Culture species

Tilapia
(Oreochromis spp.)

Common Carp
(Cyprinus carpio)
Sharptooth Catfish
(Clarias gariepinus)
Channel Catfish
(Ictalurus punctatus)
Rainbow Trout
(Oncorhynchus mykkis)
Carp Polyculture
(Hypothalmichthys molitrix,
Aristichthys nobilis,
Ctenopharyngodon idella)

Production system

Fertilized ponds
Sewage-fed ponds
Fed ponds
Fed aerated ponds
Fed cages
Fed biofilters
Fed ponds
Fed raceways
Fed raceway Ponds
Fed raceways
Fed ponds
Fed aerated ponds
Fed ponds with water reuse
Fed biofilters
Fed raceways
Fed raceways with water reuse
Fertilized pond
Fed pond
Fed, aerated pond

Consumptive
water use
(m3/tonne)

2
1
2
21

Nitrogen
(g/m3)

Average
yield
(kg/m3)

000
750
800
000
760
906
032
000
000
600
882
032
350
908
000
000
000
000

7
20
12
84
3 400
2 000
360
11.5
6
18 400
37
53
37
2 800
6 700
6 700
56
168

0.14
0.68
0.25
1.7
50
25
0.6
0.14
4.0
400
0.42
0.6
0.42
26
35
35
0.3
0.9

2 250

200

2.0

4
740
93
3
2
4
3
252
63
12
5
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TABLE 4

Efficiency of various fish production systems as measured by edible output, crude protein production, and
digestible energy
Culture species

Production system

Edible output

Crude protein

(kg dry matter)

(kg)

per m3
water

per kg N

per l
water

Digestible energy
(kcal)

per kg N

per m3
water

per kg N

Fertilized ponds

0.1200

0.0048

0.0224

0.90

0.0360

1 440

Sewage-fed ponds

0.1371

0.0082

0.0256

1.53

0.0411

2 448

Fed ponds

0.0857

0.0050

0.0160

0.94

0.0257

1 500

Fed aerated ponds

0.0114

0.0049

0.0021

0.91

0.0034

1 457

Fed cages

0.3158

0.0035

0.0591

0.66

0.0947

1 059

Fed biofilters

0.2649

0.0030

0.0495

0.56

0.0795

900

Common Carp
(Cyprinus carpio)

Fed ponds

0.0595

0.0004

0.0111

0.07

0.0179

120

Fed eaceways

0.0003

0.0029

0.0001

0.55

0.0001

877

Sharptooth Catfish
(Clarias gariepinus)

Fed raceway ponds

0.0026

0.1600

0.0005

29.92

0.0008

48 000

Fed raceways

0.0667

0.0052

0.0125

0.98

0.0200

1 565

Fed ponds

0.0833

0.0027

0.0156

0.51

0.0250

817

Fed aerated ponds

0.0595

0.0027

0.0111

0.51

0.0179

815

Fed ponds; water reuse

0.0716

0.0027

0.0134

0.51

0.0215

817

Fed biofilters

0.2643

0.0022

0.0494

0.42

0.0793

669

Fed raceways

0.0010

0.0013

0.0002

0.23

0.0003

376

Fed raceways; water reuse

0.0038

0.0013

0.0007

0.23

0.0011

376

0.0200

0.0013

0.0037

0.24

0.0060

386

0.480

0.0013

0.0090

0.24

0.0144

386

0.1067

0.0024

0.0199

0.45

0.0320

720

Tilapia
(Oreochromis spp.)

Channel Catfish
(Ictalurus punctatus)
Rainbow Trout
(Oncorhynchus mykkis)

Carp Polyculture
Fertilized pond
(Hypothalmichthys
Fed pond
molitrix,
Aristichthys nobilis,
Fed, aerated pond
Ctenopharyngodon idella)

in ponds ranks highest, followed by tilapia in cages and biofilter systems. In terms of
nitrogen used, sharptooth catfish in fed raceway ponds did the best, followed by tilapia
in sewage-fed ponds and sharptooth catfish in fed raceways. In terms of crude protein
production per m3 of water, tilapia in fed cages were the best, followed by tilapia in fed
biofilter systems and channel catfish in fed biofilter systems, while in terms of nitrogen
inputs, fed sharptooth catfish in raceway ponds were the most efficient, followed by
sewage-fed tilapia ponds and sharptooth catfish in fed raceways. For digestible energy
produced per m3 of water, tilapia in fed cages and biofilter systems were the most
efficient, followed by channel catfish in fed biofilter systems; in terms of nitrogen
inputs, sharptooth catfish in fed raceway ponds was number one, followed by sewagefed tilapia ponds and fed sharptooth catfish raceways.
Using the evaluation system described above for crop systems , tilapia in sewage-fed
ponds, cages and fed biofilter systems and sharptooth catfish in fed raceway ponds and
fed raceways were each most efficient in three of the six categories. Overall, sharptooth
catfish produced in fed raceway-ponds are most efficient with nine points. Tilapia in
fed cages were second best with eight points, while tilapia in sewage-fed ponds came
third with six points.
Except for the generally low-intensity production of carp polycultures, herbivorous
(tilapia) and omnivorous (sharptooth catfish) species were more efficient to produce
than were carnivores (channel catfish, rainbow trout).
COMPARING EFFICIENCY OF CROP PRODUCTION AND AQUACULTURE
Aquaculture is of comparable efficiency to crop production only in terms of edible
dry matter output per cubic meter of water and crude protein production per kg of
nitrogen. Only sharptooth catfish in fed raceway ponds exceeded crop production in
any of the efficiency criteria. From these data, aquaculture in arid areas will be more
efficient than agriculture only when it is highly intensive and/or strongly integrated
with other farm enterprises so that the costs of nutrients and water can be amortized
over multiple production units.

Environmental costs of fish farming and crop production in arid areas

Using the logic of Yong-Sulem and Brummett (2006), edible yield per unit area can
be considered a fair estimator of farming system intensity. Regression of yield per unit
area (leaving out the very high values of 34.6 kg/m2 for greenhouse tomatoes and 400
kg/m3 for raceway sharptooth catfish) against the six pooled efficiency criteria showed
a strong positive correlation between intensity and efficiency. The relationship for
crops (B = 0.669, adjusted r2 = 0.42, p < 0.002) was stronger than for fish (B = 0.493,
adjusted r2 = 0.20, p < 0.038). Although difficult to quantify, aquaculture efficiency
was also closely related to the level of integration with other enterprises, reflecting
the ability of fish production systems to take advantage of nutrients recycled from
agriculture (or from humans, in the case of sewage-fed tilapia ponds) and for water
from fish facilities to be recycled to other uses.
The high degree of variability within and among farming systems renders a precise
estimate of efficiency extremely difficult to achieve and probably of limited use, in
light of the over-riding importance of economic profitability and diversity in the
selection of species and farming systems. Nevertheless, observed trends towards water
recirculation and intensified production systems in the aquaculture industry closely
parallel their relative efficiency in terms of water and nitrogen transformation.
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ABSTRACT
Several biophysical accounting techniques have been developed to assess the ecoefficiency of human activities and to inform decision-making. Most prominent are
energy analysis, ecological footprint analysis and life cycle assessment. Their application
is perhaps most pressing for food production, whose expansion and intensification has
resulted in local to global scale impacts. Comparative analyses that can establish the
biophysical performance and relative eco-efficiency of various food production systems
are particularly important in the aquaculture industry.
Of the major biophysical accounting techniques now available, energy analysis has
been applied most frequently to aquaculture systems. Where direct comparisons have
been made between competing fishing and farming systems, the energy intensity of the
farmed product can be substantially higher than that of the capture fishery. While applied
less widely to aquaculture, ecological footprint analysis and life cycle assessment confirm
the important roles that feed provision and the maintenance of water quality play in
overall environmental impact.
Issues that remain unaddressed by all these methods include the proximate biological/
ecological interactions associated with many aquaculture systems and, more generally,
the cumulative impact of these activities on biodiversity.

INTRODUCTION
The intersection of increasing human population, rising consumption levels, and limited
biophysical resources underscores the importance of improving the environmental
performance of human activities in order to ensure their long-term sustainability.
This is particularly pressing within the context of food production, where rapid
industrialization has precipitated numerous unintended consequences. Not only do
the industrial energy inputs to modern food production systems often exceed the
1
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caloric returns in food energy by orders of magnitude (Pimentel, 2004; Troell et al.,
2004; Tyedmers, Watson and Pauly, 2005), the widespread introduction of intensive
production technologies has led to the fragmentation and outright conversion of
habitats (Kerr and Desguise, 2004, Hartemink, 2005), species extirpation or extinction
(Kruess and Tscharntke, 1994, Kerr and Desguise, 2004), widespread losses of topsoil
(Heffernan and Green, 1986, Lal, 2000), depletion and contamination of fresh surface
and groundwater (Zebarth et al., 1998, Liess, Schulz and Leiss, 1999), nutrient
enrichment of soils and receiving waters (Zebarth et al., 1998), proliferation of pests
(Mack et al., 2000), and the general degradation of the productive capacity of both
terrestrial and aquatic environments (El-Hage Sciallaba and Hattam, 2000). Transport
of goods over long distances creates additional environmental burdens and allows
economically advantaged regions to run ecological deficits at the expense of less
developed regions (Hansson and Wackernagel, 1999).
The common root of these problems is a fundamental lack of regard for biophysical
constraints. Their resolution requires restructuring human activities to maximize
efficiency while respecting the limits of natural systems in supplying material and energy
and absorbing wastes. Achieving this will therefore require analyses of competing food
production systems in order to establish their comparative biophysical performance and
facilitate informed decision-making regarding environmentally preferable development
pathways. This is particularly important in the aquaculture industry, where rising
demand for seafood products and concurrent declines in capture fisheries have resulted
in rapid proliferation of industrial aquaculture production (FAO, 2004).
Aquaculture production systems are highly diverse, ranging from low-intensity
subsistence operations to highly intensive industrial production models. Currently,
more than 220 species of finfish and shellfish and dozens of aquatic plant species are
cultured in a variety of freshwater, brackish and marine environments.
Depending on the form, setting, scale and intensity of the culture system, its
biophysical impacts can vary widely. They can include localized nutrient enrichment
or depletion (Folke, Kautsky and Troell, 1992; Merceron et al., 2002; Holmer et
al., 2001), the effects of therapeutants and other chemicals on receiving waters and
associated organisms (Hastein, 1995; Black et al., 1997; Collier and Pinn, 1998; Davies
et al., 1998; Ernst et al., 2001; Haya,Burridge and Chang, 2001), the disturbance or
replacement of local ecosystems (Finlay, Watling and Mayer, 1995; Pohle, Frost and
Findlay, 2001; Janowicz and Ross, 2001; Alongi, 2002), the introduction of exotic
species (Canonico et al., 2005; De Silva, Nguyen and Abery, 2006), gene flow from
farmed to wild populations (Einum and Fleming, 1997; Youngson and Verspoor, 1998;
Fleming et al., 2000), the amplification and transmissions of disease/parasite loads
(Kautsky et al., 2000; Heusch and Mo, 2001; Bjorn, Finstad and Kristoffersen, 2001;
Bjorn and Finstad, 2002; Morton, Routledge and Williams, 2005; Krkosek et al., 2006),
high levels of energy dependence and associated greenhouse gas emissions (Tyedmers,
2000; Troell et al., 2004), and dependence on capture fisheries for feedstuff (Naylor et
al., 2000; Naylor and Burke, 2005).
Given the diverse impacts associated with aquaculture and food production systems
more generally, there is a need for systematic analyses that provide rigorous bases
upon which the biophysical performance of existing systems can be compared and
improved upon. The balance of this paper reviews three leading biophysical accounting
techniques that have been used to evaluate various forms of aquaculture and other
food production sectors (energy analysis, ecological footprint analysis and life cycle
assessment), summarizes the results of research that has employed these techniques
and, where possible, makes comparisons between aquaculture systems and other
competing animal protein production systems. Finally, we discuss some of the major
limitations of existing techniques and suggest ways in which their application to food
production systems can be improved.
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ASSESSING THE BIOPHYSICAL PERFORMANCE OF AQUACULTURE
Three related analytical techniques – energy analysis, ecological footprint analysis
and life cycle assessment – have been used to quantitatively assess the biophysical
performance of aquaculture systems and other human activities. The three techniques
use different methodology and speak to specific aspects of biophysical sustainability.
The information they provide is complementary; where possible they should be used
in concert for the broadest possible understanding of the biophysical sustainability of
alternative production systems.
Method 1: Energy analysis
Energy analysis entails quantifying the direct and indirect industrial energy inputs
required to provide a product or service (Peet, 1992; Brown and Herendeen, 1996).
Its primary rationale is “to quantify the connection between human activities and
the demand for this important (energy) resource” (Brown and Herendeen, 1996).
However, as industrial energy use - and in particular fossil energy use – is directly
related to a number of major environmental effects including global climate change,
acid precipitation, eutrophication and biodiversity loss, energy analysis also has value
as an indicator of biophysical sustainability (Kåberger, 1991; Brown and Herendeen,
1996).
Like other food production systems, aquaculture involves the redirection,
concentration and dissipation of various forms of energy from the environment (Troell
et al., 2004). Different kinds of aquaculture dissipate different forms and amounts
of energy. In some cases, such as the extensive culture of seaweeds or bivalves, all
metabolic energy is derived from the immediate environment. Currently, however,
over one third of global aquaculture output depends on auxiliary feeds from off-farm
sources (Tacon, 2005). In general, these systems require a range of direct and indirect
industrial energy inputs associated with the materials, labour, capital, and technology
necessary to provide both feed and an appropriate culture environment.
Direct energy inputs
The direct industrial energy dependence of any culture system will vary with the
means of production, the intensity of the operation, the degree of mechanization, and
the quality and quantity of feed used (Troell et al., 2004). For intensive systems, this
includes the energetic costs of harvesting, processing, and transporting feed components
from often remote ecosystems. Additional direct energy inputs are typically required
for the hatchery production or wild harvest of juveniles, and for maintaining water
quality in closed containment production systems.
Indirect energy inputs
The major indirect energy inputs to aquaculture production are the energy required
to sustain human labour and to build and maintain fixed capital assets such as
farm infrastructure, processing facilities, harvesting machinery, and transportation
equipment. Depending on the nature of the culture system, the scale and form of these
inputs will vary widely.
Extensive aquaculture production systems
Extensive aquaculture supplies a relatively low yield of edible protein per unit area
of production and typically requires relatively small direct and indirect energy
inputs. Generally, this can be attributed both to farming practices and to the feeding
requirements of the cultured organisms. Many species farmed in extensive systems
subsist on locally available primary productivity (e.g. mussels) or supplemental inputs
of low-grade agricultural by-products (e.g. carp and tilapia), and require little or no
manufactured feed. Although production may be enhanced using organic and inorganic
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fertilizers, these are typically of relatively low energetic cost. Depending on the
expense and availability of labour, extensive systems in industrialized countries often
have higher energy consumption than comparable systems in less developed regions
because fossil fuels or electricity are substituted for human power. The energetic costs
of material inputs, processing and transport will similarly vary depending on the
location and specific conditions of production (Troell et al., 2004).
Intensive aquaculture production systems
Intensive aquaculture production systems have high throughput of material and energy
resources and generate a significantly higher edible protein yield per unit area than
do extensive systems. The considerable energy requirements of intensive aquaculture
production result from a combination of factors including the level of mechanization
and environmental intervention required, the intensity of the production system, the
feeding requirements of the species being grown, and the degree of dependence on
manufactured feeds.
Intensive land-based systems generally require substantially higher energy inputs than
open water systems. This is largely due to water quality requirements. Recirculation,
for example, requires aeration and waste removal and is particularly energy-intensive.
In open water systems, these services are provided by the natural environment.
The feeding requirements of intensively cultured organisms often play a major
role in the total energy demands. For example, approximately 90percent of the total
industrial energy inputs to farmed salmon production are associated with feed (Folke,
1988; Tyedmers, 2000; Troell et al., 2004) (Figure 1, Table 1). For species that feed
in the wild at mid to higher trophic levels, formulated feeds often include relatively
high levels of animal-derived feedstuffs such as fish meal, fish oil and, less frequently,
livestock processing wastes (Tacon, 2005). It is important to note, however, that the
animal-derived fraction of a formulated diet is not inherently fixed. As long as the
basic nutritional requirements of the cultured species are met, relatively high levels
of substitution of plant- and animal-derived inputs are possible (Watanabe, 2002).
Plant-derived inputs are in general less energy intensive than many animal-derived
alternatives (Tyedmers, 2000), while transport-related energy costs can sometimes be
reduced by using locally sourced inputs (Troell et al., 2004).
Comparing energy inputs of various production systems can, however, take us only
so far. Inputs produce outputs, and if we are to attempt meaningful comparisons of
the environmental costs of aquaculture and other food-production systems, we need
to look at both sides of the energy equation. For example, proponents of aquaculture
often cite the feed-to-flesh conversion efficiency of aquaculture species relative to
those obtained in terrestrial livestock production systems (Hardy, 2001), and there is
no doubt that fish are generally very efficient converters of the food energy they ingest.
Cold-blooded aquatic organisms require much less energy to fuel metabolic processes
and consequently are able to utilize a higher proportion of ingested food energy for
biomass gain. In contrast, warm-blooded animals metabolize as much as 90 percent of
food energy to maintain body temperature alone.
However, unless such comparisons include the full range of energetic costs associated
with feed provision, this argument is somewhat misleading. Comparisons of the energy
intensity of alternative animal protein production systems indicate that, despite the
conversion efficiency achieved in many cultured aquatic species, the energy inputs
to feed provision result in a poorer edible protein energy return on industrial energy
investment relative to many terrestrial production systems. For example, the ratio of
industrial energy requirements to edible protein energy output of intensive net-cage
culture of salmon is actually greater than that associated with milk, egg and even broiler
chicken production and similar to that of feedlot beef production (Table 2), largely due
to the substantial energy inputs associated with the nutritionally dense concentrated
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TABLE 2

Ranking of foods (aquaculture products highlighted) by ratio of edible protein energy output
to industrial energy inputs (compiled from Troell et al., 2004; Tyedmers, 2004; Pimentel, 2004;
and Tyedmers, Watson and Pauly, 2005)
Food Type (technology, environment, locale)
Carp (extensive freshwater pond culture, various)

Protein Energy Output/
Industrial Energy Input
(percent)
100 - 11

Herring (purse seining, North Atlantic)

50-33

Vegetable Crops (various)

50-33

Seaweed (marine culture, West Indies)

50-25

Chicken (intensive, U.S.A.)
Salmon (purse seine, gillnet, troll, NE Pacific)
Tilapia (extensive freshwater pond culture, Indonesia)

25
15 - 7
13

Cod (trawl and longline, North Atlantic)

10 - 8

Mussel (marine longline culture, Scandinavia)

10 - 5

Turkey (intensive, U.S.A.)

10

Carp (unspecified culture system, Israel)

8.4

Wild caught seafood (all gears, marine waters, global average)

8.0

Milk (U.S.A.)

7.1

Swine (U.S.A.)

7.1

Tilapia (freshwater unspecific culture system, Israel)

6.6

Tilapia (freshwater pond culture, Zimbabwe)

6.0

Shrimp (trawl, North Atlantic and Pacific)

6.0 – 1.9

Beef (pasture-based, U.S.A.)

5.0

Catfish (intensive freshwater pond culture, U.S.A.)

3.0

Eggs (U.S.A.)

2.5

Beef (feedlot, U.S.A.)

2.5

Tilapia (intensive freshwater cage culture, Zimbabwe)

2.5

Atlantic salmon (intensive marine net-pen culture, Canada)

2.5

Shrimp (semi-intensive culture, Colombia)

2.0

Chinook salmon (intensive marine net-pen culture, Canada)

2.0

Lamb (U.S.A.)

1.8

Seabass (intensive marine cage culture, Thailand)

1.5

Shrimp (intensive culture, Thailand)

1.4

feeds used. By comparison, extensive culture of carp and tilapia requires 5-15 times
less industrial energy per unit of edible protein energy produced, while semi-intensive
tilapia culture requires less than half as much (Table 2).
Method 2: Ecological footprint analysis
The ecological concept of carrying capacity, or the maximum population that
can be sustained by a given quantity of habitat without impairing its long-term
productivity, has been used for decades to help grapple with the problem of human
over-consumption of natural resources. This concepts forms the basis of a biophysical
evaluation technique known as ecological footprint analysis (Rees and Wackernagel,
1994; Rees, 1996; Wackernagel and Rees 1996) in which the material and energy flows
required to sustain a human population or activity are re-expressed in terms of the area
of productive ecosystem required to support them (i.e. supply resources and assimilate
wastes). The method thus provides a measure of relative ecological efficiency that
cannot be gained from energy input analysis alone.
Several studies have used ecological footprint analysis to evaluate the ecosystem
capacity required to sustain different forms of aquaculture (Folke et al., 1998). Folke
(1988) evaluated the amount of primary production appropriated by the culture of
Atlantic salmon in the Baltic Sea, and found that the production of the fish component
of salmon feed required a supporting marine production area 40–50 000 times larger
than the surface area of the culture facility. Berg and colleagues (1996) compared the
ecological support requirements for semi-intensive pond farming and intensive cage
farming of tilapia and found that the intensive system appropriated a much greater
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area of ecosystem support than did the pond culture system (Figure 2). Larsson and
colleagues (1994) estimated the spatial ecosystem support required to operate semiintensive shrimp aquaculture on the Caribbean coast of Colombia. The ecological
footprint for this type of culture system was calculated to be 35-190 times larger than
the area of the farm itself.
In the only known analysis to directly compare competing wild capture fisheries
and culture systems, Tyedmers (2000) calculated the ecological footprint of salmon
fisheries and aquaculture in British Columbia as of the mid1990s, and found that
salmon farming was less eco-efficient than commercial salmon fisheries for chinook,
coho, sockeye, chum and pink salmon (Figure 3).
The results of the above analyses underscore the need to consider a broad range of
material and energetic processes when evaluating the relative sustainability of production
systems. The analyses also show that, while the physical area of an aquaculture facility
may be quite small, the ecosystem support area required to sustain feed and other
inputs and assimilate resulting wastes can be dramatically larger. This is particularly
true in intensive production, where the material and energy throughputs are largely
independent of the farm’s location and dimensions. In contrast, less intensive systems
may require little, if any, inputs beyond that which can be supplied by the ecosystem
goods and services within the farm’s boundaries.
Method 3: Life cycle assessment
Life cycle assessment (LCA) evaluates the potential environmental impacts of human
activities from a systems perspective and can thus be used to quantify the range
of environmental impacts associated with each stage in the provision and use of a
product or service (Consoli et al., 1993), and to pinpoint opportunities for improving
environmental performance.
Modeled initially on energy analysis, formal development of LCA methodology
began in the late 1980s and has been refined and improved by the International
Organization for Standardization (ISO), the U.S. Environmental Protection Agency
and the Society for Environmental Toxicology and Chemistry (SETAC), as well as by
other national and international organizations. Now widely accepted by the scientific
community, industry and policy makers, LCA methodology is formally standardized
under ISO 14 040-14 043 (ISO 1997).
LCA provides high resolution with respect to the relative magnitude of environmental
impacts of specific aspects of different production scenarios. In contrast to other
techniques such as ecological footprint analysis, which allows an estimation of the
ecosystem support required to sustain various forms of aquaculture production, the
LCA framework is used to evaluate the environmental “costs” of individual energetic
and material inputs and outputs associated with each stage of a production system.
These costs are expressed in terms of their relative potential contributions to a range of
global environmental problems (e.g. global warming, eutrophication, biotic and abiotic
resource use, ozone depletion, ecotoxicity, and acidification) (Table 3). Such analyses
help identify environmental “hot spots” in production systems, providing a clear basis
upon which environmental performance improvements can be made.
While originally developed for evaluating manufactured products, LCA is increasingly
applied to food production systems (Mattsson and Sonesson, 2003), where it has been
used not only to compare environmental performance but also to identify activities or
subsystems that contribute disproportionately to the environmental impacts of specific
food production technologies (Andersson, Ohlsson and Olsson, 1998; Andersson
and Ohlsson, 1999; Haas, Wetterich and Köpke, 2001; Hospido, Moreira and Feijoo,
2003). A considerable body of published research has reported the life cycle impacts
of various agricultural systems. More recently, LCA has also been used to evaluate
seafood production, including several forms of aquaculture (Christensen and Ritter,
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TABLE 3

Impact categories commonly employed in LCA research
Impact Category

Description of Impacts

Global Warming

Contributes to atmospheric absorption of infrared radiation

Acidification

Contributes to acid deposition

Eutrophication

Provision of nutrients contributes to Biological Oxygen Demand

Photochemical Oxidant Formation

Contributes to photochemical smog

Aquatic/Terrestrial Ecotoxicity

Creates conditions toxic to aquatic or terrestrial flora and fauna

Human Toxicity

Creates conditions toxic to humans

Energy Use

Depletes non-renewable energy resources

Abiotic Resource Use

Depletes non-renewable resources

Biotic Resource Use

Depletes potential primary production

Ozone Depletion

Contributes to depletion of stratospheric ozone

2000; Seppälä et al., 2001; Ziegler et al., 2003; Eyjólfsdóttir et al., 2003; Thrane,
2004; Hospido and Tyedmers, 2005; Mungkung, 2005; Thrane, 2006; Ellingsen and
Aanondsen, 2006; Aubin et al., 2006). The increasing number of life cycle assessments
of industrial aquaculture indicates a growing interest in its use to better understand the
environmental performance of alternative aquaculture production systems.
Published LCA results for aquaculture production systems include French farmed
turbot in land-based facilities (Aubin, 2006), Norwegian salmon (Ellingsen and
Aanondsen, 2006), Thai shrimp products (Mungkung, 2005), French farmed trout
and salmonid feeds (Papatryphon et al., 2003, 2004), and Finnish trout production
(Seppälä et al., 2001). While these studies have dealt with relatively diverse production
scenarios (land-based, marine and fresh water) and culture organisms, a comparison
of life-cycle impacts indicates some striking similarities. For example, in almost
every system studied, the environmental cost of feed dominates most, if not all,
impact categories. Papatryphon and colleagues (2003) found that feed production for
intensive, freshwater-based rainbow trout culture in France accounted for 52 percent
of the total energy use, 82 percent of the contributions to acidification, 83 percent to
climate change, and 100 percent of biotic resource use. Similarly, Seppälä et al. (2001)
reported that the production of raw feed materials together with the manufacturing of
feed were responsible for most of the atmospheric emissions associated with rainbow
trout aquaculture in Finland. More striking still, Ellingsen and Aanondsen, (2006)
found that feed accounted for the majority of environmental burdens in all impact
categories in their analysis of Atlantic salmon culture, while an LCA of Danish trout
production showed that feed production and use accounted for the majority of impacts
in six of the ten impact categories analyzed (LCA of Food, 2006).
Eutrophication from nitrogen and phosphorous emissions has also been found
to be significant across production systems. Seppälä and colleagues (2001) reported
that nutrient emissions to water on the farm were much more significant in terms of
environmental impact than atmospheric emissions. These results are not surprising
when one considers the fossil fuel and material consumption associated with reduction
fisheries and plants, agricultural production systems, fish feed plants, and the
associated transportation infrastructure. Efforts to mitigate the environmental impacts
of intensive aquaculture must therefore pay considerable attention to improving the
eco-efficiency of feed production and use.
As was the case with respect to energy inputs, the environmental costs of feed
production will be relatively high, regardless of the ingredients chosen, if the feeds
contain substantial fractions of animal by products (which is often the case in the
culture of higher trophic level species). Decisions regarding the use of these limited
resources should therefore be aimed at maximizing end-use efficiency – for example,
by developing suitable plant-derived substitutes and choosing culture organisms that
require less nutrients of animal origin.

Biophysical accounting in aquaculture

In open-water production systems such as net-cage salmon aquaculture, the
majority of life cycle costs are directly attributable to feed provision. However, LCA
research of land-based aquaculture facilities indicates that the energy inputs required
to maintain water quality and oxygen levels can also contribute substantially to the
overall environmental costs. For example, Papatryphon and colleagues (2003) found
that production intensity during the dry summer months, when more fuel and
electricity were required for aeration and circulation, was an important indicator of
overall environmental performance. Similarly, in an LCA of Thai shrimp aquaculture,
Mungkung (2005) found that energy inputs for aeration contributed heavily to the
environmental costs of production. An LCA study of French turbot production
in a land-based recirculating system showed that energy use, global warming, and
acidification impacts were particular environmental “hot spots”, and were largely a
function of both the quantity and origin of the energy used (Aubin, 2006). Danish
LCA research of trout production similarly reported high global warming and toxicity
impacts associated with on-farm energy inputs for aeration and recirculation because
the electrical energy used was generated from natural gas (LCA of Food, 2006).
These results consistently indicate the appreciable energy demands of closedcontainment aquaculture. While opponents of open-water aquaculture have often
championed land-based technologies as a panacea, such a perspective fails to account
for the broader range of environmental impacts related to energy consumption in these
systems, and the implications for overall environmental performance.
The degree of representation of actual environmental costs that can be achieved by
life cycle assessment will be determined by the range of impact categories considered. At
present, the categories used in most LCA research tend to focus attention on broad-scale
environmental issues that are often overlooked in public discourse regarding specific
production technologies (Table 3). However, there are numerous other environmental
burdens associated with aquaculture production systems, such as the transmission of
diseases and parasites between farmed and wild organisms, impacts to the benthos
from wastes emitted from open-water culture facilities, and the potential alteration of
trophic dynamics resulting from large-scale reduction fisheries, and these are currently
not quantifiable within the LCA framework. For this reason, the results derived from
life cycle assessment do not alone provide sufficient grounds for decision making. LCA
should therefore be treated as just one tool among many in decision-making processes.
CONCLUSIONS
Aquaculture represents an important and growing global source of animal protein.
However, as recognized by FAO in the convening of this workshop, efforts must
be made to maximize the eco-efficiency of the sector as a whole and of its various
components, beginning with the identification of research tools that can be used to
make meaningful comparisons with other food producing sectors.
Experience in the use of the three methods described in this paper allows us to make
two preliminary generalizations:
• Although extensive culture systems typically deliver lower yields per unit
area of farm site, they are generally much less material and energy intensive,
and consequently result in smaller environmental burdens per unit of protein
produced than do intensive systems.
• While all forms of industrialized food production are highly dependent on
substantial energy inputs, extensive aquaculture systems are amongst the most
energy efficient producers of animal protein currently in operation. In contrast,
published data suggests that many forms of intensive aquaculture are amongst the
least energy efficient protein producing systems (Table 2).
Such conclusions are just a start, but they do afford some much-needed direction for
future research into the environmental cost of aquaculture. Perhaps more importantly
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for the purposes of the present workshop, they have been arrived at through the
use of all three of the cost-accounting methods described in this paper, a process
that has not only helped bring to light areas for methodological improvement but
has, most importantly, demonstrated that the creation of national policies regarding
food production need not be done in the dark: they can be developed on the basis of
rigorous, quantitative study.
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